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ABSTRACT 
 

Reintroductions have become an important wildlife management tool in many parts of the 
world in recent decades. However, the UK has not yet reintroduced any nationally extinct 
mammal species. One of these missing species, the Eurasian lynx, has recently been 
reintroduced to several European countries. This study investigates the feasibility of 
reintroducing the Eurasian lynx to Scotland by examining the history of the species in 
Britain, and by determining if there is sufficient habitat and prey for a viable population. 
 
Skeletal remains of lynx have been recovered from cave sites across Scotland, England 
and Wales. Recently acquired radiocarbon dates, as well as etymological, linguistic and 
cultural evidence, show that lynx continued to inhabit areas of northern Britain until at 
least the early mediaeval period. This contradicts theories that lynx died out in Britain 
because of climatic processes. Anthropogenic factors, such as severe deforestation, 
declining populations of deer, and persecution driven by protection of livestock, are 
instead likely to have brought about the species’ extirpation in Britain. As lynx did not 
become extinct in Britain due to natural processes, they qualify ethically as a candidate 
for reintroduction. 
 
Modern Scotland witnessed large-scale reafforestation during the 20th century, and many 
regions are now relatively well wooded. Deer populations have also grown considerably 
and deer now inhabit all parts of the Scottish mainland. Most sheep are no longer grazed 
in woodland, thus considerably reducing scope for lynx depredation on livestock. 
Furthermore, human attitudes towards the environment, wildlife and predators, are 
generally much more positive now than in previous centuries. The reversal of extinction 
processes suggests that conditions for lynx in Scotland could be suitable once more.  
 
A rule-based GIS analysis identified two large networks of habitat patches: one in the 
Highlands, and one in the Southern Uplands. Currently, the level of connectivity between 
the two networks is weak. By examining the relationship between lynx and wild ungulate 
densities in parts of Europe, it was predicted from the average deer biomass in the two 
networks, that the Highlands habitat network could support around 400 lynx, and the 
Southern Uplands, around 50 lynx. 
 
A Population Viability Analysis using the Leslie matrix-based software package 
RAMAS/age suggested that a lynx population living at a carrying capacity of 400 would 
be viable in the long term. However, a lynx population at a carrying capacity of 50 would 
be too small to be viable in isolation. Movement corridors between the Highlands and the 
Southern Uplands, which run through benign habitats and avoid significant barriers, are 
therefore essential for the long-term viability of a Southern Uplands lynx population. In 
order to have a high probability of surviving for 10 years after release, the minimum size 
of a founder population composed of 1 to 3-year old lynx should be 12 to 32 individuals, 
with an equal sex ratio. The most suitable lynx for a Scottish reintroduction would come 
from the wild of Latvia, Estonia and SW Finland.  
 
Despite their long absence, the reintroduction of lynx to Scotland is biologically feasible. 



iii  

ACKNOWLEDGEMENTS 
 
Many people from a range of disciplines and countries have helped me in different ways 
during my research. Firstly, however, I must thank the following organisations and 
individuals without whose generous financial assistance, the research would not have 
been possible: The Highland Foundation for Wildlife, The Robert Nicol Trust, Lynx 
Information Systems Ltd, Wildshots, The Cross Trust, Nick Blake, Audrey Hughes and 
Angus Pelham Burn. 
 
I am very grateful for the academic supervision of Dr Martyn Gorman of the University 
of Aberdeen, and the invaluable advice of both Roy Dennis of the Highland Foundation 
for Wildlife, and Professor David Miller of the Macaulay Land Use Research Institute. 
The constructive comments and suggestions of Drs Urs & Christine Breitenmoser, and Dr 
Fridolin Zimmermann of KORA, made researching lynx in a lynx-less country that little 
less bewildering. 
 
Many PhD students and staff at the Zoology Department of the University of Aberdeen 
have provided me with much-valued support and advice during my years in the 
Department. I would like to acknowledge the assistance of Steve Adams, Chantelle 
Anandan, Steve Bird, Gill Campbell, Yolanda Corripio, Marie Fish, Richard Genna, Jen 
Gow, Kevin Mackenzie, Ian Mackie, Colin MacLeod, Barry Nicholls, Matt Oliver, Nia 
Phillips, Juliette Pont, Eduardo Tedesco, Mandy Tulloch, and Ellie Watts. 
 
Whether it was to answer my incessant questions, dig out some information, show me 
around their country, or put me in touch with the right people, the efforts of the following 
people are greatly appreciated: Ole Anders, Zanete Andersone-Lilley, Christof Angst, 
Helen Armstrong, Jonathan Ball, Niall Benvie, John Blore, Pete Cairns, Douglas 
Campbell, Paul Cavill, Connie Christie, Janez Čop, Ian Fergusson, Iain Fraser, Duncan 
Halley, Ray Hetherington, Roger Jacobi, Saskia Jancke, Andrew Kitchener, Friedhart 
Knolle, Tatjana Kontio, Tor Kvam, Jens Laass, Xavier Lambin, Colin Lavin, Tom Lord, 
Alastair MacGugan, Alan Mackintosh, Keith Marshall, Sandy Mather, Fiona McPhie, 
Kellie Meyer, Iain Morrison, Colm O’Boyle, Terry O’Connor, Aivars Ornicans, Klara 
Petrzelkova, Kirstie Philpot, Stuart Piertney, Adrian Price, Stephanie Prior, Ewan Purser, 
Andreas Ryser, Sabin Schlatter, Krzysztof Schmidt, Colin Shedden, Jim Smart, Christina 
Smith, Philippe Stahl, Brian Staines, Geir Steinheim, Peter Sunde, Manuela von Arx, 
Kuno von Wattenwyl, Alastair Ward, Charles Warren, Tony Waterhouse, Jonathan Watt, 
Lars Werdelin, Emily Wilson, Mark Woess, and Derek Yalden. 
 
Lastly, I owe a great deal to my family. My parents have given me so much during the 
years of my research (much of it edible). My Mum, May Hetherington, has been 
inspirational as she fought her own battle against the odds and won. My Dad, Andy 
Hetherington, provided me with a roof over my head, and washed more than his fair 
share of the dishes. My grandmother, May Mann, whose unwavering support both for 
me, and for lynx, has been a great source of reassurance. My grandfather, Andrew 
Hetherington, has always been interested to learn more about lynx. 



iv  

 
DEDICATION 

 
This thesis is dedicated to my grandfather Noel Mann, a clever man who contributed so 

much to my education. 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



v  

 

CONTENTS 
 
 
 

Author’s Declaration          xxXxi 

Abstract          xxxxii 

Acknowledgements          xxXiii 

Dedication           Xxxiv 

 

CHAPTER 1: An Introduction to Eurasian lynx and their reintroduction    xX  1 
in Europe 

 
CHAPTER 2: Are Eurasian lynx native to Britain and if so, how did they   xX22 

become extinct? 
 

CHAPTER 3: Do the processes that led to lynx extinction still operate in    xX40 
modern Scotland? 

 
CHAPTER 4: How much potential habitat is there for Eurasian lynx in   xX57 

Scotland? 
 

CHAPTER 5: How many lynx could Scotland’s deer populations support? X101 
 
CHAPTER 6: Population viability analysis: how many lynx are enough?   X121 

 
CHAPTER 7: A perspective on results and future directions    X155 
 

 

References           X173 

Appendix          X207 

 



 

1  

 

 

CHAPTER 1 

 

 

 

 

 

AN INTRODUCTION TO EURASIAN LYNX  

AND THEIR REINTRODUCTION IN EUROPE 
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1.1 Species restoration in the UK 
 

In the UK, several species, which were regionally or nationally extirpated, are now 

recovering their former range as a result of reintroductions and natural recolonisation. A 

few successful reintroductions of birds and mammals have so far been carried out in 

Scotland. The capercaillie Tetrao urogallus was reintroduced in the 1830s and 40s by 

private landowners after it had become extinct during the eighteenth century (Ritchie, 

1920). Goshawks Accipiter gentilis were unofficially reintroduced to Scotland from the 

1960s, while white-tailed eagles Haliaeetus albicilla were reintroduced through a project 

begun by the Nature Conservancy in 1975 (R. Dennis, pers. comm.). A joint project 

begun by the Royal Society for the Protection of Birds and the Nature Conservancy 

Council in 1989, saw a series of releases return the red kite Milvus milvus to Scotland (R. 

Dennis, pers. comm.). In the past few centuries, several mammal species have been 

reintroduced in Scotland, although most of these were unofficial releases. Red deer 

Cervus elaphus and roe deer Capreolus capreolus were translocated from the Highlands 

to several parts of southern Scotland during the 18th and 19th centuries, mainly for 

hunting (Ritchie, 1920). Red squirrels Sciurius vulgaris almost became extinct in 

Scotland but were reintroduced from England and Scandinavia during the late 18th and 

19th centuries (Ritchie, 1920). In recent years, an official reintroduction of pine martens 

Martes martes to the Southern Uplands was carried out by the Forestry Commission, 

while clandestine releases of polecats Mustela putorius are thought to have occurred in 

Argyll and Perthshire (Craik & Brown, 1997; Birks, 1999; Birks, 2002).  

 

The extirpated large mammal species of Britain, such as the Eurasian beaver Castor fiber, 

wild boar Sus scrofa, wolf Canis lupus, brown bear Ursus arctos, elk Alces alces and 

Eurasian lynx Lynx lynx, cannot naturally recolonise because of Britain’s island status. As 

yet, however, there have been no official reintroduction programmes for any of these 

large mammal species. However, the concept of reintroducing larger mammals to the 

UK, particularly Scotland, has received a considerable amount of coverage in both the 

popular and scientific media in recent years. Yalden (1986) discussed the opportunities 

for mammal reintroduction in Britain, and suggested the Hebridean island of Rum as a 
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location for an experimental release of wolves and other large mammal species. Dennis 

(1995; 1998; 2003) contended that the reintroduction to Scotland of its extinct mammals, 

including the lynx, is essential for forest ecosystem restoration. Wild boar have already 

been restored to parts of southern England as a result of escapes from wild boar farms 

(Goulding et al., 2003), while the feasibility of reintroducing wild boar, and Eurasian 

beaver to Britain has been discussed in the scientific literature in recent years (Macdonald 

et al., 1995; Howells & Edwards-Jones, 1997; Leaper et al., 1999). An SNH project to 

conduct a trial reintroduction of Eurasian beavers in Argyll awaits the final go-ahead 

from the Scottish Executive, at the time of writing (M. Gaywood, pers. comm.).  

 

Elsewhere in Europe, large carnivores are making a comeback in areas they were driven 

from through habitat destruction, declining prey populations and intense persecution. The 

latter decades of the 20th century saw a reversal of these processes over much of the 

continent, and human attitudes towards large carnivores became more positive. In recent 

years, wolf packs have re-established themselves in the French Alps and eastern 

Germany, having migrated from Italy and Poland respectively (Poulle, Carles & 

Lequette, 1997; Linnell, 2004), while lone wolves migrating from Italy have increasingly 

been recorded in Switzerland (Landry, 1997). Bears have been reintroduced in Austria, 

while small populations in the French Pyrenees and Italian Alps have been restocked with 

individuals from Slovenia (Breitenmoser et al., 2001). Perhaps it is the lynx, however, 

that is making the biggest comeback. Natural recolonisation in Scandinavia and eastern 

Europe has been accompanied by reintroduction projects across Europe, which have seen 

lynx released in areas where deforestation has ceased and been reversed and where deer 

populations have recovered from overhunting. Reintroduced lynx populations now exist 

in areas of France, Switzerland, Germany, Italy, the Czech Republic, Slovenia, Croatia, 

Austria and Poland, and lynx are once more a feature of many modern European forests 

(von Arx et al., 2004). 

 

The Eurasian lynx has recently begun to be specifically discussed as a possible candidate 

for reintroduction in Britain (Kitchener, 1997, 1998; Yalden, 1999; Macdonald & 

Tattersall, 2001; S. Harris in Vines, 2001; Wilson, 2004), with advocates suggesting that 
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lynx reintroduction may restore a natural balance to woodland deer populations. 

Furthermore, international treaties such as the Bern Convention (1979) and the Rio 

Convention (1992) encourage signatory states, such as the UK, to reintroduce native 

species, while the European Union’s Habitats and Species Directive 92/43, obliges the 

UK to:  

 

“…study the desirability, of re-introducing species in Annex IV that are native to their 
territory where this might contribute to their conservation, provided that an 
investigation, also taking into account experience in other Member States or elsewhere, 
has established that such re-introduction contributes effectively to re-establishing these 
species at a favourable conservation status and that it takes place only after proper 
consultation of the public concerned” 
 

Annex IV lists animal and plant species of community interest in need of strict protection 

and includes the Eurasian lynx, as well as other former British mammal species such as 

the Eurasian beaver, the wolf, and the brown bear (EEC, 1992; Table 1.1).  

 
Species Extant in 

Europe? 
Annex IV 
species? 

Extant in 
wild in UK? 

Official plans to 
reintroduce to UK? 

Eurasian beaver  yes yes no yes 
Wild boar  yes no yes no 
Eurasian lynx  yes yes no no 
Wolf  yes yes no no 
Brown bear  yes yes no no 
Elk  yes no no no 
Reindeer  yes no no no 
Auroch Bos primigenius no (extinct) n/a n/a n/a 

 
Table 1.1. Mammals known to have become extirpated in Britain during post-glacial 
times and possibilities for their reintroduction. Annex IV is a component of the EU 
Habitats Directive (1992). 
 

Before outlining the aims and objectives of the research, this chapter will first review the 

biology of the Eurasian lynx, and the history and development of the practice of lynx 

reintroduction in Europe. 
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1.2 The Eurasian lynx 
 

1.2.1 Introduction 

 

Lynx are medium-sized felids of the Northern Hemisphere, and the Eurasian lynx is the 

largest of the four extant lynx species. The Canada lynx Lynx canadensis and the bobcat 

Lynx rufus of North America, and the Iberian lynx Lynx pardinus of Spain and Portugal, 

feed mainly on small mammals, while the Eurasian lynx hunts small to medium-sized 

ungulates (Breitenmoser & Haller, 1993, Okarma et al., 1997, Sunde et al., 2000a). Male 

Eurasian lynx are larger than females, with males in Switzerland averaging around 23kg, 

whilst females weigh around 18kg (Breitenmoser-Würsten et al., 2001).  

 

1.2.2 Distribution 

 

The Eurasian lynx has a very broad geographical range extending from western Europe to 

the Pacific coast of Siberia (Fig. 1.1). The palaeontological and historical evidence 

suggests that the natural, post-glacial distribution included virtually all of Europe with the 

exception of the Iberian peninsula (Kratochvil, 1968; von Arx et al., 2004). This 

distribution, however, has been greatly reduced by over-hunting, persecution and habitat 

destruction, resulting in the Eurasian lynx becoming locally extinct over large areas 

(Breitenmoser et al., 2000). By the middle of the twentieth century, their European 

distribution included only areas of eastern Europe and Scandinavia, and possibly the 

Pyrenees (Breitenmoser, 1998). However, recolonisation from relict populations 

following reduced persecution and legal protection, combined with a series of 

reintroductions since the 1970s, has seen the Eurasian lynx recover some of its former 

range (Breitenmoser et al., 2000). As a result of reintroductions, populations now exist in 

several upland areas of western and central Europe (Fig. 1.2).  
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Fig.1.1 World distribution of the Eurasian lynx lynx lynx. Range of species shown in 
red. Source: von Arx et al., (2004). 
 
 

 

Fig 1.2. European distribution of Eurasian lynx. Range of species in blue. Red line 
separates areas of reintroduced populations and autochthonous populations. Source: von 
Arx et al., (2004). 

Reintroduced 
populations 

Autochthonous 
populations 
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1.2.3 Habitat 

 

Lynx are ambush hunters and are dependent upon cover when hunting, and so in Europe 

are essentially forest animals, occurring in deciduous, mixed and coniferous woodland 

(Breitenmoser et al., 2000). The dependence of lynx on forest varies according to the 

environment, with lynx territories varying from being completely forested in the Polish 

lowlands, to being less than 40% forested in the Swiss Alps (Schmidt, 1998; 

Breitenmoser-Würsten et al., 2001). In Central Asia, lynx can inhabit much more thinly 

wooded regions and in Mongolia, the Altai and the northern Himalayas, rocky outcrops 

with scattered shrubs are sufficient habitat (von Arx et al., 2004).  

 

1.2.4 Diet 

 

Usually it is the smallest species within the ungulate community that is hunted most 

often, and the European and Siberian roe deer species, Capreolus capreolus and 

Capreolus pygargus, typically form the most important prey species for the lynx across 

its range (Jedrzejewski et al., 1993). Where they occur, roe deer are highly selected, often 

out of proportion to their relative abundance within the local ungulate community 

(Jedrzejewski et al., 1993). In the Alpine forests of Europe, the chamois Rupicapra 

rupicapra, is also a significant prey species (Breitenmoser & Haller, 1987; Weber & 

Weissbrodt, 1999; Jobin, Molinari & Breitenmoser, 2000). In an area of Mordovia, 

Russia, where roe deer were absent, the introduced sika deer Cervus nippon was the sole 

ungulate prey species (Filinov, 1989, cited in Jedrzejewski et al., 1993), while in Finland, 

where roe deer are scarce, introduced white-tailed deer Odocoileus virginianus fell prey 

to lynx (Pulliainen, Lindgren & Tunkkari, 1995). Larger ungulates generally play a 

secondary role in lynx diet. In northern Sweden, however, where roe deer are absent, 

semi-domesticated reindeer Rangifer tarandus are an important prey species (Pedersen et 

al., 1999), while juvenile and adult female red deer Cervus elaphus figure prominently in 

lynx diet in Poland (Jedrzejewski et al., 1993; Okarma et al., 1997).  
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Hares Lepus sp. form the most significant prey species in areas where ungulates are 

scarce or absent (Birkeland & Myrberget, 1980; Pulliainen et al., 1995; Sunde & Kvam, 

1997), while elsewhere in Europe where ungulates occur, hares can perform an important 

yet subordinate role in lynx diet (Breitenmoser and Haller, 1993; Jedrzejewski et al., 

1993; Sunde & Kvam, 1997; Pedersen et al., 1999; Weber & Weissbrodt, 1999; Jobin et 

al., 2000). Smaller carnivores, especially foxes Vulpes vulpes, are commonly killed by 

lynx across Europe (Sunde, Overskaug & Kvam, 1999; Jobin et al., 2000). A range of 

smaller prey, mainly rodents and birds, is taken opportunistically and in small quantities 

(Breitenmoser & Haller, 1993; Jedrzejewski et al., 1993; Okarma et al., 1997; Sunde & 

Kvam 1997; Weber & Weissbrodt, 1999).  

  

1.2.5 Social organisation, population density and home range size 

 

Except for females with dependent kittens, lynx are solitary animals (Breitenmoser et al., 

2000). Both males and females are territorial, but a typical male territory encompasses 

the home ranges of up to three females (Breitenmoser et al., 2000). Densities of lynx are 

dependent on habitat type, prey composition and prey density, and vary across Europe. A 

boreal-alpine environment in Central Norway, where winter ungulate densities were less 

than 1.8 km⎯2, supported 0.3 lynx 100 km⎯2 (Knutsen & Kjørstad, 1996, cited in Sunde et 

al., 2000a), while Białowieża Forest, Poland with ungulate densities of 11.1 km⎯2, 

supported 2.9 lynx 100 km⎯2 (Jedrzejewski et al., 1993; Okarma et al., 1997). Home 

range size varies (Table 1.2) with prey density and composition, with territories of males 

ranging from 71 km2 to 2780 km2 and those of females from 45 km2 to 832 km2, with the 

largest home ranges being found in Scandinavia (Breitenmoser et al., 2000; 

Breitenmoser-Würsten et al., 2001; Linnell et al., 2001a).  
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Location 

 

 
Habitat 

Mean male  
territory size  

(km2) 

 
n 

Mean female 
territory size 

(km2) 

 
n 

 
Ref. 

Białowieża, 
Poland 

Deciduous, mixed & 
coniferous forest 

165 (winter) 
143 (summer) 11 94 (winter) 

55 (summer) 7 a 

Swiss Alps Forest, pasture 362 2 115 2 b 
Swiss Alps Forest, pasture 159 11 106 12 c 

Swiss Jura Deciduous & coniferous 
forest, pasture 264 3 168 5 d 

Norway Mixed & coniferous forest, 
alpine heath 1906 4 561 6 e 

 
Table 1.2.  Mean territory size for male and female Eurasian lynx from selected 
areas in Europe. References: a - Schmidt et al. (1997); b - Haller & Breitenmoser 
(1986); c - Breitenmoser-Würsten et al. (2001); d - Breitenmoser et al. (1993); e - Sunde 
et al. (2000b). 
 
 

1.2.6 European populations  

 

Von Arx et al. (2004) recognised 9 populations of Eurasian lynx within Europe: the 

Nordic, Baltic, Carpathian, Bohemian-Bavarian, Balkan, Dinaric, Alpine, Jura, and 

Vosges populations (Table 1.3), and a series of much smaller occurrences which stem 

either from reintroductions or from spontaneous recolonisation. 

 

  
Estimated no. 

of lynx 
 

Population 
 

Countries 
 1995 2001 

Nordic Norway, Sweden, Finland 2500 2800 
Baltic Estonia, Latvia, Lithuania, Belarus, Poland, Ukraine, 

Kaliningrad Oblast 
2000 2000 

Carpathian Czech republic, Slovakia, Poland, Hungary, Ukraine, 
Romania, Hungary, Bulgaria, Serbia & Montenegro 

2400 2800 

Bohemian-Bavarian Czech Republic, Germany, Austria 100 75 
Balkan Serbia & Montenegro, Albania, FYR Macedonia, 

Greece, Bulgaria 
50 80-

105 
Dinaric Slovenia, Croatia, Bosnia-Herzegovina 200 130 

Alps France, Switzerland, Italy, Austria, Slovenia 120 120 
Jura France, Switzerland 100 80 

Vosges France, Germany 30 20 
 
Table 1.3. Summary of lynx populations in Europe as distinguished by von Arx et al. 
(2004).  
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1.2.7 Threats 

 
In modern-day Europe, deforestation and dwindling wild ungulate populations are no 

longer significant issues, except perhaps for the lynx of the Balkans (von Arx et al., 

2004). Re-afforestation is the trend in many areas of Europe and wild ungulate 

populations have recovered, in particular the roe deer, which has increased its range and 

density across Europe (Breitenmoser, 1998; Breitenmoser et al., 2000). The threats to 

lynx populations now come largely through hunting and poaching. A large lynx 

population can withstand a sustainable cull, but over-hunting or poaching can put at risk a 

local population, especially if it is small or scattered (Breitenmoser et al., 2000). Norway, 

Sweden, Estonia, Latvia, Romania and Slovenia all allow regulated hunting (von Arx et 

al., 2004), although there has been debate, particularly in Norway, about the 

sustainability of this, with some zoologists concerned that quotas are being set too high 

and that the lynx population might not be able to withstand the impact of hunting (IUCN 

Cat Specialist Group, 1998). In February and March of 1998, Norwegian hunters killed 

117 lynx out of a total population of about 500-600, while wildlife managers in Nord-

Trøndelag County set a quota of 15 lynx based on biological research but they were over-

ruled by the authorities who set a quota of 32 (IUCN Cat Specialist Group, 1998). In 

Scandinavia, the hunt is seen as a remedy for the problem of livestock depredation 

(Sunde et al., 1998). Elsewhere in Europe, where lynx populations originate from 

reintroductions and are not yet viable, hunting is not permitted (Breitenmoser et al., 

2000). However, losses of livestock and quarry animals are used as justification for 

poaching (Breitenmoser et al., 2000). 

 

1.3 Eurasian lynx reintroduction in Europe 
 

1.3.1 Introduction 

 

The first recorded instance of a lynx reintroduction project in Europe was that which 

occurred in the Rominter Heide, East Prussia (now Russian territory) in 1941 

(Breitenmoser et al., 2001). This project failed probably because of the subsequent chaos 
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of WWII and because of the small number of lynx used (Table 1.4). However, the 

reintroduction of lynx began to be discussed more widely again in the 1960s, and in the 

early 1970s a series of reintroductions across western and central Europe was carried out 

(Table 1.4). Precise information on numbers and sources of animals used in founder 

populations is hard to come by, as very often releases were illegal and clandestinely 

carried out. It is possible that in many places such as Switzerland, Italy and Austria, more 

lynx were released than are documented. Small isolated lynx populations may exist in the 

Black Forest of Germany and in the Abruzzo region of Italy, but these animals are 

thought to have been released illegally and nothing is known of their origins and current 

population size.  

 

Location Country Years Numbers  Origin Outcome 
Rominter Heide Russia 1941 5 (2/2/?) mix failure 
Bavarian Forest Germany 1970-75 5-7 mix failure 
Jura Mountains Switzerland 1971-80 10 (5/5) wild success 
N.W. Alps Switzerland 1971-82 14-18 (8/6/4) wild success 
Gran Paradiso  Italy 1975 2 (2/0) wild failure 
Kocevje Slovenia 1973 6 (3/3) wild success 
Styria Austria 1977-79 9 (6/3) wild failure 
Black Forest Germany Early 1980s unknown unknown uncertain 
Sumava Czech Rep. 1982-89 18 (11/7) wild success 
Vosges Mountains France 1983-92 21 (12/9) mix uncertain 
Jorat, Plateau Switzerland 1989 3 unknown uncertain 
Abruzzo Italy unknown unknown unknown failure 
Kampinoski  Poland 1993-2000 31 (14/17) captive uncertain 
Harz Mountains Germany 2000- 20 (9/11) to date captive ongoing 
N.E. Alps Switzerland 2001- 9 (4/5) to date wild ongoing 

 
Table 1.4. Summary of lynx reintroductions in Europe. Figures in brackets under 
‘Numbers’ column relate to numbers of males, females and juveniles respectively. From 
Cerveny & Bufka (1996); Vandel (1996); Böer et al. (2000); Breitenmoser et al. (2001); 
Ryser et al. (2003); O. Anders pers. comm.  
 
 
1.3.2 Bavaria 

 
In the years 1970-75, wild lynx from the Slovakian Carpathians, as well as captive lynx, 

were reintroduced to the Bavarian Forest, Germany (Wotschikowsky, 1979; 

Breitenmoser et al., 2001). However, there was no public consultation and no discussion 

with rural interest groups. Consequently, farmers and hunters united against the lynx 

population, and after a peak in the mid-70s, the population had disappeared by the early 
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1980s due to poaching, road kills and emigration to the Czech Republic (Woelfl, 1996; 

Cerveny, Koubek & Andera, 1996). The Nature Conservation Association and the 

Minister for Nature Conservation announced plans in January 1991 to release 6 lynx in 

the Berchtesgaden National Park, in the Bavarian Alps, in 1993 (IUCN Cat Specialist 

Group, 1991). There was, however, a strong and immediate reaction from farmers and 

hunters, and the plan was shelved. 

 

1.3.3 Swiss Jura & Swiss Alps 

 
From 1971, two lynx populations were created in Switzerland from reintroductions which 

used wild-caught lynx from the Slovakian Carpathians. Although primarily official 

governmental releases, numbers may have been bolstered by clandestine releases of lynx 

of unknown origin by enthusiasts (Breitenmoser, Breitenmoser-Würsten & Capt, 1998). 

Despite governmental involvement, the public was not well informed of the releases. 

Rural interest groups such as farmers and hunters felt a great deal of bitterness towards 

what they saw as urban-based bureaucracy and interference from conservationists, with 

whom there already existed a traditional antagonism (U. Breitenmoser, pers. comm.). As 

a consequence, there has been a continuing problem with poaching of lynx by hunters 

(Breitenmoser et al, 1998). Despite this, both releases are today viewed as having been 

successful (Breitenmoser et al., 2001). The Jura population soon built up and expanded 

across the border into France. Lynx occupy approximately 92% of the Jura by area and 

the French and Swiss Jura population stands at around 80 animals (Zimmermann & 

Breitenmoser, in press; von Arx et al., 2004). The Swiss Alpine population has grown 

considerably in number, although its geographical spread has been somewhat constrained 

by the montane topography. Lynx densities in the Swiss Alps are among the highest in 

Europe, and the population stands at around 70 (von Arx et al., 2004). Breitenmoser et al. 

(2001) felt that the Swiss reintroductions had been very poorly carried out. They cited the 

lack of pre-and post-release research and monitoring, the total absence of public 

consultation, the relatively few number of animals released, and the decision to 

reintroduce into two different areas at the same time, as major flaws which could have 

seriously jeopardised the success of the project.  
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In an effort to subdue the protests of sheep farmers, the Swiss government introduced a 

system of compensation for lynx depredation on sheep and goats. Kills are verified by a 

trained individual before farmers are recompensed, while state game wardens are licensed 

to shoot lynx which have been proven to kill 15 or more sheep in a year (von Arx et al., 

2004). Furthermore, in an effort to improve the levels of monitoring and research and the 

provision of information to the public, a state-funded agency was established to co-

ordinate research into carnivores in Switzerland, particularly lynx. This agency is well-

funded and has co-ordinated national monitoring programmes for lynx, which extensively 

utilise radiotelemetry and camera trap technology for prolonged periods of study (von 

Arx et al., 2004). Research and monitoring data are available to the public and widely 

distributed.  

 

1.3.4 Italian Alps 

 
A reintroduction of Slovakian lynx to the Gran Paradiso National Park in the Italian Alps 

in 1975 failed because only two male lynx were released (Breitenmoser et al., 2001). 

Females originally earmarked for this project, had been sent to another project in an 

administrative mix up.  

 

1.3.5 Slovenia 

 
A reintroduction in the Kocevje district of Slovenia was far more successful. The three 

males and three females were kept in latticed boxes in mixed pairs at the release site, and 

in early March, after 46 days in quarantine, the lynx were released (Cop & Frkovic, 

1998). The benefits of releasing lynx in pairs early in the year soon became apparent. The 

breeding season runs from January to March, and consequently all three female lynx were 

probably already pregnant when they were released. Four kittens were born in the first 

year of the project (Cop & Frkovic, 1998). This early breeding success was sustained in 

subsequent years, and the population began to grow quickly, so that in 1978, five years 

after the reintroduction, legal quota hunting was introduced. The lynx population had, by 

1975, expanded into Croatia (Cop & Frkovic, 1998). It was hoped that the vitality of the 
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Slovenian population would lead to recolonisation of Alpine areas of Italy and Austria, 

but this has not materialised. In recent years, the population has ceased to grow, and has, 

in fact, experienced a slight decrease (Stanisa, Koren & Adamic, 2001). It is now felt that 

legal hunting was introduced too soon, and may have undermined the momentum of the 

initial population growth (Cop & Frkovic, 1998). As well as concerns about illegal 

killing, there are worries that illnesses and genetic difficulties as a result of the founder 

effect of such a small release population, may be limiting the ability of the population to 

expand (Stanisa et al., 2001).   

 

1.3.6 Austrian Alps  

 

It has been argued that the release population for the Austrian Alps reintroduction 

dispersed too far and too quickly due to human disturbance and increased territorial 

aggressiveness in the males, brought about by the imbalanced sex ratio of 6 males and 3 

females (Gossow & Honsig-Erlenburg, 1986). The absence of human dimension research 

prior to the reintroduction may also have been crucial, as there was strong opposition 

amongst hunters in Carinthia, where estates emphasising trophy hunting were common 

(Gossow & Honsig-Erlenburg, 1986). Releasing some lynx outwith the breeding season 

may also have had an impact, as males would have had no reason to stay in the vicinity of 

females and would have dispersed, thus reducing the chances of reproduction. It is 

considered unlikely that the Austrian Alps currently sustain an established lynx 

population (Huber, Laass & Engleder, 2001). Retrospectively, it has been suggested that 

greater human dimension work was required prior to release, particularly with respect to 

hunters (Gossow & Honsig-Erlenburg, 1986). 

 

1.3.7 Black Forest 

 
Plans to reintroduce lynx to the Black Forest in 1991 were rejected by the German 

Minister of Agriculture, as a result of protests by farmers and hunters (IUCN Cat 

Specialist Group, 1991). However, sightings of lynx have been reported from the Black 

Forest since the early 1980s, and it is thought that several lynx of unknown origin were 
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illegally released (Kaczensky, 1998). Lynx are still thought to inhabit the area (Woelfl & 

Kaczensky, 2001), but this is unlikely to be an established population (T. Kaphegyi, pers. 

comm.). 

 

1.3.8 Sumava Mountains 

 
Lynx from the Bavarian reintroduction are thought to have crossed the Czech border into 

the Sumava Mountains in the early 1970s, and breeding was recorded in 1973 (Cerveny 

& Bufka, 1996). From 1982-1989, this small population was augmented by the release of 

18 lynx from the Slovakian Carpathians (Cerveny & Bufka, 1996). Since this 

reintroduction, the population has grown over the years and has spread into neighbouring 

Bavaria and Austria. The population is estimated to have increased from 20 resident lynx 

in 1990 to around 70 in 1998 (Woelfl et al., 2001). In recent years, however, there has 

been a decrease in lynx numbers in the Czech share of this population (von Arx et al., 

2004). Illegal killing of lynx by hunters, amongst whom attitudes towards lynx are 

generally negative, is thought to be the leading cause of this, with 39 lynx illegally killed 

from 1996-2001 (Cerveny, Koubek, & Bufka, 2002; von Arx et al., 2004). The 

population in Bavaria and Austria is stable. In Bavaria, lessons have been learned from 

the previous failed reintroduction during the 1970s, and there is far more dialogue 

between interested parties. Rural interest groups are informed of the lynx situation and 

kept up-to-date with developments in the population (Woelfl, 1996). Land-users are 

involved in the lynx monitoring system, while local people are trained to identify lynx 

kills as part of a scheme to compensate farmers for livestock losses (Woelfl, 1996; 1998). 

The provision of unbiased information and an ability to listen are seen as essential for the 

development of mutual trust between conservationists, farmers and hunters and therefore 

for the long term conservation of the lynx population (Woelfl, 1996).  

 

1.3.9 Vosges & Palatinian Forest 

 
In the Vosges mountains of eastern France, 21 lynx of mixed captive/wild Slovakian 

stock, were released at 4 sites in 13 separate releases (Vandel, 1996; Breitenmoser et al., 

2001). The project was managed by an informal group from 1972 to 1983, and then by an 
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association until 1985, but releases commenced only in 1983 (Herrenschmidt & Vandel, 

1990).  From 1985 to 1989, the management of the project was taken over by a public 

body whose remit was to liase with hunters and to release more lynx. From 1990, a new 

management system was adopted where further releases would coincide with the creation 

of a more adaptable system of monitoring, and the formation of a network of lynx 

observers throughout the Vosges (Herrenschmidt & Vandel, 1990). Furthermore, an 

association to provide lynx information at the regional and national levels was 

established, while information campaigns were instigated at localities throughout the 

Vosges (Herrenschmidt & Vandel, 1990). Releases of lynx halted in 1993. 

 

All lynx were fitted with radio-collars. Two released lynx had to be recaptured soon after 

release because they were displaying little fear of humans (Vandel, 1996). Six lynx are 

known to have died, including two from poaching, while the death of three other lynx 

whose radio-collars failed shortly after release, was also suspected (Stahl, Vandel & 

Migot, 2000). Nevertheless, reproduction has occurred, and during the 1980s, lynx 

appeared in the nearby Palatinian Forest, across the German border. It is unclear if these 

lynx originated from the Vosges reintroduction, or if they were part of a clandestine 

release. The latest estimates suggest there are around 18 lynx in the Vosges and 3-4 in the 

Palatinian Forest, and therefore this population is regarded as critically endangered (von 

Arx et al., 2004). Biologists on both sides of the border agree that further reintroductions 

are necessary to sustain the population in the long-term (von Arx et al., 2004). Illegal 

killing, particularly in the Vosges, is thought to be the most significant threat to the 

survival of this population, and needs to be mitigated, while continued monitoring and 

international co-operation are seen as essential for the survival of the population (von Arx 

et al., 2004). 

 

1.3.10 Swiss Plateau and Abruzzo 

 
Virtually nothing is known about the clandestine reintroductions to the Swiss Plateau and 

to the Abruzzo region of central Italy. Currently no lynx are thought to exist in the 

densely-populated landscape of the Swiss Plateau. Evidence of lynx in the Abruzzo was 
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first noted in 1993, and there has been a scattering of observations of lynx in an area of 

the Appennines to the north of the Abruzzo region (Molinari & Ragni, 2003). There has, 

however, been no evidence that reproduction has occurred and it is unlikely that an 

Apennine lynx population currently exists (Molinari & Ragni, 2003). 

 

1.3.11 Kampinoski National Park 

 
Thirty-one captive-born lynx from German and Scandinavian zoos were released from 

1993-2000 in Kampinoski National Park, central Poland (Böer et al., 2000). The reasons 

cited for lynx reintroduction included that the park provided ideal lynx habitat; there was 

an abundance of roe deer, which required to be controlled by the natural selection of 

predation; and there was a feral cat population also in need of control by lynx predation. 

However, this project attracted a great deal of criticism from biologists both within 

Poland, and internationally, for several reasons. Firstly the habitat was seen as being too 

small and isolated. The national park is surrounded by a large river, a large town, a 

motorway and the city of Warsaw, and it was felt that opportunities for expansion of the 

released population were very few (Okarma, 1996). Furthermore, the use of captive-born 

lynx was seen as a contravention of the IUCN guidelines on reintroductions (IUCN, 

1998), which state that this should only occur when no suitable wild stock is available 

(von Arx et al., 2004). Concerns were also raised about the use of lynx of uncertain sub-

specific status, as this may lead to the dilution of the Baltic and Carpathian lynx 

populations, should large-scale expansion occur in the future (Okarma, 1996). The lynx 

were fed with live prey in their pre-release enclosures in order to accustom them to 

hunting for food (Böer et al., 1994). Of the 31 lynx released, 13 died during the 1993-

2000 period (Böer et al., 2000). Six were killed on roads, two were poached and five died 

of unknown causes (Böer et al., 2000). The population is currently estimated at 22 

individuals (von Arx et al., 2004). 

 

1.3.12 Harz Mountains 

 
Lynx began to be reintroduced to the Harz Mountains, central Germany in 2000 as part of 

an ongoing project carried out by the Harz National Park, and funded by the Ministry of 
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Agriculture and Forestry, the Ministry of Environment and the Hunting Association of 

Lower Saxony. The local government gave the go-ahead and were prepared to fund it, 

only if costs could be kept to a bare minimum. Captive-born lynx, aged 1-3 years old, 

were taken from wildlife parks in Germany and Sweden. Numbers used for the releases 

are decided on an ad hoc annual basis and further releases are likely (Table 1.4). As well 

as age, lynx are selected on the basis of their behaviour towards people, with shyer 

individuals thought to be more suitable. The original plan was to train individuals to hunt, 

as happened in the Kampinoski lynx project. However, stalking behaviour directed at 

wild ungulates in proximity to the pre-release enclosures, as well as observations of lynx 

killing birds and raccoon in the enclosures, led the staff to believe that the lynx were 

exhibiting sufficient hunting skills and that training programmes were not necessary (O. 

Anders, pers. comm.).  

 

Released lynx were not fitted with radio-collars because of the expense involved. Post-

release monitoring relies on chance observations of lynx by national park staff and 

members of the public, chance discoveries of kills, snow-tracking and the use of photo 

traps. These methods suggest that the lynx population is hunting deer successfully, and 

that breeding has been taking place since 2002. Four lynx of unknown origin and which 

are thought to have originated from clandestine releases, have also been recaptured, while 

five of the project’s lynx are so far known to have died since 2000 (O. Anders, pers. 

comm.). One was killed by a train, while three died of sarcoptic mange. One was 

recaptured in bad condition with a broken leg and was therefore put down. 

 

As with the Kampinoski reintroduction, this project has attracted a great deal of criticism 

from biologists, both within and outside Germany. It is believed by some that the Harz 

occurrence is too isolated to contribute to lynx conservation in Europe (Schadt et al., 

2002), and using captive-born lynx of different subspecies, the project failed to adhere to 

the IUCN guidelines on reintroductions (von Arx et al., 2004). The decision not to 

employ radiotelemetry was also seen as a major failing of the project (von Arx et al., 

2004). However, in the years prior to the first releases, much dialogue was carried out 

with the hunting community in the Harz region. Hunters were seen as the interest group 
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most likely to conflict with a lynx reintroduction, as they compete for the same prey 

species. The influence of senior national park staff within local hunting associations, as 

well as a sustained PR campaign in the local press, effectively removed any serious 

opposition to the lynx reintroductions (F. Knolle, pers. comm.). There has been little, if 

any, vociferous opposition amongst hunters towards lynx and there have been no cases of 

illegal killing. Articles in the local media, although mixed in tone initially, are now, 

without exception, positive, and the lynx are used heavily to market the Harz for tourism 

(F. Knolle, pers. comm.). 

 

1.3.13 North-eastern Switzerland 

 
As previously indicated, the reintroduced Swiss Alpine lynx population has grown in 

numbers in recent years but has failed to colonise new territory effectively. Because of 

this, and because of the perceived human difficulties with the high densities of lynx in the 

north-western Alps, a new Swiss lynx management plan was created (Ryser et al., 2003). 

It was decided, in conjunction with 5 cantonal governments and the federal Agency of 

Environment, Forest and Landscape, that 8 to 12 lynx should be translocated from the 

north-western Swiss Alps population to form a new population in the north-east of the 

country (Ryser et al., 2003). Independently of the newly created Swiss Lynx Concept, the 

canton of St. Gallen had asked the federal government to conduct a feasibility study into 

lynx reintroduction within the canton. This was driven by a desire to increase biodiversity 

within the canton, and was timed to coincide with the 100th anniversary of the 

reintroduction of the ibex Capra ibex to the canton, as well as the 200th anniversary of the 

creation of the canton (Robin, Ruhlé & Nigg, 2003).  The aims of the reintroduction were 

to reduce conflict with hunters and farmers in the donor region, and to encourage the 

spread of lynx across a wider area of the Alpine arc, and in so doing, improve the long-

term survival prospects of currently isolated and vulnerable populations (IUCN Cat 

Specialist Group, 2001). In order to correct the mistakes of previous Swiss 

reintroductions, project progress is communicated widely and frequently to politicians, 

hunters, conservationists, journalists and the general public, by way of TV, radio, printed 

matter and on the Internet (Robin et al., 2003) 
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Six lynx were caught in the northwest Alps and released in the cantons of Zürich and St. 

Gallen in March and April 2001 (Ryser et al., 2003). Three more were caught in the Jura 

Mountains and released in late winter 2003 (Ryser et al., 2003). All lynx were radio-

collared. By mixing both Alpine and Jura lynx, it was hoped to maximise genetic 

variability of the release population. Of the original six releases, one male disappeared 

after 5 months, while the remaining five all settled down and developed home ranges 

within 6-13 months (Ryser et al., 2003). The second phase of releases was more 

problematic. An adult male and adult female both showed strong homing behaviour 

towards the Jura after release, and have since occupied territory independently from one 

another and the rest of the north-east population (Ryser et al., 2003). The subadult female 

quickly settled down and made a home range within the area of the originally released 

lynx (Ryser et al., 2003). However, this lynx was recently killed on a road before she was 

sexually mature (Ryser et al., 2004). Breeding was observed in 2002 and 2003, but due to 

the subsequent disappearance and death of adult males, the population is critically 

endangered. Further releases, especially of males, are required if this population is to 

survive (Ryser et al., 2004). To date, there has been only one recorded case of livestock 

depredation, which involved a domestic goat (Ryser et al., 2003).  

 

1.3.14 Belgium-German border area 

 
One possible further reintroduction attempt in Europe is known from the border area of 

Belgium and Germany. There have been single observations of lynx since 1997, but the 

number of sightings has increased in 2003. While it is possible that lynx have migrated 

into the area from the Palatinian Forest, it is also a possibility that a clandestine release 

has occurred. It is thought that this area is too small by itself to host a viable population 

(von Arx et al., 2004). 

 

1.3.15 Conclusions 

 

It is clear that the approach to many lynx reintroduction projects in Europe has been ill 

considered and haphazard. As well as a disregard for human dimensional aspects, many 
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projects lacked a detailed scientific analysis of the biological feasibility of restoring lynx 

to the landscapes concerned. In some cases, too few animals were used, while in others it 

has been subsequently judged that insufficient habitat exists to support a viable lynx 

population. If the Eurasian lynx is to be considered for reintroduction in Scotland, it is 

imperative that factors such as these are explored scientifically in advance, in order to 

satisfactorily avoid the risk of project failure. 

 

1.4 Aims and objectives 
 
The aim of the study is to examine the biological feasibility of reintroducing the Eurasian 

lynx to Scotland. The next two chapters of the thesis investigate if the Eurasian lynx 

qualifies as a suitable candidate for reintroduction to Scotland. Chapter 2 examines the 

evidence for the Eurasian lynx being a native species in Britain, and considers which 

processes were responsible for the species’ extinction. Chapter 3 then examines if these 

processes are still operating in the environment of modern Scotland. 

 

Subsequent chapters seek to determine if Scotland could support a viable population of 

Eurasian lynx. Using a Geographical Information System (GIS), Chapter 4 identifies and 

quantifies suitable habitat for lynx in Scotland. In order to assess how many lynx could 

be supported by the identified habitat, Chapter 5 examines the relationship between lynx 

densities and prey densities from several areas of Europe, and estimates the number of 

lynx that the habitat could support based on current deer densities in Scotland. Chapter 6 

assesses the long-term viability of this population size by calculating a Minimum Viable 

Population size (MVP) for Eurasian lynx by employing a Population Viability Analysis 

(PVA). Some of the biological aspects of a release of lynx for a Scottish reintroduction 

are also dealt with in Chapter 6. Using PVA, the minimum size and age composition of a 

release population, which would be sufficient to offer a strong likelihood of population 

persistence in the years after release, is identified. Concluding with Chapter 7, I expand 

upon some of the findings of this research and discuss its implications. 
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CHAPTER 2 

 

 

ARE EURASIAN LYNX NATIVE TO BRITAIN 

AND IF SO, HOW DID THEY BECOME EXTINCT? 
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2.1 Introduction 
 

The IUCN Guidelines for Re-introductions (IUCN, 1998) recommend that, ideally, the 

same subspecies or race which was extirpated, should be used for a reintroduction. They 

also recommend that any feasibility study for a reintroduction should identify the 

previous causes of decline of the species involved, in order to determine if these causes 

have been eliminated or reduced to an acceptable level. This chapter pulls together a wide 

range of evidence, much of it previously not assessed by biologists, for the occurrence of 

Eurasian lynx in Britain. Furthermore, by examining the chronology of the species’ 

decline, this chapter aims to identify the causes of the extinction event.  

 

2.2. Taxonomic status of lynx in Britain 
 

The past occurrence of lynx in Britain is known from lynx bones found at various sites 

(Table 2.1 and Fig. 2.1). It has long been judged that the lynx occupying the Holocene of 

Britain represented the Eurasian species. For example, lynx leg bones discovered in the 

Bone Cave, north-west Scotland, and Teesdale Fissure, north-east England, were 

identified as Lynx lynx, using a type specimen of a large Eurasian lynx from Sweden, 

housed in the British Museum (Davies, 1880; Newton, 1917). However, it has recently 

been suggested that the extinct lynx of the western Alps and the Pyrenees belonged to a 

distinct subspecies known as the cave lynx L. l. spelaeus, and that this subspecies may 

have occurred as far north as Scotland (von Arx et al., 2004). Hemmer (2001, cited in 

von Arx et al., 2004) went further and argued that the cave lynx is actually a distinct 

species, Lynx spelaeus, which occurred during the Holocene in western Europe, having 

previously been confined to a cold-phase refuge in Italy. That the extinct lynx of the 

western Alps may be of the same specific or subspecific status as the extinct lynx of 

Scotland, was suspected as a result of shared morphological irregularities in the skulls of 

lynx found in caves in the two areas. The skull of the lynx from Reindeer Cave, NW 

Scotland, one of only two intact lynx skulls recovered in Britain, exhibits a very 

pronounced sagittal crest, as does a 4000-year old skull from the Swiss Alps. However, 

sagittal crests of the magnitude of the Reindeer Cave specimen, although unusual, are not 
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exceptional and have previously been encountered in modern Eurasian lynx (L. Werdelin 

pers. comm.). Such features are associated only with large, old, male Eurasian lynx and 

seem not to occur in Iberian lynx (Garcia-Perea, 1996; L. Werdelin, pers. comm.). 

Another lynx skull was found at Beeston Tor Cave, in Staffordshire, England, and is as 

yet, undated. Based on craniometric analysis, this specimen was judged to clearly 

represent Lynx lynx, and not cave lynx or Iberian lynx (Kurtén & Granqvist, 1987). Based 

on current evidence, it appears that the Eurasian lynx occurred in Holocene Britain. It is 

possible that either or both cave lynx and Iberian lynx could also have occurred in Britain 

during the Holocene, but there is, as yet, no evidence for this. This can only really be 

determined by genetic analysis of the available bone material. 

 

Site County Period Radio-carbon 
date Reference 

Kinsey Cave North Yorkshire Historic 1550 ± 24 BP Hetherington et al. (in press) 
Reindeer Cave  Sutherland Historic 1770 ± 80 BP Kitchener & Bonsall (1997) 
Moughton Fell Cave North Yorkshire Historic 1842 ± 35 BP Hetherington et al. (in press) 
Kitley Shelter Cave Devon Flandrian 8930 ± 90 BP Coard & Chamberlain (1999) 
Dog Hole Fissure Derbyshire Flandrian 9570 ± 60 BP Bronk Ramsey et al. (2002) 
Gough’s Cave Somerset Late Glacial 12650 ± 120 BP Hedges et al. (1994) 
Aveline’s Hole  North Somerset - - Davies (1921) 
Beeston Tor Staffordshire - - Jackson (1926) 
Bone Cave Sutherland - - Horne (1891) 
Brown Scar Cave North Yorkshire - - T.C. Lord   
Cales Dale Cave Derbyshire - - Storrs Fox (1906) 
Gop Cave Denbighshire - - Jackson (1913) 
Greater Kelco Cave North Yorkshire - - Jackson (1938) 
Jubilee Cave North Yorkshire - - T. C. Lord   
Langwith Cave Derbyshire - - Mullins (1913) 
Lynx Cave  Denbighshire - - Blore (2002) 
Neale’s Cave Devon - - Jenkinson (1983) 
Raven Scar Cave North Yorkshire - - T. C. Lord   
Robin Hood Cave Derbyshire - - Laing (1890) 
Sewell’s Cave North Yorkshire - - Raistrick (1936) 
Steetley Cave Derbyshire - - Bramwell et al. (1984) 
Teesdale Fissure Durham - - Davies (1880) 
Victoria Cave North Yorkshire - - Jackson (1938) 
Yew Tree Cave Nottinghamshire - - Ransom (1867) 
Unknown cave, near 
Grassington North Yorkshire - - Jackson (1931) 

 
Table 2.1. Sites where lynx bones have been found in Britain, with radio-carbon 
dates where available.  
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Fig. 2.1. Distribution of cave sites in Britain where lynx bones have been recovered.  
The Craven area, including two sites with bones from the historic period, is highlighted  
within the box. Three further sites in north and west Scotland have recently yielded lynx  
bones, but the locations have not yet been disclosed, and so are not marked. Limestone  
information from 625K Bedrock Data by permission of the British Geological Survey. 
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2.3 When did the Eurasian lynx become extinct in Britain? 
 
 
2.3.1 Osteological evidence 
 
 
The records of lynx bones in Britain are associated with limestone cave systems, which 

offer good conditions for bone preservation and as such, come primarily from northern 

and south-western England (Fig. 2.1; Table 2.1). Recently, however, lynx bones have 

been recovered from three additional Scottish sites. These findings have not yet been 

published nor the remains dated, but one site is located on the north coast of Scotland and 

the other two on the west coast (A. Kitchener, pers. comm.; C. Bonsall, pers. comm.).  

 

Radio-carbon dates on lynx bones so far suggest that lynx were part of the British fauna 

only when suitable woodland habitat was available (Coard & Chamberlain, 1999). The 

earliest radio-carbon date in Britain comes from Gough’s Cave, Mendip, Somerset. This 

date of 12650 ± 120 14C yrs BP (OxA-3411) indicates that lynx inhabited southern 

Britain during the early part of the Late Glacial Interstadial (Hedges et al., 1994), a warm 

phase which lasted from around 13000-11000BP. The increased temperatures and low 

sea levels of this period would have permitted the colonisation of southern Britain by 

both birch woodland and lynx, across a land bridge from continental Europe. Bird species 

identified from bones from nearby Soldier’s Hole Cave suggest a mosaic of habitats were 

present at this time, including woodland on the steeper slopes of the Mendip escarpment 

(Harrison, 1988). A ‘decorated’ distal right metacarpal of a roe deer was found at Great 

Orme, North Wales, and gave a radiocarbon determination of 11795 ± 65 (OxA-6116), 

suggesting that roe were probably also present in Britain during the Late Glacial 

Interstadial (Richards et al., in press). However, with the onset of the cold phase of the 

Younger Dryas Stadial, which ran approximately from 11000-10000 BP, it is likely that 

the re-emergence of tundra and the retreat of woodland would have seen the 

disappearance of the lynx from Britain (Coard & Chamberlain, 1999).   
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With the arrival of the Flandrian Interglacial around 10000 BP, warmer temperatures 

allowed the spread of woodland biotopes and roe deer to most parts of Britain. Radio-

carbon dates on lynx bones from caves from the period 9570-8875 BP demonstrate that 

lynx were present in the British Isles well before rising global sea levels eventually 

separated Britain from continental Europe around 8500 BP (Shennan et al., 2000). The 

radio-carbon date of 8875 ± 70 14C yrs BP from Kilgreany Cave (Woodman, McCarthy 

& Monaghan, 1997) shows that lynx also inhabited Ireland, perhaps having crossed a 

temporary land bridge from Britain thought to have existed very early in the Flandrian 

Interglacial (Wingfield 1995). 

 

Previous theories on the causes of lynx extinction in Britain have focussed on natural, 

usually climatic, processes. Guggisberg (1975) believed the lynx to have become extinct 

in Britain during the last cold stage, i.e. prior to 10000 BP, while Clutton-Brock (1991) 

favoured the early post-glacial. Jenkinson (1983), however, suggested that early 

deforestation had brought about the extinction of the lynx by the end of the Mesolithic 

period, around 5000 BP. Curry-Lindahl (1951) suggested that lynx could not tolerate the 

wetter conditions of the most recent episode of major climatic change to have affected 

Britain, when today’s oceanic climate arrived about 4000 BP, and so became extinct 

before the end of the Neolithic period. It is possible that such changes brought about a 

reduction in roe deer densities, and thus lynx densities, in western Britain, as roe deer 

fawns can suffer increased mortality in areas of high rainfall (Latham, Staines & Gorman, 

1997). However, it seems very unlikely that this climatic event would have caused the 

extinction of lynx in Britain, as lynx currently occur in parts of Europe, such as western 

Norway and the Dinaric Alps of Slovenia and Croatia, where levels of rainfall are higher 

than Britain’s. Perry (1978) reported that the lynx is generally considered to have become 

extinct in the British Isles during Neolithic times (c.5000-4000 BP). He suggested that 

the cyclical population declines of mountain hares within the confines of an island such 

as Britain may have led to the extinction of lynx. This is an unlikely scenario, however, 

as the diet of the Eurasian lynx consists predominantly of ungulates, rather than hares, 

and roe deer, as well as other ungulates, would have been available to lynx in Britain 

from the early Flandrian onwards. 
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However, skeletal remains of the lynx discovered in 1927 from Reindeer Cave in 

Sutherland (Lawson, 1981), when radiocarbon-dated gave a surprisingly young age of 

1770 ± 80 14C yrs BP (Kitchener & Bonsall, 1997). This indicates a much more recent 

extinction of the lynx in Britain than previously thought, and suggests that climate change 

was not responsible.  

 

More recently, radiocarbon dates were derived from lynx bones from Moughton Fell 

Cave and Kinsey Cave in the Craven area of North Yorkshire and gave 1842 ± 35 14C 

years (OxA-11405) and 1550 ± 24 14C years (OxA-12026), respectively (Hetherington, 

Lord & Jacobi, in press). The calibrated age range with a 95.4% probability for the 

Moughton Fell Cave specimen is 80 AD to 320 AD, showing that the lynx had lived 

during the Roman period. For the Kinsey Cave specimen, the calibrated age range with a 

95.4% probability is 425 AD to 600 AD. This suggests that this lynx lived in the early 

post-Roman period, and represents the youngest date yet for lynx in Britain. Together, 

these two dates show that lynx inhabited the Craven area during the Roman period and 

most likely continued to do so for some time afterwards. Fossil pollen spectra from 

across northern England indicate widespread woodland expansion occurring immediately 

after the Roman period (Atherden, 1999; Dark, 2000), suggesting that upland habitats in 

northern England may even have improved for lynx at this time. To date, three of the six 

radio-carbon dated lynx specimens from Britain have yielded Roman or post-Roman 

dates, and it is highly unlikely that the Kinsey Cave specimen represents the last lynx to 

have inhabited Britain. It is hoped that further radiocarbon dating of lynx specimens may 

serve to improve our understanding of the occurrence of lynx in Britain, and indeed, may 

yield a still younger date. 

    

2.3.2 Other evidence 

 
Unlike many European countries which lost the lynx as recently as the nineteenth and 

twentieth centuries (Kratochvil, 1968), there is little documented evidence for the 

existence of lynx in Britain. Aelfric’s Anglo-Saxon Vocabulary of the 10th century gives 

the word lox for lynx (Wright, 1884). However, this in itself is not evidence of the 
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existence of lynx in 10th century England, especially as the same vocabulary includes 

words for clearly non-native animals such as camels, elephant and ibex. It may be that the 

10th century Anglo-Saxons were familiar with the imported furs of lynx and thus used the 

word lox in this context. 

 

Several attempts have been made to reconstruct the former distributions of rare or locally 

extinct species in Britain, such as wolves, beavers, cranes Grus grus and pine martens, 

using place-name evidence (Aybes & Yalden, 1995; Boisseau & Yalden, 1998; Webster, 

2001). There are several place names in the former Anglo-Saxon region of Britain which 

are prefixed by lox. However, it is believed that the prefix lox-, for the most part, derives 

from the genitive case of Locc, meaning “of the person called Locc” (Ekwall, 1960; 

Gelling, 1984). So Loxley is not “the glade of the lynx”, rather “the glade belonging to 

the person called Locc”. Other lox-prefixed place names are thought to be derived from 

the old Celtic word for a winding stream (Ekwall, 1960). But one place in Anglo-Saxon 

Britain does seem to have been named after lynx. The name of Lostford in Shropshire has 

evolved since the original Saxon, but its original meaning was “ford of the lynx” (Ekwall, 

1960; Gelling, 1984). That even one lynx-related place name exists could be significant. 

In Lithuania, a country where lynx have existed for many centuries and continue to do so 

today, only three lynx-derived place names have been found, while 97 exist for wolves, 

43 for bears and 53 for foxes (Balčiauskas & Volodka, 2001).  

 

In the oldest form of the Gaelic language called Old Gaelic, a language spoken across 

Ireland, Scotland and the Isle of Man during the period approximately 600-900 AD, there 

was a word lug, meaning 'lynx' (Dictionary of the Irish Language, 1913-1976: L: 235. 33-

56). According to normal sound changes, this word developed after 900 AD to lugh, but 

then it is attested generally as a word meaning 'hero' or 'warrior', used commonly in 

heroic literature. Some of the pre-900 AD instances, where it appears in compound words 

like lug-léimnech, meaning "lynxlike-leaping", can only be interpreted with the meaning 

'lynx', not 'hero', and the latter is taken to be a transferred meaning from the original 

'lynx'. That the Gaels had an adjective meaning “lynxlike-leaping” suggests that the 

people were familiar with the way the animal moved and were thus not familiar with lynx 
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simply because of imported pelts. But no examples of the word referring to ‘lynx’ occur 

after about 1200 AD, and no other word appears with that meaning until the modern 

Gaelic dictionaries, where the English word is borrowed.  

 

The linguistic evidence therefore suggests that lynx inhabited Scotland in the period 600 

to 900 AD. It also suggests that they may have become scarcer and scarcer, with the word 

being used less and less to describe the animal, so that by 1200AD, lynx may have been 

virtually extinct in Scotland.  

 

A reference to the hunting of lynx in northern England exists in one of the oldest 

surviving poems in British literature. Included in the Book of Aneirin along with the epic 

poem Y Gododdin, is a lullaby known as Pais Dinogad, thought to date to the first half of 

the 7th century AD and written in Cumbric, a British language similar to Welsh 

(Williams, 1938). This lullaby celebrates Dinogad's father's hunting prowess and refers to 

him killing roebuck, wild boar, stag, grouse, and fish from the Waterfall of Derwent. 

Interestingly, the second last line of the lullaby lists one of the game that Dinogad’s 

father killed with his spear, as llewyn. This word has been variously viewed as a 

reference to fox (Williams, 1938; Koch, 1997), or wildcat (Williams, 1959; Conran, 

1992). However, the suffix '-yn' is merely a singular ending in Cumbric, while 'llew-' is 

considered to be entirely cognate with Old Gaelic 'lugh' (A. Price, pers. comm.). Welsh 

Llew and Old Gaelic Lugh were the names given to the Celtic god of light (A. Price, pers. 

comm.). Lugh, as already mentioned, is also the Old Gaelic word for ‘lynx’, and there 

appears to be a connection running through much of the Indo-european group of 

languages between light and lynx, probably due to a widespread perception of the 

powerful sight and shining eyes of lynx (Partridge, 1966; Onions, 1966). Loth (1930) and 

Jarman (1988) argue that llewyn should be translated as ‘lynx’. Many other linguists may 

not have considered ‘lynx’ as a translation for llewyn, because until very recently, lynx 

were considered to have become extinct in Britain several thousand years ago, and 

therefore would not have been perceived as a potential game animal of 7th century 

Britain.  According to Jarman (1988: p68), the last few lines of the lullaby translate: 
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“Of all those that thy father reached with his lance, 
Wild boar and lynx and fox, 
None escaped which was not winged.” 
 

The geographical setting for Pais Dinogad is likely to have been Cumbria, north west 

England, which, during the 7th century, formed part of the Cumbric-speaking kingdom of 

Rheged (Gruffydd, 1990). The Waterfall of Derwent is a probable reference to the Falls 

of Lodore, an impressive cataract which flows into the Derwent Water in Cumbria 

(Gruffydd, 1990). With lynx bone dated to the period 425 to 600 AD coming from 

Kinsey Cave, just 80km to the south east of Derwent Water, it seems entirely feasible that 

the animal llewyn described in the early 7th century AD, was a lynx. 

 

If lynx existed during the time-scale suggested by both Pais Dinogad and the Gaelic 

language, then they may have been depicted on early mediaeval carvings or sculptures. 

The Picts, the indigenous people of Scotland north of the Roman-built Antonnine Wall, 

commonly depicted animals on early mediaeval, Christian cross-slabs. One engraving of 

a hunting scene, on the late 9th century AD cross slab found at Kildonnan on the Inner 

Hebridean island of Eigg, appears to depict a large felid, along with a probable boar, bull 

and deer being chased by a horseman with hounds and a bird of prey (Fig. 2.2). Although 

Hebridean in location, some elements of the cross incorporate the style of crosses from 

eastern mainland Scotland (Fisher, 2001). Unfortunately the rear end of the animal has 

been weathered so that it is not possible to check for the diagnostic short, stubby tail of a 

lynx. While it is possible that the felid is a biblically-influenced depiction of a lion 

Panthera leo, the creature does appear to have ear tufts and mottled fur. In addition, 

given this is a hunting scene depicting other species which would have been known to the 

Picts, the carving suggests that the felid was an animal that the Picts may have hunted on 

their own territory in northern Scotland. Therefore this is quite possibly a representation 

of a native lynx being pursued by a hunter. It must be borne in mind that lynx were 

widely regarded in historic European societies as being an elusive predator, more rarely 

encountered than the bear and wolf (Breitenmoser, 1998). Certainly, lynx are one of the 

least frequently depicted animals in the history of European art (Dent, 1976; cited in 
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Bartosiewicz, 1993). It is likely that remnant lynx were simply not well known enough 

during the medieval period of Scotland, to warrant widespread depiction in artwork.  

 

 

 

Figure 2.2. Hunting scene from the late 9th century Kildonnan cross-slab, Island of 
Eigg. The animal at the top right of the hunting scene may be a lynx. Crown Copyright: 
RCAHMS 
 
 

Following the loss of a word for lynx in Gaelic after 1200 AD, there appear to be no 

more documented references to lynx in Scotland. However, the sixteenth century English 

chronicler, Raphael Holinshead, in his Chronicles of England, Scotland and Ireland, 

orginally written in 1577, devotes a chapter to “Savage beasts and vermines” 

(Holinshead, 1805). In this chapter, he describes how wolves were still widespread in 

Scotland, but also notes the presence of a large felid in northern Scotland: 

 

“Lions we have had verie manie in the north parts of Scotland, and those with maines of 
no lesse force than they of Mauritania were sometimes reported to be; but how and when 
they were destroied as yet I doo not read.” (Holinshead, 1805: p379) 
 
 
He goes on to say that these creatures are no longer heard of. While it is possible that a 

reference to “lions” is used as a device to emphasise how far away and how wild the 

north of Scotland was, it is quite possible that this is, in fact, a reference to a recently 
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extinct Scottish population of the only large cat ever to have occupied northern Europe in 

the historical period, the lynx.  

 

While we cannot say exactly when the lynx became extinct in Britain, it is very possible 

that they survived until the Late Middle Ages. This is considerably later than was 

previously thought. Nevertheless, in comparison to other areas of continental Europe, this 

is an early local extinction. In 1800, lynx were still thought to exist right across the Alps, 

in the Pyrenees, Massif Central, Jura and in the mountainous areas of Germany and the 

Czech Republic (Kratochvil, 1968). Why did an area such as the Scottish Highlands, 

which has acted as a last refuge for many other carnivorous species on the island of 

Britain, lose its lynx population, while other, similarly mountainous and thinly-populated 

parts of continental Europe, continued to support lynx up until the nineteenth century? 

 

2.4 Possible factors responsible for the extinction of lynx in Britain 
 

2.4.1 Patterns of carnivore decline 

 

Breitenmoser (1998) noted differing extinction patterns between lynx, wolf and bear in 

Europe, observing that the Eurasian lynx had become extinct in southern European areas 

where the wolf continued to exist. Conversely in Scandinavia, the wolf became extinct 

but the lynx clung on. It was concluded that this disparity was due to fundamental 

differences in biology between the species. As an ambush hunter dependent on live prey, 

the lynx needs cover, usually woodland, in which to stalk its prey of small ungulates. In 

contrast the wolf is a cursorial predator that does not require cover to the same extent, 

and is, therefore, not as dependent as lynx on woodland for habitat (Breitenmoser, 1998). 

In addition, the wolf has a broader diet than the lynx, which is constrained by a need to 

hunt live prey. Southern Europe experienced greater deforestation than did Scandinavia 

with consequent declines in populations of forest-dwelling ungulates such as roe deer. 

High densities of domestic livestock grazing in the remaining forests would have placed 

more pressure on already diminishing roe deer populations, and the residual lynx 

population would have turned to killing the sheep and goats of peasant farmers. This 
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would in turn, have led to increased persecution of the lynx by humans and ultimately its 

extinction over large areas of central and southern Europe.  

 

As Britain is located in northern Europe, Breitenmoser’s (1998) model suggests that 

Britain should have supported lynx until recent times. However, Britain seems to follow 

the southern European model of losing the lynx early, and before the wolf. This is very 

likely to be tied in to Britain’s forest history, which is not typical for northern Europe. 

Mather (1990) identified two models of deforestation: the Mediterranean Basin model 

and the North American. The Mediterranean model is characterised by early and severe 

deforestation, with forests tending to survive only in times of consistent government 

control or in less accessible mountain areas. In North America, the turnaround from 

deforestation to forest stability or expansion occurred more abruptly and at a less 

advanced stage in the process of forest removal. Mather (1990) contended that the pattern 

of deforestation of the British Isles, where the forest almost disappeared before a 

twentieth century reafforestation commenced, resembles that of the Mediterranean, 

whereas most central and northern European countries conform more closely to the North 

American experience.  

 

2.4.2 Deforestation 

 

2.4.2.1 The deforestation of Britain 

The fate of the lynx in Britain is also likely to have been very closely tied to Britain’s 

woodland history and in particular, how humans exploited the forests. The 3000 years 

from Neolithic to Roman times saw the development, over large areas of Britain, of a 

countryside comprised chiefly of farmland with small woodlands rather than woodland 

with small clearings (Yalden, 1999). In England and Wales, the landscape-scale 

deforestation that commenced in the Neolithic would have continued into the Bronze (c. 

4000-2750 BP) and Iron Ages (c. 2750 BP-42 AD). Birks (1988) identified a major phase 

of extensive, permanent deforestation in the period 2100-2500 BP, which affected all of 

the upland areas of Wales and England except the Lake District of the north-west. During 

the Roman colonisation (43 AD-410 AD), England and Wales were almost as agricultural 
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as they are now (Rackham, 1993), with another phase of extensive deforestation clearing 

the Lake District around 1700 BP (Birks, 1988). After the Roman military departed 

Britain in 410 AD, there seems to have been widespread woodland expansion in northern 

England, while southern England appears to have seen either little change or increased 

woodland clearance (Dark, 2000). However, the great survey of 1086 AD makes it clear 

that England was not a well-wooded land, and it is probable that England had only 15% 

forest cover at this point (Rackham, 1993), while France by contrast, was still 33% 

wooded by the year 1400 (Prieur, 1987). A comparison of the estimated woodland cover 

in England between 1086 and 1895, suggests huge losses (Table 2.2). By 1200 the 

proportions of farmland, moorland and woodland were not much different from those of 

today (Rackham, 1993).  

 

County or Area Woodland 
in 1086 (%)

Woodland 
in 1895 (%) 

Woodland loss 
1086-1895 (%) 

The Weald 70 18.1 74.1 
Gloucestershire (W of River Severn) 50 31.2 37.6 
Worcestershire 40 4.2 89.5 
Staffordshire 32 5.3 83.5 
Hertfordshire 30 6.1 79.7 
Middlesex 30 3.8 87.3 
Cheshire 27 3.8 85.9 
Buckinghamshire 26 6.7 74.2 
Derbyshire 26 4.0 84.6 
Surrey (except Weald) 20 9.6 52.0 
Berkshire 20 7.7 61.5 
Essex 20 3.2 84.0 

 
Table 2.2. Woodland loss in England from 1086-1895 for the 12 most wooded 
counties or areas at the time of the Domesday Book in 1086. From Rackham (1993). 
The northern counties of Northumberland, Durham, Cumberland, Westmorland and 
Lancashire were not included in the original 1086 survey.  
 
 
 
As elsewhere in Britain, modification of the Scottish environment became significant in 

the Neolithic period (Smout, 1997). A period of early and permanent deforestation 

affected the North West Highlands and parts of the Inner Hebrides from about 3700-3900 

BP (Birks, 1988), but this is thought to have been caused by natural processes, when the 
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advent of a wet and windy oceanic climate caused the formation of blanket mires, 

unsuitable for tree growth. However, anthropogenic forest clearance affected the central 

and eastern Highlands, as well as the lowlands, as early as 3900 BP to 3200 BP (Bennet, 

1995; Smout, 1997). The Iron Age sees unprecedented landscape-scale deforestation by 

farming communities in southern parts of the country (Tipping, 2003), with lowland 

counties like Fife disafforested by the end of the Iron Age (Smout, 1997). By 2000 years 

ago, much of Scotland had been subject to severe deforestation, so that probably 

considerably more than 50% of the original forest cover of Scotland had vanished 

(Smout, 1997).  

 

Large-scale forest clearance, particularly of the mixed deciduous woodlands, had 

occurred by the 3rd century AD in South Skye, by the 5th century AD in Galloway, and 

by the 6th century AD on the west coast from Knapdale to Ardnamurchan (Birks, 1988), 

with the grazing pressure of high densities of livestock suppressing natural regeneration 

both within, and at the margins, of surviving tracts of upland forest (Armit & Ralston, 

2003.) Although Roman and mediaeval literary references to the Caledonian Forest, a 

vast wood in the Highlands north of the Roman frontier, are doubtful (Breeze, 1997), by 

the early centuries AD some remnants of the original woods did survive in central and 

north-central Scotland (Tipping, 1994). In the following centuries, a period of warmer 

climate allowed an expanding human population to cultivate land previously regarded as 

too marginal (Crone & Watson, 2003). The use of woods for shelter and grazing of cattle, 

ponies, sheep and goats was a fundamental part of early mediaeval Scottish agriculture 

(Crone & Watson, 2003), so that woodland cover continued to decline throughout the 

Middle Ages. This decline would have resulted in woodland cover becoming increasingly 

fragmented, with consequent problems for lynx through diminishing levels of habitat 

connectivity.  

 

The hunting forests of the Southern Uplands had been cleared by the early fourteenth 

century (Dodgshon, 1983), while by the sixteenth century, almost all the forest of the 

Central Lowlands had gone. The last major permanent clearance of woodland in Britain, 

affected the pinewoods of the western Grampians around 1600 and the eastern Grampians 
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and Cairngorms around 1700 (Birks, 1988). The overall woodland cover of Scotland had 

declined from a maximum of around 75% in the mid-Holocene, to about 4% by the latter 

half of the eighteenth century (Stewart, 2003; Warren 2002). Even populations of some 

smaller woodland species were seriously threatened by this almost total disafforestation. 

Capercaillies Tetrao urogallus became extinct in Scotland in the late 18th century, while 

the great spotted woodpecker Dendrocopos major disappeared due to habitat loss by the 

middle 19th century (Kitchener, 1998). Native red squirrels Sciurius vulgaris are also 

thought to have died out by the early 19th century before their subsequent reintroduction 

from England and Scandinavia (Kitchener, 1998) 

 

2.4.2.2 The deforestation of Britain in a European context 

By the end of the eighteenth and beginning of the nineteenth centuries, other European 

countries had also experienced considerable deforestation. By 1800, Denmark had 

experienced a similar level of deforestation to Scotland and had been reduced to 4% 

forest cover (Knudsen, 1987). Denmark, like Scotland and the rest of Britain, is not 

thought to have supported lynx populations in recent centuries (Kratochvil, 1968). Many 

other European countries, however, suffered a less severe form of deforestation than 

Britain and Denmark. As late as 1863, 19% of Switzerland was still covered by forest (de 

Saussay, 1987), while in 1789 France still enjoyed 14% forest cover (Prieur, 1987). 

Hungary was still 30% forested in 1800 (Keresztesi, 1984). Switzerland, France and 

Hungary were able to support lynx populations as recently as the nineteenth and 

twentieth centuries. 

 

2.4.3 Deer populations  

 
Through a process of deforestation, increased competition with domestic livestock and 

over-hunting, roe deer became very scarce in southern England by the 13th century, and 

virtually absent throughout England outside protected areas by the late 15th century 

(Yalden, 1999). They probably became extinct in England and Wales by the end of the 

18th century (Whitehead, 1964). Roe also became scarce in Scotland and are thought to 

have become extinct in the Central Lowlands and Southern Uplands by the late 17th 
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century, leaving populations of British roe deer only in the Scottish Highlands, in 

particular in Ross-shire, Inverness-shire, Argyll and Perthshire (Ritchie, 1920).  

 

Red deer suffered a similar pattern of decline, being virtually extinct in England by the 

16th century outside deer parks (Yalden, 1999). In Scotland, in the face of over-hunting, 

forest clearance and the spread of sheep rearing, the species had vanished from the 

Central Lowlands and Southern Uplands by the beginning of the 18th century (Ritchie, 

1920). The red deer of the Highlands had adapted to the deforestation by inhabiting open 

Calluna moorland, often in large single-sex herds. A series of 16th century acts of law 

protecting red deer populations for the hunts of the monarchy and nobility ensured that 

they were still relatively abundant in the Highlands at this time. Their successful 

adaptation to open environments and their legal protection saved the red deer from 

extinction in Britain (Ritchie, 1920). However, these red deer, living as they did in open 

environments, would not have been available to the ambush-hunting lynx.  

 

2.4.4 Historical human attitudes towards large carnivores 

 
The timing and cause of the extinction of wolves is better documented than that of lynx 

and bears, particularly in Scotland where wolves survived longest. The example of the 

wolf serves to illustrate historical Christian attitudes towards large carnivores, where Man 

was seen to have dominion over nature (Passmore, 1974). James I of Scotland in 1428 

passed an act of law requiring every baron to hunt wolves within their barony four times 

a year and destroy any litters (Ritchie, 1920). This policy was broadened in 1457 to 

persuade all rural people by a system of bounties and penalties to attend the wolf hunts 

(Ritchie, 1920). In 1526, wolves were recorded as preying heavily on livestock 

throughout Scotland (Boece, 1526), while around 50 years later, wolves were reported to 

be preying on livestock and attacking humans mainly in northern Scotland (Ritchie, 

1920). By the late 16th century the wolf population was in firm decline in the face of such 

determined persecution. A very large bounty was paid to a hunter in Sutherland in 1621, 

suggesting that either the wolf in question had been inflicting a high amount of damage 

on the local livestock, or simply that wolves were very rare in the area (Ritchie, 1920). 
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There are several contenders, but the last wolf in Britain is widely regarded to have been 

killed in 1743 by a hunter on the banks of the River Findhorn in Nairnshire, after it had 

killed two children (Lauder, 1830). The extinction of the wolf in Britain seems not to 

have been driven by deforestation, as wolves were still common at a time when large-

scale permanent forest clearance had already occurred. Wolves were able to adapt, like 

their principal prey the red deer, to the deforested moorland environment of Scotland. 

Instead, zealous persecution driven by a perception of the wolf as an evil and savage 

beast, capable of inflicting serious losses on livestock, resulted in its demise in Britain.  

 

The lynx is unlikely to have generated the same levels of fear and loathing, as historical 

perceptions of lynx tended to be much less negative than that of wolves (Breitenmoser, 

1998). Lynx, unlike wolves, were not perceived as a threat to human safety. In addition, 

lynx depredation on livestock tends to occur on a much smaller scale than that of wolf 

(e.g. Kaczensky, 1999; Weber, 2000; Mertens & Gheorghe, 2002; Rigg, 2003). As 

wooded habitat diminished, lynx would have been afforded less and less security from 

both human hunters, who are likely to have pursued lynx for their fur and meat, and from 

packs of wolves. Furthermore, as their favoured prey became increasingly scarce, lynx 

are likely to have turned for food to the high densities of sheep and goats grazing in the 

remnant woods, just as they had in continental Europe. Even low levels of depredation 

are likely to have been unacceptable to subsistence farmers at a time when little tolerance 

was shown towards predators. A remnant lynx population may have been pushed into 

extinction by the persecution wrought by an intolerant human population. 

 

  
 
 
 
 
 
 
 
 
 
 
 



 

40  

 

 

CHAPTER 3 

 

 

 

DO THE PROCESSES THAT LED TO 

LYNX EXTINCTION STILL OPERATE 

IN MODERN SCOTLAND? 
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3.1 Introduction 
 

The growth of ecological awareness in the developed world during the twentieth century 

allowed large carnivores to recolonise areas they had been eradicated from, through 

habitat restoration and the conservation and recovery of wild ungulate populations 

(Breitenmoser, 1998; Linnell, Swenson & Andersen, 2001b). Furthermore, many large 

carnivores are now highly valued by people, so that instead of being viewed as loathsome 

pests subject to national campaigns of eradication, remaining populations are now 

conserved with the aim to facilitate their recovery (Linnell et al., 1999). Large carnivore 

recovery through recolonisation or reintroduction can occur amongst established human 

populations where there is effective regulation of both human behaviour and resource 

exploitation (Linnell et al., 2001b). It is now possible for populations of large carnivores 

to exist even at high human population densities, especially in Europe (Linnell et al., 

2001b). In Europe in recent years, wolves and brown bears have been the subject of 

reintroduction or restocking programmes, while Eurasian lynx have been subject to 

reintroduction programmes in several European countries (Breitenmoser et al., 2001). 

But could modern Britain offer a suitable environment for a reintroduced lynx 

population, or do the processes responsible for the extinction of the lynx in Britain still 

operate? 

  

Scotland is the most obvious area of the UK to consider for a potential lynx 

reintroduction as it supports the largest expanses of semi-natural habitats and the lowest 

human population densities on the island of Britain. With an area of 78,700 km2 and a 

human population of 5 million, Scotland is approximately 60% the size of England, yet 

has a human population only 10% of England’s. The Highlands, which cover around half 

of Scotland, have some of the lowest human population densities in western Europe 

outside Scandinavia, and the majority of the Scottish population is confined to a 

relatively small area in the intensively developed Central Lowlands (Fig. 3.1). The 

reintroduced lynx population in the Swiss Jura shares the landscape with around 120 

people km–2 (Breitenmoser et al., 1993), while the average population density for the 

Scottish Highlands, is in the order of 10 people km–2. These characteristics have seen 
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Scotland act as the stronghold on the island of Britain for a range of once-persecuted, 

carnivorous species such as pine marten, wildcat, otter Lutra lutra, golden eagle Aquila 

chrysaetos and osprey Pandion haliaetus. Scotland was also chosen for the reintroduction 

to Britain of the white-tailed eagle and the proposed reintroduction of the Eurasian 

beaver, largely because it was felt that it supported the most suitable habitat for these 

species and offered the best conditions for project success.  

 

    

 Fig. 3.1. Map of Scotland showing topography. Data from Bartholomews (1999). 
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3.2 Reafforestation 
 
At the beginning of the 20th century, Scotland was still only 4.5% forested (Mather, 

1993), while the UK average as a whole was little better at 5% (Warren, 2002). In 

response to the grave timber shortages experienced during WWI, the British government 

in 1919 established the state-funded Forestry Commission with a remit to plant 720,000 

ha of new forest in the UK by 1999, with two thirds of the planting occurring in Scotland 

(Warren, 2002). This was to be achieved by creating large plantations of fast-growing 

conifers on marginal land such as upland grazing land and heath. Most of the 

reafforestation occurred in the decades after the Second World War, with 85% of all UK 

planting during the 1970s and 1980s taking place in Scotland (Mackay, 1995). The longer 

growing season favoured the hill land of the south west of Scotland, and as this area was 

planted up, so areas progressively northward were targeted, with the far north of Scotland 

experiencing large-scale afforestation during the 1980s (Mather, 1993). The rate of 

planting in the 1980s saw an average of 20,000 ha of new woodland being planted each 

year in Scotland, with the vast majority of this being exotic conifer species, especially 

sitka spruce Picea sitchensis, which formed about 60% of all new planting during the 

1980s (Peterken, 1996). The afforestation target originally set by the Forestry 

Commission in 1919, was achieved fifteen years early in 1984 (Warren, 2002).  

 

The planting rate slowed in the late 1980s and 1990s as the original objective of 

producing a strategic timber reserve became redundant, and a multi-benefit framework 

where forests were valued for their landscape, amenity and wildlife habitat value took 

hold (Mather, 1993). Planting in Scotland in the late 1990s averaged 11,500 ha per year, 

and 70% comprised new native pinewoods and native broadleaved woodlands (Forestry 

Commission, 1999; Warren, 2002). Much of the forest planted since the Second World 

War has now begun to be harvested. This will allow major restructuring of the forest and 

in particular an increased diversity of age classes and species, so that these commercial 

forests will begin to function more as natural forest ecosystems (Warren, 2002).  
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Despite a deceleration in the pace of planting in the past 15 years, reafforestation 

continues to this day. The Scottish Forest Strategy developed by the Scottish Executive 

(2000) identifies a goal of 25% woodland cover in Scotland by 2050. The current figure 

is 17% (Scottish Executive, 2000) although when considering only the Scottish mainland, 

forest cover is around 20%. Scotland is now by far the most extensively wooded country 

of the UK, which as a whole, has an average woodland cover of 10% (Scottish Executive, 

2000). Recently-developed grants aim to target new planting as part of national forest 

habitat networks, which would redress the long term trend of forest fragmentation in 

Scotland (Forestry Commission, 2003). It is thought that many wildlife species will 

benefit from the extension of woodland into poorly wooded districts, by a network of 

major landscape links along river valleys across Scotland (Hampson & Peterken, 1998).  

 

Reafforestation was the single most dramatic change in the Scottish landscape in the 

twentieth century (Mather, 1993). Although the figure of 20% woodland cover on the 

Scottish mainland is still some way short of the EU average of 33% (Scottish Executive, 

2000), it does not detract from the fact that there are areas of Scotland which are now 

well-wooded. The wide river valleys of the Highlands and the low hills of Argyll and the 

Southern Uplands now support large swathes of well-connected forest. The Moray, 

Argyll & Bute, and Dumfries & Galloway local authority areas are today, each over 30% 

wooded (Caledonian Partnership, 2000). Scotland’s plantations of exotic conifers would 

provide ample opportunity for lynx to conceal themselves and ambush wild ungulate 

prey, and could thus be considered suitable lynx habitat.  

 

3.3 Increasing deer populations  
 
 
Accompanying reafforestation, there have been major increases of deer populations in 

Scotland. Today, the roe deer is well distributed in woodland throughout the Scottish 

mainland, and utilises adjacent agricultural land and moorland up to 700m in altitude 

(Fig. 3.2). Roe are notoriously difficult to count (Andersen, 1953), but the Scottish 

population has been estimated at between 200,000 and 400,000 (BASC, 1994; DCS, 

2000; Macdonald & Tattersall, 2001). A population estimate of 200,000, however, 
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equates to an average woodland density in Scotland of around 14.7 roe km-2. Latham, 

Staines & Gorman (1996) reported roe densities of 0.5-25.3 km-2 for 20 conifer 

plantations in Scotland where red deer co-existed, while densities of 8-25 roe deer km-2 

were recorded in sitka spruce forest in the Scottish Borders (Loudon, 1982). The Scottish 

roe deer population is thought to be still growing and expanding into moorland and urban 

areas.  

 

The 19th century saw the rise to prominence among royalty and rich industrialists of deer 

stalking, where red deer stags are shot on the open hill (Staines, 1998a). The growth in 

the number of Highland hunting estates, where high deer numbers were encouraged, 

coupled with a sharp decline in sheep numbers in the Highlands, saw a rise in the number 

of red deer in Scotland (Lowe, 1961; Clutton-Brock & Albon, 1989). Despite a downturn 

around the time of the Second World War, the trend during the 20th century for the 

Scottish red deer population has been one of marked growth (Fig. 3.3). Red deer are 

today found throughout the Highlands and some islands, and have been reintroduced to 

the western Southern Uplands (Fergusson, 2002) (Fig. 3.2). The current population has 

been estimated at over 400,000 (Hunt, 2003), representing a trebling of the population 

since 1950. This is the largest national population of red deer in Europe, representing 

around one third of the European total (BASC, 1994).  

 

Increasingly, red deer have made use of the new forests planted in recent decades. It is 

now thought that there are no red deer populations that do not have access to forest for at 

least part of the year (McLean, 2001). Those deer living permanently in forest receive 

more shelter and have access to a more nutritious diet, and so often tend to be larger and 

more fecund than deer living in open moorland environments (Ratcliffe, 1987a; Staines, 

1991). As with roe deer, it is difficult to assess the size of forest populations, but based on 

figures reported annually to the Deer Commission for Scotland, a woodland population of 

around 100,000 red deer has been estimated (Hunt, 2003). Staines (1998a) suggests that 

average densities for resident forest populations of red deer in Scotland are around 5-15 

km-2, while Latham et al. (1996) found densities varying from around 0.3-31.1 km-2.  
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Exceptionally high winter densities have been recorded in the east Grampians, when deer 

descend from the open hills to take shelter in the valleys, very often in forest, with up to 

150 red deer km-2 reported (Youngson & Stewart, 1996). 

 

  
 
Fig. 3.2. Expansion of the distribution of the four most numerous deer species in 
Scotland 1967-2000. The spatial scale is determined by 10km squares. From Warren 
(2002). Original data from the British Deer Society.  
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Fig. 3.3 Changes in the number of red deer in Scotland 1900-2003. Data from SNH 
(1994) and Hunt (2003). 
 
 
In addition to the two native species of deer, two other species intermediate in size 

between the roe and the red, have been introduced to Scotland. The sika deer has spread 

quickly since its introduction from Japan in the late nineteenth century to become the 

third most numerous wild ungulate in Scotland. Their distribution now covers almost half 

of the Scottish mainland, chiefly in the Highlands (Fig. 3.2). As a result of their shy 

nature, and their habit of spending much of the day in dense conifer thicket (Table 3.1), 

sika numbers are difficult to assess, but McLean (2001) suggests a likely population of 

over 20,000. The rate of spread of sika in Argyll was estimated to be around 3-5km/year, 

which is much faster than for other British deer species (Ratcliffe, 1987b). Chadwick, 

Ratcliffe & Abernethy (1996) found that densities of sika resident in Scottish forests were 

usually around 4-20 km-2, although densities of 35 km-2 were reported from thicket stage 

forest in the Scottish Borders. Very high densities are reported from localised areas, with 

a density of 55.2 km-2 in thicket conifer forest in Sutherland (Staines, 1998b), and 81.5 

km-2 for three deer species in woodland near Inverness, where sika was the most 

abundant species (McLean, 2001). The second non-native species to be introduced to 

Scotland is the fallow deer Dama dama, which has expanded only modestly from original 
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release sites in deer parks of stately homes (BASC, 1994) (Fig. 3.2), and numbers today 

around 8000 in Scotland (DCS, 2000). 

 

 
Deer km-2  

Forest 
Structure 

 
Forest Age 

(years) Roe Sika Red 
Establishment 0-8 12 2-4 2 
Pre-thicket 9-14 17 4-14 5-8 
Thicket 15-28 9 10-35 10-40 
Pre-felling 29+ 8-16 4-11 2 

 

Table 3.1.  Deer densities within different growth stages of Scottish forests. Roe deer 
data from Staines & Ratcliffe (1991) and Fergusson (2002). Sika deer data from 
Chadwick et al. (1996). Red deer data from Ratcliffe (1987a). 
 
 

The growth of deer populations in Scotland has not come without problems. High 

densities of deer can have deleterious effects on forestry, agriculture and natural 

vegetation. Browsing, bark stripping, fraying and bole-scoring by deer can inflict 

substantial costs on the forestry industry in particular. The Forestry Commission owns 

around 35% of Scottish woodland and budgeted for a net deer management cost of £4.85 

million for the year 2003/2004 (Hunt, 2003). These costs however do not include those 

incurred through damage caused by deer to trees, which can be extensive. Forestry 

damage caused by deer in the Galloway area of south-western Scotland was thought in 

1990 to be costing around £2 million per annum (Allison, 1990). Damage by sika deer 

was estimated to cost Forest Enterprise between £2000-£4000 ha-1 in an area of high sika 

density in the Borders (Putman, 2000). Furthermore, a very high culling effort, which is 

costly in terms of man-hours, is required to reduce high-density sika populations 

(McLean, 1993; 2001).  

 

Overgrazing and intensive browsing can also have undesirable effects on agriculture and 

natural vegetation of high conservation interest (Calder, 1994; SNH, 1994; Staines, 

1998a). In some native pinewoods, there has been little tree regeneration for decades as a 
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result of high grazing pressure by abundant deer. In many upland pinewoods there are 

very few trees younger than 200 years old (Steven & Carlisle, 1959; Watson, 1983).  

 

With a greater appreciation now of the undesirable effects of deer-fencing (Gill, Webber 

& Peace, 2000; Warren, 2002), there is a greater reliance on culling to manage deer 

populations. In recent years, there has been a shift in forest practice to a concept of 

continuous forest cover where large-scale clear-felling and replanting is being replaced 

by a system of much smaller scale re-establishment by natural regeneration (Warren, 

2002). On this scale, fencing is not cost effective and given the presence of remaining 

forest surrounding the re-establishing area, there is great potential for deer, especially roe, 

to inflict damage on the young trees (Warren, 2002). This is likely to become a more 

pressing issue as the huge areas of conifers planted in the 1960s and 70s become suitable 

for harvest. Heavy culling is, at the moment, the only realistic option, and this of course 

incurs a cost both in financial terms and in man-hours.  

 

The reduction of the Scottish red deer population by 100,000 animals has been proposed 

(SNH, 1994), and currently, around 70,000 red deer are shot each year (DCS, 2000). 

Much culling effort is now aimed particularly at reducing the hind population to more 

sustainable levels. As a result of concerns about hybridization with red deer, annual culls 

of sika deer have trebled since the late 1980s, so that over 4300 were shot in the 

1999/2000 season (DCS, 2001). 

 

Wild ungulates are now both widespread and very numerous in Scotland. There is a 

pressing need to limit and reduce deer densities in many areas, both in terms of protecting 

the rural economy, and for safeguarding natural habitats. All four species of deer in 

Scotland are potential prey for lynx. Although red deer stags are too large and powerful 

to be taken by lynx, red deer hinds do fall within the hunting capabilities of the Eurasian 

lynx, particularly as Scottish red deer, even those living in forests, are significantly 

smaller than those in Poland, where hinds regularly fall prey to lynx. It has been shown 

that wherever roe deer are present in a mixed ungulate community, they are usually 

selected by lynx, even when they are less numerous than the larger species (Jedrzejewski 
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et al., 1993). However, in areas where roe are scarce and red or sika deer are numerous, it 

is quite possible that lynx could prey significantly on these larger species, as they do 

elsewhere in the Palearctic. It is likely, therefore, that a reintroduced population of 

Eurasian lynx would encounter high densities of potential prey in forested environments 

throughout Scotland.  

 

3.4 Lynx depredation on livestock in modern Europe 
 
Stahl et al. (2002) identified three scenarios for the interaction of livestock and large 

carnivores in Europe:  

 

1. Livestock receive high levels of protection either by being fenced in, constantly herded 

by shepherds and/or dogs, or confined at night. These practices are typical of the 

Carpathian Mountains of Romania and Slovakia where numbers of wolf, bear and lynx 

are high. Under these circumstances, damage to livestock caused by lynx is non-existent 

or negligible, although wolves and bears can be problematic locally (Kaczensky, 1999; 

Mertens & Gheorghe, 2002; Rigg, 2003).  

 

2. Livestock are free-ranging, unattended and randomly distributed in large carnivore 

habitat. This is typical of several parts of Norway where each summer over 2 million 

sheep are grazed in the forest (Odden et al., 2002). They are unsupervised and scattered 

as individuals or small groups over large areas of forest, thus replicating the behaviour 

and occurrence of roe deer, the lynx’s favoured prey. As densities of roe deer over most 

of Norway are low, lynx territories are much larger than those in other countries (Sunde 

et al. 2000b; Linnell et al. 2001a), and in those parts of Norway where free-ranging sheep 

occur, most lynx will have sheep grazing within their home ranges (Odden et al., 2002). 

This results in relatively high levels of depredation of sheep by lynx and other forest 

dwelling carnivores. Almost all lynx, and especially males, are thought to kill sheep, 

although the roe deer remains the lynx’s principal prey despite its limited abundance 

(Odden et al, 2002). Lynx kill several thousand sheep, mostly lambs, each year in 

Norway, with a high of 9000 in 1999 representing around 0.4% of the national flock 



 

51  

(Linnell et al., 2000; Warren, Mysterud & Lynnebakken, 2001). The extent of the 

problem in Norway contrasts sharply with neighbouring Sweden, which supports a larger 

lynx population. Based on a Norwegian lynx population of 500 killing over 4700 sheep 

annually, and a Swedish lynx population of 1000 killing 48 sheep annually, Kaczensky 

(1999) calculated an annual loss per capita of lynx of 9.5 sheep in Norway, but less than 

0.1 in Sweden.  

 

3. Livestock are grazed in pastures, are unevenly distributed in flocks, wander freely at 

night and are not herded or protected from large carnivores. This form of husbandry 

usually develops in landscapes where large carnivores have been extirpated, and is the 

most widely practised in Europe. Lynx depredation under these circumstances occurs in 

areas such as the Alps and Jura mountains, where the problem tends to be very localised 

(Angst, Olsson & Breitenmoser, 2000; Stahl, Vandel & Migot, 2000; Stahl et al 2001a, 

2001b, 2002). As sheep are unevenly distributed in the landscape, only occurring in 

pastures, they are not found in the home range of every lynx. In addition, it is thought that 

the sudden and rapid movements of sheep in flocks may make hunting sheep more 

difficult for the lynx (Stahl et al., 2002). Spatial variability of sheep distribution 

combined with specific site factors, have resulted in sheep depredation by lynx involving 

only a few problem individuals at limited “hotspots”. Numbers of sheep killed or 

wounded by lynx in the French Jura vary from around 100-400 each year, but more than 

70% of attacks occurred in nine small hotspots representing 1.5% of the area affected by 

lynx attacks (Stahl et al., 2000; 2001b). The majority of affected sheep flocks in the 

French Jura experience only a very low level of depredation, i.e. 1-2 attacks per year. In 

an area of the Swiss North-western Alps, 350 of the 456 (77%) sheep pastures in the area 

experienced no incidences of depredation by lynx in the 20 years from 1979 to 1999 

(Angst et al., 2000). A further 15% experienced only one incidence of depredation during 

this time. The distance of the pasture from woodland or scrub has a strong bearing on 

levels of depredation (Angst et al., 2000; Stahl et al, 2002). In the Swiss Alps, 88% of 

lynx kills occurred within 200m of the forest edge, and 95% within 360m (Angst et al., 

2000). Sheep less than one year old are more susceptible than older sheep, with 78% of 

those killed falling into this age group. Of those sheep owners who lost livestock in the 
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Swiss Alps from 1979-1999, 80% lost three or fewer sheep during this period (Angst et 

al., 2000). In the French Jura, it was discovered that shooting a nuisance lynx would 

often solve the problem for a few months, but that ultimately a new lynx would take over 

the home range of the dead lynx and sheep depredation would commence once again 

(Stahl et al., 2001b). In these circumstances it is clear that site-specific, environmental 

factors are determining the likelihood and extent of depredation. 

 

In this last scenario, most lynx depredation occurs to a geographical pattern and to an 

extent is predictable in its location, allowing steps to be taken to manage the problem. 

The grazing of sheep, particularly lambs, away from the forest edge would reduce the risk 

considerably. The pattern of hotspots and problem individuals, which affects only a small 

number of sheep flocks, also allows a targeted response. Problem lynx repeatedly taking 

sheep can be shot, while those hotspots that appear to be predisposed to depredation by a 

succession of lynx, justify the use of more costly protection measures (Stahl et al., 2001b; 

2002). The use of shepherds, or guarding animals such as livestock guarding dogs, 

donkeys and llamas are all recommended for reducing lynx depredation of sheep, and are 

most cost effective where there is an acute problem such as at hotspots (Angst, Hagen & 

Breitenmoser, 2002).  

 

Although sheep are numerous and widespread in Scotland, they are usually grazed in 

open pastures and heath, and the use of wooded areas for sheep grazing occurs only on a 

very small scale (A. Waterhouse, pers. comm.). Livestock are excluded from commercial 

forests as it is widely perceived that their grazing activities damage the forest (Hulbert, 

2002), and so the vast majority of woodland in Scotland does not support grazing sheep. 

This situation is therefore not only very different to the historical one in Scotland where 

peasant farmers grazed livestock in woodland, creating potential conflict with lynx, but 

also differs considerably from the unique situation in Norway. A reintroduced lynx 

population in Scotland is likely to follow a similar livestock depredation model as that 

which occurs in the French Jura Mountains and Swiss Alps, where sheep are also grazed 

in open environments and are not protected from predators.  
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The recent trends in Scotland of a decline in sheep numbers and an increase in agri-

environmental spending (SEERAD, 2001; 2003b; 2003c), where farmers are rewarded 

for conserving and enhancing wildlife and landscapes, are likely to continue after the 

most recent CAP reforms are implemented in 2005. An extra £40 million per annum will 

be directed to environmental and rural development support by the year 2007 (SLF, 2004; 

WWF Scotland, 2004), while one leading agricultural economist has forecast that by 

2014 at least half of any farmer’s payment in Scotland will be coming through the 

“environmental route” (Maxwell, 2004). In recent years the total number of sheep in 

Scotland has fluctuated but generally shown a marked decline, with a high of 10 million 

in 1991 falling to just over 8 million by 2003 (SEERAD, 2003b) (Fig. 3.4). In response to 

recent changes in the subsidy system, sheep numbers are forecast to decline further by 

20% for Scotland as a whole, and by 26% in the Highlands (Cook, 2004). This continued 

reduction in numbers of sheep, may well diminish the potential for conflict between 

sheep breeders and lynx, while the trend for increased agri-environmental funding may 

make it possible for the costs of damage prevention measures to be absorbed. 

 
 

 
Fig 3.4. Changes in the total numbers of sheep in Scotland 1982-2003. Data from 
SEERAD (2003b). 
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3.5 Human attitudes towards carnivores 
 
International treaties as well as many national laws, now provide large carnivores with 

legal protection, and create obligations to consider reintroduction programmes. Article 11 

of the Bern Convention on the Conservation of European Wildlife and Natural Habitats 

(1979) includes a provision that members of the European Commission (including the 

UK): 

 

“encourage the reintroduction of native species of wild flora and fauna when this would 
contribute to the conservation of an endangered species…”.  
 

Article 9c of the Convention on Biological Diversity (1992) obliges signatory 

governments to: 

 

“adopt measures for the recovery and rehabilitation of threatened species and for their 
reintroduction into their natural habitats under appropriate conditions”. 
 

In addition, Article 22 of the EU Habitats and Species Directive (92/43/EEC) obliges 

member states to: 

 

“study the desirability of re-introducing species in Annex IV, that are native to their 
territory where this might contribute to their conservation…”.  
 

Annex IV includes such former British large carnivore species as the wolf, brown bear 

and the Eurasian lynx.  

 

In Britain, as elsewhere in the developed world, species once vigorously persecuted as 

vermin now receive legal protection and are recovering. Wildcats, pine martens, polecats 

and otters have all undergone extensive recolonisation, and in some cases have been 

reintroduced to areas from which they had disappeared (Langley & Yalden, 1977; 

Woodroffe, 1994; Craik & Brown, 1997; Birks, 1999; Birks, 2002). Many raptor species 

have since either naturally recolonised lost range, or have been reintroduced to areas of 

their former range in the past few decades (Dennis, 1998; Kitchener, 1998). The presence 
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of such species is today largely accepted and tolerated by the majority of the population, 

although predation on game birds, especially by legally protected raptors, can engender 

discontent among shooting interests. In some areas, the local rural community is 

protective of its rare wildlife, as is the case with white-tailed eagles on the island of Mull, 

where local people monitor nests and help to protect them from egg thieves (L. 

McLachlan, pers. comm.). Their relative rarity (particularly within densely populated 

parts of Britain) and aesthetic appeal, mean that many of the once-persecuted species are 

now a major tourist draw in Scotland, reinforcing perceptions of an area’s remoteness or 

wildness. Images of carnivores such as otters and pine martens, as well as raptors like 

eagles and ospreys Pandion haliaetus are very often used to sell the Scottish Highlands to 

tourists. Observation facilities allowing visitors to view nesting raptors have been 

provided across Scotland (Minns & Gilbert, 2001; RSPB Scotland, 2003a; 2003b), and 

one such facility has attracted over two million visitors since ospreys returned to breed 

there in 1959 (Taylor, 2002). 

 

Tourism is today crucial for the Scottish economy, and is especially important in remote, 

rural areas (Hayes, 2002). The Scottish tourist industry is already heavily reliant on 

Scotland’s nature and wildlife to attract visitors, with more than 90% of visitors stating 

they would recommend Scotland as a wildlife destination when they returned home (A & 

M [Training & Development], 2002). The wildlife tourism sector in Scotland is 

expanding quickly and is likely to continue to do so, with a 46% increase in employment 

within wildlife tourism businesses from 1997-2001, so that around 3000 people are now 

directly employed within the sector (A & M [Training & Development], 2002). There is a 

strong interest in wildlife and conservation within the UK, the leading market for tourism 

in Scotland, evidenced by the 10.7% of the UK’s population of 60 million who are 

members of conservation organisations (RSPB, pers. comm.).  

 

Large carnivores have the potential to bring economic benefits to rural areas through 

tourism, either directly, as people seek opportunities to catch a glimpse of such 

charismatic species, or indirectly, by acting as a powerful icon of wilderness. Large 

carnivore tourism is being developed in several areas of Europe (Goodwin, Johnston & 
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Warburton, 2000), and since the reintroduction of the lynx to the Harz National Park in 

Germany in 2000, authorities and businesses have moved quickly to utilise the lynx as a 

marketing tool. On the German tourism industry web-site, potential visitors to the Harz 

Mountains are invited to experience “Incredible wilderness in the Kingdom of the Lynx”, 

and a photo of the animal accompanies the holiday offer (http://www.germany-

tourism.de/e/6293.html). Images of lynx are also used extensively on brochures, posters, 

t-shirts, books and signs promoting the park, and visitors are lured by the possibility of 

glimpsing a lynx and by an increased perception of the area’s wildness (F. Knolle, pers. 

comm.). By being similarly marketed in Scotland, especially to UK visitors, reintroduced 

lynx could bring economic benefits to remote rural areas. The chairman of the national 

tourism agency, VisitScotland, recently stated that he felt that discussion of the 

reintroduction of large carnivores to Scotland was a “hugely positive development” 

(Lederer, 2002). 

  

3.6 Conclusion 
 
Because the factors that brought about the extinction of lynx in Britain were 

anthropogenic, the lynx can be considered as a candidate for reintroduction to the UK. 

There are several directives and conventions which encourage this and the Eurasian 

lynx’s inclusion on Annex IV on the EU Habitats Directive reflects the species’ 

conservation importance within Europe. The IUCN Guidelines on Reintroductions (1998) 

state that the factors responsible for a species’ extinction should no longer be operating, if 

it is to be considered for reintroduction. However, environmental conditions over much 

of Scotland today are suitable for lynx, as the processes responsible for the lynx’s decline 

and extinction in Britain, generally appear to no longer operate. Indeed, extrapolating 

current trends in afforestation, deer abundance, agri-environmental spending, and public 

attitudes towards wildlife and the environment, would seem to indicate that conditions 

are likely to become more and more favourable for lynx reintroduction in Scotland. 

Indeed it is possible that the reintroduction of Eurasian lynx to Scotland, in addition to 

restoring natural processes in the forest ecosystem, may actually bring economic 

opportunities in rural areas. 
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CHAPTER 4 

 

 

HOW MUCH POTENTIAL HABITAT IS THERE  

FOR EURASIAN LYNX IN SCOTLAND? 
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4.1 Introduction 
 
4.1.1 Aims 
 
The aims of this chapter are: 

 

i) to identify and quantify areas of potential habitat for Eurasian lynx in Scotland, 

based on the habitat requirements of a reintroduced lynx population inhabiting a 

similarly human-modified, and fragmented landscape elsewhere in Europe; 

 

ii) to determine if lynx could disperse sufficiently across the Scottish landscape 

between potential habitat patches for the purposes of colonisation, and for seeking 

out conspecifics for reproduction.  

 

First, a review is presented of the habitat requirements of Eurasian lynx, both in terms of 

establishing home ranges, and also for dispersing across the landscape, before leading on 

to a summary of the relevant types of land cover in Scotland.  

 

4.1.2 Lynx habitat requirements 
 
4.1.2.1 Home range 

Prey, and the cover from which to hunt it, are the major natural constraints on lynx range 

and population density in the temperate and boreal zones (Breitenmoser et al., 2000). 

Small ungulates are the most important prey item for the Eurasian lynx, and where they 

are found, roe deer are usually the single most significant prey species. Indeed, lynx and 

roe deer are virtually sympatric right across Eurasia.  

 

Roe deer are predominantly browsers and are found most often in coniferous and 

broadleaved woodland, or in open areas near to the woodland edge (Fawcett, 1997). 

Wooded habitats, therefore, provide the lynx with an important food resource and, as the 

lynx is an ambush hunter, also the cover in which to stalk its prey. However, some areas 

of lynx range in Eurasia are not well wooded, and so roe deer are scarce or absent 

(Breitenmoser et al., 2000). In these cases, lynx use the available cover to hunt other 
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species. For example, in the Swiss Alps, lynx often forage above the altitudinal treeline, 

using montane shrub and rocks to ambush chamois, while in the mountains of Central 

Asia lynx exist in treeless environments, hunting instead on scrubby mountainsides 

(Breitenmoser et al., 2000).  

 

Zimmermann & Breitenmoser (2002) developed a GIS model to predict the probability of 

the presence of lynx in Switzerland based on habitat information and animal movements 

as determined by radiotelemetry data from the Swiss Jura Mountains. They identified a 

range of factors that apparently predicted the presence of lynx and cautioned that these 

factors would not apply to all other regions. For example, slope and elevation were both 

identified as being strong, positive influences on lynx habitat in the Swiss Jura, while 

elsewhere, such as in north east Poland, the Baltic republics and in Finland, lynx thrive in 

lowland forests on flat terrain. However, forest was identified as the third most 

significant predictor, and across much of Europe the presence of woodland appears to be 

essential to lynx, although the proportion of lynx home range covered in forest varies 

across Europe.  

 

Lynx in Białowieża Forest, Poland, use wooded habitats almost exclusively, as in that 

area both the land use system and the topography allow for large contiguous areas of 

forest, unbroken by non-wooded land-use and mountain ridges (B. Jedrzejewska pers. 

comm.). Elsewhere, it is clear that lynx can exist in a much more heterogeneous 

landscape, where woodland is more fragmented and separated by areas of open ground 

(Breitenmoser-Würsten et al., 2001). The results of radio-tracking 14 lynx in the Swiss 

Alps showed that the percentage of lynx home ranges that were covered in woodland 

(both closed and open) varied from 27% to 51.3%, with a mean value of just 32.2% 

(Breitenmoser-Würsten et al., 2001). Closed and open forest, however, always tended to 

be the most intensively used part of the home range, while the remainder of the home 

range, chiefly meadows and pasture, was used much less despite being the dominant 

habitat by area in most cases. In the more densely wooded Jura Mountains in 

Switzerland, at least 60% of an average adult lynx home range is covered in woodland (F. 

Zimmermann, pers. comm.). 
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4.1.2.2 Dispersal 
Juvenile lynx usually become independent of their mothers at between 9 and 11 months 

of age (Schmidt, 1998). At this stage, they disperse from their mother’s home range in 

search of a home range of their own, and they may have to travel some distance to settle 

in an unoccupied territory. For example, in the Swiss Jura Mountains, dispersal distances 

for 11 subadult lynx varied from 11 km to 98 km, with a mean of 43.4 km (Zimmermann, 

1998). In the Swiss Alps, 19 subadult lynx were followed with radiotelemetry which 

revealed dispersal distances from 2 km to 164 km, with a mean of 68 km (Breitenmoser-

Würsten, et al., 2001). In Białowieża Primeval Forest in Poland, six subadult lynx 

dispersed between 5 km and 129 km, with a mean distance of 42.5 km (Schmidt, 1998). 

In north-east Poland, subadult lynx followed areas of forested habitat during their 

dispersal, and open farmland appeared to be a barrier, with lynx changing direction 

whenever they encountered it (Schmidt, 1998).  

 

In Switzerland, where lynx have adapted to more open environments, roaming lynx can 

use other land-uses during their dispersal. In the Swiss Jura, although 75% of 

radiotelemetry locations from dispersing lynx came from woodland, 25% were in open 

habitats, such as natural open habitats (11%), pasture (11%) and agricultural land (3%) 

(U. Breitenmoser, pers. comm.). Nevertheless, lynx tend to use woodland and scrub as 

they move across the landscape and are rarely more than 400 m to 500 m away from such 

cover (Zimmermann & Breitenmoser, in press). Lynx have also been recorded swimming 

up to 30 m across rivers and 200 m across lakes (Zimmermann & Breitenmoser, in 

press). Furthermore, despite stronger habitat preferences than other European large 

carnivores (Breitenmoser, 1998), lynx have shown adaptability in human-modified 

landscapes. Radiotelemetry from Switzerland has revealed that lynx will often rest during 

the day in close proximity to human settlements, roads, golf courses, logging areas, ski 

lifts and even military training areas when shooting is actively underway (Zimmermann 

& Breitenmoser, in press). 
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Before going on to quantify the availability of habitat for lynx in Scotland, a summary of 

the land cover of Scotland is presented with an outline of the availability of wooded and 

non-wooded habitats. 

 

4.1.3 Potential Lynx Habitats in Scotland 
 
4.1.3.1 Woodland 

As outlined in Chapter 3, Scotland underwent large-scale reafforestation during the 

twentieth century, especially from the 1950s to 1980s when there was an expansion of 

upland conifer forests (Mather, 1993). The new forests were planted on farmland and 

moorland, using European species at first, such as Scots pine Pinus sylvestris, European 

larch Larix europaea and Norway spruce Picea abies, but faster-growing North 

American species were then planted, such as lodgepole pine Pinus contorta, and 

especially Sitka spruce Picea sitchensis (Peterken, 1996). The Sitka spruce is now the 

most common tree species in Scotland (Forestry Commission, 2002a). 

 

Much of this planting has resulted in a landscape of mono-specific, rectilinear forests, 

with even-aged stands of relatively closely spaced trees. Guidelines were introduced 

throughout the 1980s and 1990s to ensure higher standards of forestry practice (Mather, 

1993), so that modern forest design strives for wider environmental and landscape 

benefits (Forestry Commission, 1999). Second generation production forests in Scotland 

are now designed to include a more diverse species composition, a mosaic of age classes 

and more natural woodland edges (Forestry Commission, 1999).  

 

Since the late 1980s, a series of state grant schemes has encouraged the creation of many, 

new broadleaved and native Scots pine woodlands, as well as the restocking of existing 

sites. Consequently, these grant schemes have led to a shift away from exotic conifer 

species, so that by the year 2000 more than two thirds of new planting comprised native 

Scots pine and broadleaved species (Forestry Commission, 2002a). Some of these new 

native woodlands are extensive, such as the Woodland Trust-owned site at Glen Finglas 

in the Trossachs, which is over 4,000 ha. (Scenes, 1999). Reafforestation continues today, 

and around 10,000 ha of new planting occur in Scotland each year (Forestry Commission, 
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2002a). As of 2000, approximately 65% of Scotland’s forest is planted conifers (935,431 

ha), 21% is semi-natural broadleaves and conifers (346,679 ha), and 24% is mixed 

planted/semi-natural woodland (57,557 ha), leading to 20% of the Scottish mainland now 

being forested (Caledonian Partnership, 2000). 

 

The distribution of woodland in Scotland is influenced by soils and climate, as well as by 

the history of human land-use (Tipping, 1994). In the north-east coastal lowlands, 

woodland occurs in a mosaic with agriculture, unhindered by poor soils and high altitude. 

Woodland in the Highlands however, tends to form belts along river valleys which run to 

the east and south. These are linked to one another where valleys converge at lower 

altitudes, but in the upper reaches of the valleys, woodland is constrained by the poor 

soils and harsher climate found at altitude in Scotland (Peterken, Baldock & Hampson, 

1995). Ridges between valleys do not need to be particularly high to ensure separation of 

wooded areas. As a result of high latitudes and the wet Atlantic climate, as well as a long 

history of human modification through burning and grazing, altitudinal treelines are very 

low compared to many areas in continental Europe. The present treeline in the Cairngorm 

Mountains is little over 600 m, whilst in the wetter north-west, the treeline can be as low 

as 30 m (D. Gilbert, pers. comm.).  

 

In Argyll, the hills are lower and the climate is less harsh as a result of the south-westerly 

location. Here, the large conifer plantations of the twentieth century cross the ridges, 

forming large blocks of contiguous woodland, which are interspersed by the highly 

indented coastline (Peterken et al., 1995).  

 

Woodland cover in the Central Lowlands is generally fragmented, with patches of 

woodland occurring in an agricultural and post-industrial landscape. The Southern 

Uplands witnessed large-scale reafforestation during the twentieth century, and vast areas 

of treeless hill land were planted up with exotic conifers. Here, woodland occurs in large 

blocks and is not distributed linearly in valleys as it is in the Highlands. 
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4.1.3.2 Non-wooded habitats 

The Land Cover of Scotland 1988 dataset (LCS88) compiled by the Macaulay Institute 

(MLURI, 1993) was the first national, medium-scale (1:25,000) digital land cover map in 

Europe and represents a detailed census of the land cover of Scotland as determined from 

the interpretation of aerial photographs. Summaries of this dataset show that over 50% of 

Scotland was covered by semi-natural ground vegetation. Heather moorland and peatland 

vegetation form around 40% of the land surface, either independently or in mosaics with 

one another. Of the agricultural land cover types, 13% is improved grassland and over 

11% is arable farming land. Heather moorland and peat are the predominant types of 

open land cover types in the Highlands. Peatland vegetation includes plant communities 

tolerant of acid, poorly-drained soils such as some heathers (Calluna sp.), mosses, and 

grasses. Heather moorland is split into dry, wet and undifferentiated heather moorlands, 

occurring on poor soils, some with drainage problems.  

 

Smaller areas of bracken Pteridium aquilinum commonly occur in a mosaic with other 

types of land cover across Scotland, and are especially widespread on rough grassland 

and on heather moorland. Improved and rough grassland are the typical non-wooded land 

cover types found in the Southern Uplands. Rough grassland is dominated by grasses and 

herbs, which are often used for extensive grazing, while improved grassland generally 

occurs on fertile soil and is used for grazing and silage. The most important non-wooded, 

land cover classes in the Central Lowlands are improved grassland and arable. The arable 

class includes all arable crops such as cereals and vegetables, as well as freshly ploughed 

land, fallow areas and short-term set-aside. 

 

4.2 Materials and methods 
 

4.2.1 Study Area 
 
The study area was taken as mainland Scotland. Of the four constituent parts of the 

United Kingdom, Scotland was the most suitable area for consideration of its potential for 

the reintroduction of lynx on the basis of its low human population density, generally 

light transport infrastructure, relatively small area of intensive agricultural land, large 
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areas of contiguous forest, and high deer densities. There is, as yet, no evidence that lynx 

existed on the Scottish islands during the Holocene, and in any case, with the exception 

of Mull, which has no roe deer population, the islands are sparsely wooded. The study 

area extends to around 68,000 km², and has a human population of approximately 5 

million, giving a human population density of 73.5 km–2. In comparison, neighbouring 

England has a human population density of 376.8 km–2 (2001 census: 

www.Statistics.gov.uk/census2001/profiles/64.asp). Population density in Scotland is 

also lower than in Switzerland (177.2 km–2) and Austria (97.6 km–2), two similarly sized 

countries where lynx reintroduction schemes have already occurred (July 2003 estimates, 

CIA World Factbook: http://www.cia.gov/cia/publications/factbook/index.html).  

 

Fig 3.1 shows the principal topographic areas of the study area, which consists of three 

main zones: two upland, and one lowland. The largest zone, the Scottish Highlands, 

extends to over half the area of the Scottish mainland. The majority of the Scottish 

Highlands has a human population density of less than 10 km–2. The Highlands can be 

further subdivided into two zones, the North Western Highlands and the Grampian 

Mountains, which are separated by the Great Glen Fault, which is partly occupied by 

Loch Ness. These mountain ranges, especially the Grampians, include the highest 

mountains in the United Kingdom. The other main upland zone occurs in the south of 

Scotland and is partially delineated to the south by the border with England. The zone of 

the Southern Uplands extends to approximately 13,000 km² and is centered around a 

range of lower, rounded hills which continue across the English border into the Cheviot 

Hills. The administrative areas of Dumfries & Galloway and Borders, which are located 

wholly within the Southern Uplands zone and form the majority of its area, support an 

average human population density of around 23 km–2 (2003 census; http://www.gro-

scotland.gov.uk/grosweb/grosweb.nsf/pages/file11/$file/03mid-year-estimates-

table6.pdf).  

 

The third zone, the Central Lowlands, is a low-lying area with a few low hill ranges. 

Despite its limited geographical extent, the Central Lowlands are home to around 75% of 

Scotland’s population and Scotland’s two largest cities, Glasgow and Edinburgh. This 

s
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densely populated area, and in particular the Central Belt (a narrow band of land running 

from Glasgow to Edinburgh), has the most developed landscape of the three zones, as 

well as the most extensive transport infrastructure.  

 

4.2.2 Modelling approach 
 
In order to estimate the number of lynx that Scotland could potentially support, the 

amount of suitable lynx habitat was quantified using a Geographical Information System 

(GIS). GIS allows not only the compilation and the graphical display of geographical and 

environmental data, but also the manipulation of that data, and as such, GIS is especially 

useful for analysing spatial relationships such as the contiguity of mapped areas 

(Morrison, Marcot & Mannan, 1992). It is considered a valuable tool for investigating 

animal distribution in the landscape (Farina, 2000), and such value has become apparent 

in the assessment of habitat in feasibility studies relating to the reintroduction of species 

(e.g. South, Rushton & Macdonald, 2000; Carroll et al., 2001; McClafferty & Parkhurst, 

2001; Paquet et al., 2001; Schadt et al., 2002a; 2002b; Kramer-Schadt et al., 2004).  

 

Two different modelling methods to identify suitable habitat for Eurasian lynx in Europe 

have been used to date and described in the literature: a statistical model and a rule-based 

model (Doswald, 2002; Schadt et al., 2002a; Schadt et al., 2002b; Zimmermann & 

Breitenmoser, 2002), both of which use spatial data within the modelling process.  

 

A statistical habitat model was developed by Schadt et al. (2002a) to assess the suitability 

for lynx of landscapes in Germany and bordering areas. This used logistic regression to 

quantify lynx habitat factors, such as the level of forest fragmentation caused by areas of 

intensive and extensive human land use, gathered from radio-telemetry data from the 

Swiss Jura Mountains. Zimmermann & Breitenmoser (2002) also carried out a logistic 

regression analysis to test the extent to which various factors predicted lynx presence in 

the Swiss Jura Mountains, and then extrapolated the identified predictors over the whole 

mountain range to assess the suitability of unoccupied areas.  
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Such models tend to use the analysis of raw data on habitat, and in cases where such data 

are sourced from an environment other than the locality being considered, there is a 

danger that significant environmental differences could be overlooked and incorporated 

into the model, unless it is possible to validate the model using data from a more local 

geographical area. In Scotland, there is no lynx population, so it is not possible to use 

local habitat data for the creation of the model, or for validation. It is this lack of any 

recent population of the species that poses a challenge for the modeller seeking to 

identify those areas within the contemporary environment in which lynx might thrive. To 

gain insight to the issues of most likely relevance, the approach taken has been to learn 

from the information and experiences of teams working in areas with some similarities to 

those of Scotland, although it is recognized that only lessons and guidance can be drawn. 

 

Doswald (2002) created a habitat suitability model for Switzerland by analysing the 

responses to a questionnaire, which asked several experts on lynx to weigh the 

importance of a range of environmental variables in determining habitat suitability for 

lynx. The experts were required to rate every possible pairing of the environmental 

variables according to their relative importance. The ratings were ranked in a 9-point 

scale and then input to a GIS.  

 

Schadt et al. (2002b) employed another form of rule-based model to identify suitable 

lynx habitat in Germany and bordering areas, and to estimate connectivity between 

patches. For that model, the rules describing lynx habitat preferences were decided upon 

from interpretation of the scientific literature and by communicating with lynx biologists. 

Rules were developed to describe the level of forest cover, forest fragmentation, forest 

patch size and the presence of barriers.  

 

Despite the contrast between the qualitative approach of the rule-based assessment, and 

the more quantitative approach of the statistical analysis, the two studies of potential lynx 

habitat in Germany yielded very similar results (Schadt et al., 2002a; 2002b). For the 

purposes of this study, covering as it does an area for which there are no field data, it was 

decided to employ a rule-based model. A rule-based model can allow for greater 
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interpretation by the habitat modeller of data from across the scientific literature and from 

communication with lynx biologists, which can be better tailored to the environment in 

question. The rules were based, not on the judgements of a panel of experts as in 

Doswald (2002), but on a compilation of information interpreted from the available 

literature, as well as expert opinion from lynx biologists at KORA, the governmental 

agency which conducts large carnivore research in Switzerland. 

 

4.2.3 Datasets 
 
Non-wooded areas were identified using the classification of the LCS88 Dataset 

(MLURI, 1993). Much of the land cover change since this dataset (from photography 

flown between 1988 and 1992) was compiled, has occurred through a loss of heath and 

grassland to afforestation. Information about the more recent extent of woodland in 

Scotland came from two sources: the Scottish Semi-Natural Woodland Inventory 

(SSNWI) (Caledonian Partnership, 2000); and the National Inventory of Woodland and 

Trees (NIWT) (Forestry Commission, 2002b). In these datasets, woodlands are 

represented by polygons which delineate an area of woodland with a common value, such 

as woodland type or canopy cover. 

 

The SSNWI 1:25,000 dataset depicts all blocks of woodland in Scotland greater than 0.1 

hectare and includes open forest with as little as 1 to 10% canopy cover. This information 

was interpreted from aerial photographs taken in 1988. The NIWT 1:25,000 dataset 

shows only woodland over 2 ha in size and over 50% canopy cover, but in addition to 

data collated from the 1988 aerial photographs, it contains all new woodland planted by 

the Forestry Commission and under the Woodland Grant Scheme, during the period of 

1988 to 2002. These two datasets were combined using ArcView® 3.2 Software to give 

up-to-date information on the full extent of Scotland’s woodlands.  

 

Data on the networks of roads and rivers in Scotland were obtained from the Ordnance 

Survey (2002) at 1:50,000 scale, and at a strategic level from Bartholomews 1:200,000 

(1999). 
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4.2.4 Habitat analysis 
 
4.2.4.1 Step 1 - Woodland 

All woodland types within the study area were considered as potential lynx habitat, as 

lynx appear to show no preference between coniferous and broad-leaved woodland 

(Breitenmoser et al., 2000), and use both open and closed woodland, as well as scrub, in 

the Swiss Alps (Breitenmoser-Würsten et al., 2001). Roe deer can use a range of 

woodland types, including areas of establishing conifers and broadleaves (Ratcliffe & 

Mayle, 1992), and are distributed across all woodland types throughout Scotland. Lynx 

can use very small patches of woodland to move around the landscape. In the north-

eastern Alps of Switzerland, one lynx was radio-tracked to a patch of woodland no larger 

than one hectare, adjacent to a main road and a working quarry (D. Hetherington, 

personal observation). The minimum mapping unit for woodland data in this analysis 

was therefore chosen as 1 ha, and all patches of woodland and scrub greater than 1 

hectare in size were therefore included in the analysis. In reality, both woodland datasets 

used in the present analysis contained woodland polygons smaller than their published 

minimum polygon sizes of 0.1 ha (SSNWI) and 2 ha (NIWT). Therefore, woodland 

polygons of less than 1 ha created by not only the SSNWI, but also the NIWT, were 

disregarded. 

 

4.2.4.2 Step 2 – Non-wooded land 

It was necessary to devise a method of including open land adjacent to forest, which often 

forms a significant part of lynx home ranges (e.g. Breitenmoser-Würsten et al., 2001). It 

was decided, however, not to include or exclude open land on the basis of land-use type.  

Intensively-used agricultural land such as arable, and extensively used agricultural land 

such as improved pasture, very often occur in intimate mixes in Scotland and devising 

differing rules for including one and excluding another, would be impractical. Moreover, 

most open land uses, whether agricultural land, such as arable, or semi-natural, such as 

bog or moorland, witness very little human activity on a day-to-day basis.  

 

In Scotland, all of the main open land categories commonly support roe deer, and the 

sward height, and thus cover, is not necessarily always greater in one than the other. For 
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instance, at certain times of the year, a field of arable crops such as oilseed rape provides 

considerably more cover for a travelling or stalking lynx than an area of extensively used 

pasture. Although peat bogs, with their short vegetation and waterlogged environment, 

may not be attractive foraging areas for lynx, heath and acid grassland can support high 

densities of wild ungulates and may offer sufficient cover from which to stalk prey. 

Bracken can occur in both habitats in dense patches and can often reach over 2 meters in 

height, while heather, depending on grazing pressure, can also attain a height sufficient to 

hide a stalking or travelling lynx. 

 

In Scotland, most forms of open land, such as intensive and extensive agricultural land, 

as well as semi-natural open land, are infrequently visited by humans, just as likely to be 

inhabited by wild ungulates, and offer unpredictable amounts of cover. A method was 

required to incorporate open land into the habitat analysis. The method used involved 

consideration of the influence that core habitat would exert in the local neighbourhood. 

For example, in a landscape of fragmented forest, evidence suggests that the maximum 

distance of open land that a lynx would cross in order to get to another area of forest 

would be 1 km (Haller & Breitenmoser, 1986; Schadt et al., 2002b; F. Zimmermann, 

pers. comm; K. Schmidt, pers. comm.). However, it is likely that a lynx would risk 

crossing distances of open land to a forest patch only if it assessed that the risk was lower 

than the potential gains offered by a combination of prey and cover. Therefore, a small 

patch of forest with fewer hunting opportunities and offering less security would be less 

worthy of risking a long crossing of open land. On this basis, the amount of open land 

incorporated into the model was to be governed by the size of woodland patches in its 

neighbourhood.  

 

In order to include non-wooded land-uses as potential habitat, and to allow for movement 

to other forested areas, a zone of open land extending from the forest edge, or “buffer”, 

was created around all discrete woodland patches (Fig. 4.1). Where buffers overlapped 

one another, they were merged into one unit using the GIS software.  
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The width of the buffers was determined by both woodland patch size and the level of 

canopy openness. Data from Switzerland has shown that lynx will use scrub and open 

woodland, as well as woodland with a partial closure of the canopy (Breitenmoser-

Würsten et al., 2001), so information about canopy closure was incorporated into the 

analysis.  

 

Woodland patches <50ha

Open land within buffer

100m

207m

 
Fig. 4.1. Diagram showing woodland polygon buffering 

 

Patches of closed woodland (>20% canopy cover) over 400 ha were buffered with a 

maximum distance of 500 m. The figure of 500 m was selected as it permits the 

incorporation of the 1 km connectivity distance between two large woodland polygons, 

identified as being a maximum feasible travelling distance for lynx across open land. 

Shorter buffer distances however were assigned to woodland patches with decreasing 

patch size, so that closed woodland patches less than 50 ha in size received the shortest 

buffer of 100 m. Buffer distances for the various patch size ranges are summarised in 

Table 4.1 

 

To allow for open canopy woodlands, polygons of woodland patches with a canopy cover 

of less than 10% (including scrub) were included but not buffered. Patches with a cover 



 

71  

of 10% to 20% were buffered by a distance half that of a similarly sized woodland patch 

with a canopy cover of 20% or more.  

. 
 

 Woodland canopy cover (%) 
Woodland 

patch size (ha) <10 10-20 >20 

<50 0 50 100 
50-199 0 100 200 
200-299 0 150 300 
300-399 0 200 400 
≥400 0 250 500 

      

Table 4.1. Buffer distances in metres, with respect to woodland patch size and 
canopy cover. 

 

 

4.2.4.3 Step 3 - Sea and lochs 

Areas of sea and lochs classified as ‘large’ (identified as >165 ha in the 1:200,000 

topographic dataset from Bartholomews) that lay within the buffer of woodland habitat 

were removed to ensure that only terrestrial habitats were included. Settlements over 50 

ha in size which were located at the edge of the buffered zones were removed from the 

buffer as they were considered to be barriers to lynx movement as well as unsuitable 

habitat (A. Ryser pers. comm., F. Zimmermann pers. comm.).  

 

The ‘Minimum Convex Polygon’ method (Mohr, 1947) is the most frequently used 

technique for the calculation of home ranges of mammals based upon field observations 

(Harris et al., 1990), and has been widely used by lynx biologists (e.g. Breitenmoser et 

al., 1993; Jedrzejewski et al., 1996; Schmidt, Jedrzejewski & Okarma, 1997; 

Breitenmoser-Würsten et al., 2001). The area is calculated by drawing a polygon around 

the maximum geographical extent of the observations (usually derived from 

radiotelemetry fixes). In this way, smaller lochs and settlements could easily be included 

in a lynx home range despite being unsuitable habitat and without ever having been 

visited by the lynx. Therefore, in order to allow comparison with lynx home range data 
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derived from elsewhere, smaller lochs and settlements totally surrounded by buffered 

open land were not removed from the habitat buffer. 

 

4.2.4.4 Step 4 - Roads 

In Switzerland, although lynx have been recorded crossing fenced, 6-lane motorways, 

such busy roads should be regarded as being potentially strong barriers to lynx 

movement. Radiotelemetry data has shown that four dispersing male lynx spent several 

days in the vicinity of motorways but ultimately three chose not to cross them and turned 

back (Breitenmoser-Würsten et al., 2001). It appears that cases of lynx crossing 

motorways in Switzerland have occurred with dispersing individuals and not with the 

daily movements of those roaming their home ranges. For the modelling of lynx habitat 

in Scotland, the assumption was made that lynx in Scotland would not tolerate either 

motorways or dual carriageways within their home ranges. Therefore, roads data was 

overlaid on the buffered patches, and where motorways and dual carriageways intersected 

a buffered patch, that patch was split.    

 

4.2.4.5 Step 5 - Patch size and woodland content 

When these steps had been taken, patches were examined on the basis of their size and of 

their woodland content. The pattern of afforestation in the Swiss Alps is similar to that of 

the Scottish Highlands, an area which forms considerably more than half of the study 

area. As in the Highlands, forest in the Alps is limited by the constraints of altitude, and 

so tends to exist linearly in river valleys. The Swiss Alps, compared to lynx areas 

elsewhere in Europe, were found to support high densities of lynx with relatively small 

home ranges (Breitenmoser-Würsten et al., 2001). Due to its high prey densities, it was 

felt that Scotland could also support high lynx densities and thus relatively small home 

ranges. Therefore, because of similarities in relevant environmental parameters, such as 

likely home range size and the pattern of woodland cover, it was decided to use 

information drawn from research in the Swiss Alps, for which there was a considerable 

amount of high quality habitat data and observations of lynx movement (e.g. 

Breitenmoser-Würsten et al., 2001). 
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A comprehensive radiotelemetry study was conducted of 23 adult lynx in the Swiss Alps 

by Breitenmoser-Würsten et al. (2001). The smallest home range revealed by the 

radiotelemetry for a female territory was 45 km2, and for a male was 74 km2. The lowest 

proportion of woodland and scrub cover within a lynx home range was 38%, while the 

least amount of woodland and scrub in a home range was 24 km2. For the purposes of this 

model, to identify habitat patches large and wooded enough to support a female lynx 

home range, patches less than 45 km2 in extent, and/or with less than 38% forest cover, 

and/or less than 24 km2 of woodland, were removed.  

 

Introducing a rule about the proportion of woodland cover was essential to eliminate 

those patches that were created by the buffering of a network of contiguous farm 

woodlands, often planted in long strips as field boundaries. These woodlands, due to their 

thin linear shape, exerted a much greater influence on open land when buffered, out of 

proportion to their size, and in any case, are not ideal lynx habitat.  

 

4.2.4.6 Summary of Rules  

To summarise, the rules used for the present analysis of habitat were as follows: 

 

1. Woodland patches were considered as functionally connected, dependent upon their 

size and openness. The maximum distance for connectivity between woodland 

patches was 1000 m, for closed woodland patches over 400 ha in size. 

 

2. Large lochs, dual carriageways, motorways and human settlements were considered 

as barriers to lynx, and would form the boundaries of home ranges. 

 

3. The minimum patch size capable of containing a female home range was 45 km². For 

patches to support both a male and a female, the minimum patch size was 74 km². 

 

4. A habitat patch capable of supporting one or more lynx must contain ≥ 24 km² of 

woodland and be ≥ 38% forested. 

 



 

74  

The application of these rules produces an output that will be referred to as the ‘standard 

scenario’. 

 

4.2.4.7 Sensitivity Analysis  

A sensitivity analysis was carried out to assess the sensitivity of the model to variation in 

key model parameters. Four alternative scenarios (A - D) were established which differed 

from the standard scenario outlined in section 4.2.4.6, either by the extent to which open 

woodland was included, or by the buffer size for large woodland patches (Table 4.2).  

 
 

Scenario Parameter 
  

Extent to which open woodland is included 
Buffer size for 

woodland 
patches >400 ha 

Standard <10% woodland included (not buffered); 10-20% woodland 
included (receives half buffer size of >20% woodland) 500 m 

A <10% woodland not included; 10-20% woodland included, 
but not buffered 500 m 

B <10% woodland not included; 10-20% woodland not 
included 500 m 

C <10% woodland included (not buffered); 10-20% woodland 
included (receives half buffer size of >20% woodland) 400 m 

D <10% woodland included (not buffered); 10-20% woodland 
included (receives half buffer size of >20% woodland) 600 m 

 
Table 4.2. Criteria used in Standard and alternative scenarios for uncertainty 
analysis. 
 
 
 
4.2.5 Connectivity analysis 
 
Having identified potential patches of habitat in Scotland suitable for lynx, the level of 

connectivity between patches was assessed. If a patch of potential habitat was isolated 

from other patches by a considerable distance, and/or by strong barrier features such as 

motorways or inhospitable land-uses, then lynx may not be able to colonise the patch 

after reintroduction to Scotland. Likewise, if, as part of a reintroduction programme, lynx 

are released into an isolated patch, then the population may not be able to expand 

sufficiently to produce a viable population.  
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Connectivity analyses, which measure the ease with which an animal can move across a 

landscape from one patch of habitat to another, have been conducted for a range of 

species (e.g. Schippers et al., 1996; Rushton et al., 1997; Ferreras, 2001; Singleton, 

Gaines & Lehmkuhl, 2002; Bruinderink et al., 2003). Two studies have assessed inter-

patch connectivity for the Eurasian lynx in Europe (Schadt et al., 2002b; Zimmermann & 

Breitenmoser, in press). These two studies employed similar methodologies, using the 

cost-path and cost-distance functions of ArcView extension Spatial Analyst (ESRI, 

2000).  

 

Zimmermann & Breitenmoser (in press) evaluated connectivity between the lynx 

population in the Jura Mountains and other lynx populations in the Alps, Vosges, and 

Black Forest. A numerical ‘friction value’, designed to reflect the ease with which a lynx 

could cross a certain land cover type, was assigned to each distance unit of land crossed, 

and to any linear features crossed, such as roads and rivers. This value is then used in the 

calculation of the cost path function in ArcView Spatial Analyst, by totalling the friction 

values of potential routes across the landscape between a start and finish point. The 

algorithm then selects the route with the lowest accumulated cost, and thus the route most 

likely to be used by lynx as they move between habitat patches. The Swiss study 

attributed costs to paths thought to have already been utilised by lynx (e.g. between the 

Jura and the Alps), and for the purposes of comparison, also calculated path costs for real 

routes taken by radio-tracked, dispersing lynx in the Swiss Jura and Swiss Alps.  

 

Employing the same methodology and similar costs as the study by Zimmermann & 

Breitenmoser (in press) allowed the development of a spatial model of potential cost 

paths that could apply in Scotland, and a tool for assessing connections between habitat 

patches which are considered as feasible for lynx to use. This enables an evaluation of the 

spatial elements of the landscape that could influence lynx movement between identified 

habitat patches in Scotland. 

 

In order to evaluate the potential connectivity between patches identified in the present 

study, a cost grid was developed for use with data for Scotland. The cost grid was 
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developed by combining the woodland information of the SSNWI (Caledonian 

Partnership, 2000) and the NIWT (Forestry Commission, 2002b), as well as the non-

wooded land-use information of the LCS88 (MLURI, 1993) and the roads and rivers data 

from the Ordnance Survey (2002). These datasets were converted to a raster grid with a 

100 m cell size. Each cell was given a friction value according to the dominant land-use 

type within the cell. These values were based on those used by Zimmermann & 

Breitenmoser (in press) and were designed to reflect the ease with which a lynx could 

cross, or would want to cross, different types of land cover and potential barrier features. 

Woodland received the lowest friction value, as it is the optimum habitat for lynx, while 

urban areas received the highest friction value, as they are unsuitable lynx habitat and 

would be avoided by lynx if at all possible.  

 

Employing Swiss friction values in this theoretical model for Scotland, allows the 

resulting Scottish path costs to be compared with landscapes across which lynx have been 

known to disperse. The Swiss figures were, however, adapted for the Scottish 

environment (Table 4.3 and Fig. 4.2). For example, a friction value of 5, higher than that 

of woodland but lower than that of grassland, was attributed to both heather moorland 

and bracken, significant habitats in Scotland which are uncommon in Switzerland. In 

addition, Scotland does not support rivers as large as the Rhine and Rhône, so large 

Scottish rivers (the lower reaches of the Spey, Don, Dee, Tay, Tweed and Clyde) were 

given the same score as medium-sized Swiss rivers. In Switzerland, all 4-lane roads are 

classed as motorways, while in Scotland 4-lane dual-carriageways are common and 

generally support lower traffic volumes than motorways. For the purposes of this model, 

dual carriageways received a friction value between that of single carriageway trunk 

roads and motorways. 
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Land-use type Scottish Friction value Swiss Friction value 
Woodland 1 1 
Scrub 1 1 
Heath 5 - 
Bracken 5 - 
No coverage 7 - 
Dunes 10 - 
Montane vegetation 10 - 
Peatland 10 - 
Wetland 10 10 
Unimproved grassland 10 10 
Improved grassland 10 10 
Arable 30 30 
Bare rock & cliffs 1000 1000 
Urban & developed areas 1000 1000 
Open water 1000 1000 
Medium rivers - 40 
Large rivers 40 120 
Trunk (main) roads 40 40 
Dual carriageway 80 - 
Motorway 120 120 

 
Table 4.3. Friction values adopted for the cost path analysis. A 40 km2 area of the 
northern Highlands was not interpreted in the LCS88 dataset because of a gap in the 
aerial photo coverage. This area was given a friction value of 7, as it lay in a region of 
heath and peatland. Swiss friction values from Zimmermann & Breitenmoser (in press). 

 
 

The analysis in Switzerland was carried out using data at a spatial resolution of 250 m, 

but for the analysis in Scotland, a 100 m grid was employed to support the finer 

resolution, and thus greater detail, of some of the datasets. However, by using a higher 

spatial resolution, but the same means of calculating the cost paths, a disparity would be 

introduced between the Swiss and Scottish models. So for example, a lynx crossing 1 km 

of woodland in Scotland would accumulate a path cost of 10 (10 x 100 m size cells, each 

with a friction value of 1). But in the Swiss model, a lynx would accumulate a path cost 

of just 4 for the same journey (4 x 250 m cells, each with a friction value of 1). In order 

to take into account the disparity originating from the difference in cell size relating to 

other land covers, and to keep resulting Scottish path costs comparable with Swiss path 

costs, Swiss costs were converted by multiplying the share of their path cost, not 

represented by linear features such as roads and rivers, by 2.5 (Table 4.4).  
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Fig. 4.2. Map of Scotland showing land cover as classified by the friction values 
employed for the connectivity analysis. Original land cover data from the LCS88 
dataset (MLURI, 1993). 
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No such disparity was caused by linear features such as roads and rivers, because in both 

the Scottish and Swiss models they were one cell wide e.g. a motorway was a rather 

exaggerated 250 m wide according to the Swiss raster grid, while only 100 m wide in the 

Scottish grid. In both cases the path cost incurred by crossing a motorway was 120, 

irrespective of cell size.  

 

Studies using radiotelemetry on four dispersing male lynx in Switzerland revealed that 

one lynx had travelled a distance of 20.9 km outside what was considered to be suitable 

lynx habitat, and accumulated a total converted cost of 1163 (Breitenmoser-Würsten et 

al. 2001; sensu Zimmermann & Breitenmoser, in press). This individual, however, did 

not survive, while the three other males succeeded in dispersing to new habitat. The 

highest score of these lynx was attained by an individual which amassed a total cost of 

2070 over a dispersal distance of 60.6 km (sensu Zimmermann & Breitenmoser, in 

press). Converted cost values for potential connections in Zimmermann & 

Breitenmoser’s study varied from 305 to 812.5, while distances varied from 4.5 km to 

27.3 km. In light of the costs and distances experienced by radio-tracked dispersing lynx, 

these connections were considered to be feasible to be used by lynx.  

 
 
 
Cost path Major barriers Swiss 

Cost 
Length 
(km) 

Cost/km Converted 
Scottish cost 

Converted 
cost/km 

Jura-Vosges 1 motorway 372 23.9 15.6 750.0 31.4 
Jura-Black Forest 1 large river 341 23.0 14.8 672.5 29.2 
Jura-Saleve 1 large river, 1 motorway 437 27.3 16.0 732.5 26.8 
Saleve-Alps 1 1 motorway 234 7.8 30.0 405.0 51.9 
Saleve Alps 2 1 motorway 397 10.0 39.7 812.5 81.25 
Jura-Alps 1 large river 194 7.3 26.6 305.0 41.8 
Chartreuse-Alps 1 motorway 286 6.5 44.0 535.0 82.3 
Chartreuse-Alps 1 motorway 279 4.5 62.0 517.5 115.0 
Lynx A none 264 18.8 14.0 660.0 35.1 
Lynx B none 828 60.6 13.7 2070.0 34.2 
Lynx C 1 motorway 294 2.2 133.6 555.0 252.3 
 
Table 4.4. Results of the cost-path analysis for the Swiss Jura by Zimmermann & 
Breitenmoser (in press). The least cost paths for potential connections between the Jura 
and other potential habitat patches are shown, and those for 3 real lynx (Lynx A-C) 
dispersing in the Jura. Costs have also been converted to allow comparison with Scottish 
path costs. 
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The uncertainty analysis was also performed for the connectivity analysis, but was 

restricted to the two alternative habitat scenarios which differed most from the standard 

scenario, as they were also most likely to show the greatest divergence from the standard 

scenario in the connectivity analysis.  

 
 

4.3 Results 
 

4.3.1 Habitat analysis 
 
A series of 30 potential habitat patches of various sizes was identified across the study 

area, giving a total area of potential habitat in Scotland of 20,678.4 km2. Their 

distribution is shown in Fig. 4.3, and they are listed with their areas and woodland 

composition in Table 4.5. For convenience, these have been categorised as small, 

medium and large, and habitat patch names are prefixed by S-, M- and L- accordingly. 

Small patches are 45 to 73 km2, and are large enough to support the home range of only 1 

female. Medium patches are 74 km2 to 549 km2, and are large enough to support at least 

one female and one male home range but less than 20 lynx home ranges. Large patches 

are greater than or equal to 550 km2 and can support at least 20 adult lynx home ranges 

based on minimum Swiss Alpine home range sizes for 7 males and 13 females 

(Breitenmoser-Wursten et al., 2001), with female home ranges encompassed within 

males, and male territories overlapping one another slightly.  

 

A figure of 20 has previously been suggested as a minimum viable population size for 

Eurasian lynx (Thor & Pegel, 1992), although another study has suggested that a much 

larger population size is required (Wilson, 2004). Patch L5 is contiguous with a further 

817.4 km2 of potential habitat in England, centered on Kielder Forest, an extensive 

plantation woodland. This extended habitat patch is 1980.2 km2 in total size, and the 

English share of this habitat patch brings the total amount of habitat available in Scotland 

and northernmost England to 21,495.8 km2. 
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Fig 4.3. The distribution of potential lynx habitat patches in Scotland according to 
the standard scenario. Potential habitat across the English border is also shown. Black 
lines highlight separation between two adjacent patches of the same colour. 
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Habitat  
Patch 

Patch  
area (km2) 

Forest  
area (km2) 

Forest  
cover (%) 

Largest  
forest patch
 size (km2) 

Mean 
forest patch 

size (ha) 

Number of  
forest 

patches 
L1 5794.1 3005.4 51.9 373.5 109.5 2745
L2 5508.5 2932.7 53.2 344.8 104.4 2808
L3 3056.3 1747.0 57.2 845.2 106.8 1636
L4 1617.6 769.3 47.6 178.7 86.6 888

  L5* 1162.8 704.4 60.6 207.5 135.7 519
M1 302.8 153.8 50.8 39.7 152.3 101
M2 302.4 150.7 49.8 63.7 93.6 161
M3 276.2 112.6 40.8 23.6 38.6 292
M4 261.8 123.6 47.2 32.2 66.8 185
M5 252.9 120.9 47.8 65.1 52.1 232
M6 199.1 93.5 47.0 59.5 46.3 202
M7 179.2 95.8 53.5 18.7 479.2 20
M8 178.6 84.6 47.4 60.4 76.2 111
M9 146.4 84.4 57.7 70.1 183.5 80
M10 141.2 67.8 48.0 44.0 90.3 75
M11 131.7 78.3 59.5 65.6 178.0 44
M12 129.7 58.1 44.8 22.3 88.1 66
M13 125.5 80.5 64.1 37.6 350.1 23
M14 114.9 72.2 62.8 52.8 451.0 16
M15 103.1 57.8 56.1 29.1 169.9 34
M16 86.8 36.1 41.6 14.9 56.5 64
M17 85.0 43.6 51.3 28.4 117.9 37
M18 77.8 43.3 55.7 10.9 206.1 21
M19 77.2 44.4 57.5 28.7 341.9 13
S1 69.2 29.6 42.8 12.3 61.6 48
S2 64.2 33.2 51.7 18.1 474.2 7
S3 63.3 25.5 40.3 7.5 50.9 50
S4 62.9 35.1 55.8 33.8 1170.9 3
S5 55.6 28.2 50.7 20.4 117.6 24
S6 51.5 32.3 62.7 29.9 293.3 11

 
Table 4.5. Potential habitat patches for lynx on mainland Scotland. Patch names are 
decided on the basis of decreasing size. Refer to Figure 4.3 for locations. * Patch L5 is 
contiguous with large woodland areas situated across the English border. See text for 
details. 
 
 
Varying values in scenarios A to D for the maximum buffer distance for large woodland 

patches, as well as changing the extent of inclusion of open woodland, made little 

difference to the outcome of the model. The number of patches, and their distribution 

within the three size categories, varied slightly (Table 4.6). However, the level of 
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variation from the total amount of habitat identified in the Standard Scenario was no 

more than 5%, considerably less than the maximum figure of 15.5% seen by Schadt et al. 

(2002b). In the assessment by Schadt et al. (2002b), when the total area of habitat 

identified under a scenario deviated from the standard scenario by more than 20%, the 

sensitivity was regarded as being high.  The distribution of patches according to the two 

scenarios that diverged most from the standard scenario, i.e. C and D, are shown in Fig. 

4.4 and 4.5, and the differences between the two scenarios are highlighted in Fig. 4.6. 

 

Number of habitat patches Scenario Total area  
(km2) 45 to 73 km2 74 to 549 km2 ≥550 km2 Total

Standard 20678.4 6 19 5 30 
A 20402.6 6 22 5 33 
B 20366.2 6 22 5 33 
C 19642.8 5 21 5 31 
D 21558.0 5 18 5 28 

 
Table 4.6. Results of the habitat analyses under the alternative scenarios 

 
 

4.3.2 Connectivity analysis 
 
A network of cost paths was identified to determine the connectivity of the habitat 

patches (Table 4.7 & Fig. 4.7). In order to examine the credibility of the outputs of the 

connectivity analysis, the sensitivity of the results to key physical links was tested. The 

least costly cost path between the two largest habitat patches, L1 and L2, was identified 

as crossing the 300 m length of the Connel Road Bridge which crosses the mouth of Loch 

Etive, a west coast sea inlet. Despite having to cross a trunk road and then effectively 

walk along the same trunk road for the 300 m length of the bridge, this connection 

(Connection 1a) was identified as the least costly as a result of the short distance between 

the habitat patches in this area. It was decided to run the cost path analysis again for these 

two habitat patches, this time removing the bridge. On this occasion, the least cost path 

was situated in the Central Highlands along Loch Ericht (Connection 1b). Although a 

much longer route, this path was located in heath and woodland, and with no linear 

barriers, accumulated a low score well within the range of Swiss connections.  
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Fig. 4.4. The distribution of potential lynx habitat patches in Scotland according to 
Scenario C. Black lines highlight separation between two adjacent patches of the same 
colour. 
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Fig. 4.5. The distribution of potential lynx habitat patches in Scotland according to 
Scenario D. Black lines highlight separation between two adjacent patches of the same 
colour. 
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Fig. 4.6. The difference in the distribution of habitat patches between Scenarios C 
and D.  These two scenarios differed only in the size of the buffer for woodland patches 
over 400 ha. Scenario C employed a 400 m buffer while Scenario D employed a 600 m 
buffer. Consequently, all habitat identified by Scenario C was also identified by Scenario 
D. Those areas identified by Scenario D, but not C, are shown in red on the map.  

Scenario C

Scenario D

Scenario C

Scenario D
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Fig. 4.7. Connectivity of potential lynx habitat patches in Scotland according to the 
standard scenario. Least cost paths are indicated in red, while path numbers are 
indicated in blue. Habitat patch numbers are presented in black. 
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No. Link Cost Length 
(km) 

Cost/ 
km Significant barriers 

1a L1-L2 197 1.2 164.2 Trunk road, & along bridge 
1b L1-L2 429 11.6 37.0 None 
2 L1-L4 357 6.7 53.3 None 
3 L1-M2 98 1.3 75.4 None 
4 L1-M8 120 0.4 300.0 None 
5 L1-M10 613 27.6 22.2 None 
6 L1-M12 43 0.7 61.4 None 
7 L1-M13 165 3.0 55.0 None 
8 L1-M16 20 <0.1 - None 
9 L1-M18 14 0.2 70.0 None 
10 L1-S1 741 20.7 35.8 Trunk road 
11 L2-M3 524 7.9 66.3 None 
12 L2-M9 2762 38.9 71.0 1 river, 3 m/ways, 4 d c/ways 
13 L2-M15 482 7.4 65.1 None 
14 L2-M17 109 1.0 109.0 None 
15 L2-S3 5 <0.1 - None 
16 L3-L5 120 <0.1 - 1 motorway 
17 L3-M5 64 0.9 71.1 None 
18 L3-M14 120 <0.1 - 1 motorway 
19 L3-S5 184 6.7 27.5 None 
20 L4-M2 149 2.5 59.6 None 
21 L4-S3 379 12.5 30.3 None 
22 L5-M14 107 2.5 42.8 None 
23 L5-M4 20 <0.1 - None 
24 M1-M11 22 0.1 220.0 None 
25 M1-M12 253 5.0 50.6 None 
26 M6-M19 869 20.0 43.4 1 river, 1 motorway 
27 M6-S5 871 22.3 39.1 1 motorway 
28 M6-M17 1027 29.1 35.3 1 motorway, 1 d c/way 
29 M6-M4 1046 23.8 43.9 1 trunk road 
30 M6-M14 1242 38.6 32.2 1 trunk road 
31 M7-M13 1364 36.6 37.3 None 
32 M7-S2 105 1.0 105.0 None 
33 M7-S4 659 14.8 44.5 1 trunk road 
34 M7-S6 275 9.4 29.3 None 
35 M9-M19 110 1.1 100.0 None 
36 M10-S1 436 9.8 44.5 None 
37 M19-S5 24 0.2 120.0 None 

 
                     Table 4.7. Least cost paths identified between habitat patches. 
 

Many of the connections located in the Highlands accumulated low costs as a result of 

short distances and a lack of major barriers. A close-knit network exists comprising L1, 

L2, L4, M1, M2, M3, M8, M11, M12, M13, M15, M16, M17, M18, and S3. The costliest 

path amongst this group of patches received a score of 524 (L2-M3), while the longest 

distance was 12.5 km (L4-S3). No major barriers were encountered, such as large rivers, 
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motorways, or dual carriageways, and trunk roads were only an issue at the Connel 

Bridge, linking L1 and L2, for which an alternative path has been shown. 

 

Patches M10 and S1 on the west coast are connected to each other by a path 9.8 km long 

with a cost of 436. M10 is connected to L1 by a long path of 27.6 km, but as this path is 

routed mainly through woodland and heath, it receives a low cost score per km of 22.2, 

lower than any of the Swiss paths, and accumulates a total score of 613 which is lower 

than scores accumulated by dispersing lynx in Switzerland.  

 

Within the group of patches in Caithness and Sutherland in northern Scotland (M7, S2, 

S4, and S6), connection distances vary. S2 is located only 1 km away from M7, while S6 

and S4 are located 9.4 and 14.8 km away respectively. The connection between M7 and 

S4 crosses a trunk road and accumulates a total cost of 659. However, this grouping of 

patches is located 36.6 km away from the nearest other patch, M13, and this least cost 

path accumulates a cost of 1364.  

 

Another close-knit network of patches connected by low path costs exists in southern 

Scotland. Path costs between patches L3, L5, M4, M5, M9, M14, M19 were no higher 

than 184, with the longest path at 6.7 km. A motorway lies between patches L3 and L5, 

and also patches L3 and M14, but other than this barrier, the patches in question are 

virtually contiguous.   

 

With the exception of the connection between M7 and M13, the highest scoring cost 

paths were all located in the Central Lowlands. The connection between L2 and M9, as 

an extreme example, illustrates the potential difficulties for a dispersing lynx within the 

Central Lowlands. Skirting the edge of Glasgow, and continually having to avoid other 

settlements, the 38.9 km least cost path unavoidably crossed a motorway three times, dual 

carriageway four times, and the River Clyde, and in so doing accumulated a cost of 2762. 

Long distances between patches, as well as the proliferation of linear barriers, are typical 

of this part of Scotland. However, a considerably cheaper path exists across the Central 

Belt, between M17 and M6, which extends for 29.1 km. Despite this distance, and having 
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to cross a motorway and a dual carriageway, the path cost is kept relatively low by being 

routed through woodland for much of its length, and so accumulates a path cost of 1027. 

M6 is connected to the southern patch network by several least cost paths, ranging in 

length from 20 to 23.8 km. The 20 km path to M19 accumulates the lowest path cost at 

869, despite being routed across a motorway and the River Clyde.  

 

On the whole, path costs were slightly higher for patches under scenario C than the 

connectivity analysis of the standard scenario, while scenario D had slightly lower path 

costs (Appendix 1). Altering the size of buffer distances for large woodlands in the 

alternative scenarios meant a slight change in distances between habitat patches. Scenario 

C led to the fragmentation of larger patches into smaller patches, as well as the 

disappearance of two smaller patches. One section of patch L2, became a separate patch, 

M3.  

 

Interestingly, the cost path analysis for scenario C, identified a least cost path between L1 

and M3 which ran across a sea inlet, Loch Leven. In this case, however, there was no 

bridge. The cost path analysis had been designed with a very high friction value for open 

water, as it was felt that lynx would be very unlikely to swim across sea lochs, preferring 

instead to take a less direct, but drier route. In this case, however, a least cost path was 

created across the sea loch because the loch narrows considerably at one point, so that 

with a spatial resolution of the data of 100 m, two low-cost, terrestrial squares from either 

side of the loch touch diagonally, allowing the cost path to use them without incurring the 

high cost of the open water. This represents one aspect of the methodology that may be 

sensitive to the representation of the data, although in reality a lynx could probably easily 

swim the 50 m distance across the loch at this point at low tide.  

 

Scenario D, with an increased buffer distance, brought about the amalgamation of some 

patches that had been separate under the standard scenario, thus reducing fragmentation. 

In addition, a new small patch, S5, was formed between the main Highland network and 

the rather isolated northern patches. If, through a process of continued afforestation in 

this area, S5 grew in the future to become a medium-sized patch capable of hosting a 
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male and female, then distances to other patches would be reduced and the patch itself 

could act as a stepping stone for lynx dispersal, thus reducing the isolation of the northern 

patch grouping. Despite these local-scale variations in connectivity between scenarios, 

there were no major differences in patch connectivity at the population level between the 

standard scenario, and scenarios C and D. 

 

 

4.4 Discussion 
 

4.4.1 Data quality and sources of error 
 
No model is a perfect representation of reality, and the datasets used for the habitat and 

connectivity models will have harboured errors and inaccuracies (e.g. data on the land 

cover, as reported in MLURI, 1993). Sources of error may be absolute, relative, 

referential and topological, with each type having different consequences for the use of 

raw data and the modelling for which it is an input (MLURI, 1993).  

 

Absolute error: The datasets used in the spatial modelling reported in this thesis are all 

based upon the Ordnance Survey National Grid, so issues of positioning will not relate to 

the reference system, but will reflect the quoted accuracy of the underlying data.  For 

example, the mapping of the land cover data was based upon the Ordnance Survey 

1:25,000 national dataset. This is quoted as being accurate to approximately ±12.5 m 

(MLURI, 1993), thus the absolute error associated with boundary lines in this dataset are 

expected to be within the resolution of the cell size used in the analysis.  

 

Relative error: The datasets from the Ordnance Survey would be expected to be 

consistent with respect to each other, thus the 1:50 000 backdrop (used for interpreting 

details of roads and rivers) will be consistent with the 1:25 000 data (although the 

absolute error will be higher). The data from the Forestry Commission and the SSNWI 

are also on an Ordnance Survey grid, at 1:25 000, and these data were compared at 

known locations to ensure correct registration. 
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Referential error: Potentially, this is the most significant source of error in the analysis.  

Any errors in the labelling of land cover polygons would be included under this title, 

whether due to accidental miscoding in the digitising process, or in the interpretation of 

the land cover classes. The rate of error for major features in the LCS dataset used in the 

connectivity analysis has been calculated at 13.3%. However, the significance of such 

misclassifications will vary with respect to the land cover type and its role within the 

classification of habitat with respect to lynx.  

 

For example, misclassifications between woodland types in the datasets employed, would 

have little impact on this study, as woodland types were not differentiated. Many of the 

more frequent interpretation errors in the LCS88, such as between different types of 

grassland and heath (MLURI, 1993), are likely to have been ‘filtered out’ during the 

connectivity analysis when different land cover types were amalgamated into broader 

classes with a common friction value (Table 4.3). As the SSNWI included very open 

woodlands with canopy cover less than 10%, it is possible that areas of treeless open land 

were misclassified as open woodland. Theoretically, errors of this sort could have 

resulted in a considerable increase in habitat patch size, or influence the selection of an 

alternative cost path. However, in the above example, the influence on the size of habitat 

patches should be minimised by the small size, or total absence, of buffer associated with 

open canopy woodland.  

 

On the SSNWI, over a thousand hectares of open hill land in Morvern in the West 

Highlands were erroneously described as one large polygon of mature conifer woodland. 

The error was reported to the organisation responsible for producing the dataset, and 

subsequent versions were modified to remove the inaccuracy.  

 

Topological error: The analyses undertaken used a raster base, thus no referencing 

between polygons or other features was required. This source of error will not be relevant 

to the outputs of the analysis except for those occasions in which adjacent habitat 

polygons appear to be connected as a consequence of conversion of vector to raster data 

structures, as was the case with the cost path crossing Loch Leven.  
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Errors can be propagated when datasets are combined, but the combination of two 

woodland datasets of the same spatial extent and scale facilitated the detection of gross 

errors in mapping and prevented its incorporation into the model. The combined use of 

small- and large-scale spatial information can lead to problems with locational disparity 

(Heuvelink, 1998). For the purposes of this study, examining as it does the potential 

habitat for a forest-dependent species, the inclusion of detailed spatial information on the 

distribution of woodlands, even small patches, was important. Had smaller-scale datasets 

been used for this, it is likely that many small or open woodland patches would not have 

been represented.  

 

The presence and distribution of features such as rivers, and roads has significance for the 

connectivity analysis. A smaller scale cartographic representation for these was 

considered to be sufficient, as all large rivers and major roads, which would be 

represented at large scale, would also be represented at a small scale, albeit with a lower 

degree of locational accuracy. However, the data for these types of features were not 

available at the time of conducting the analysis at a national level. Such data would now 

be accessible and could be used in the relevant calculations. The use of these smaller 

scale datasets would have potentially significant implications for the analysis only where 

the locations of rivers and roads would have a critical bearing on the calculation of least 

cost paths. From inspection of the data as shown in Fig. 4.7 and Table 4.7, this was not 

considered to have significantly affected the outcome of the connectivity analysis. 

 

Given that the objective of this modelling exercise was to determine the broad suitability 

of the landscape of Scotland for a viable, reintroduced lynx population, by identifying 

potential habitat at an indicative, strategic level for the whole of the Scottish mainland, 

small inaccuracies within the datasets used are unlikely to significantly affect the results. 

Consequently, the precision of the figures quoted for the area of potential lynx habitat in 

Scotland, are not a reflection of the accuracy of the estimates, but give an indication of 

habitat availability. 
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4.4.2 Potential lynx habitat in Scotland 
 
Potential lynx habitat occurs right across Scotland, from the north coast to the border 

with England. Patches vary in size from being large enough to sustain only one female, to 

patches such as L1 and L2, which extend over large areas of the Highlands, and which 

are of sufficient size to support many individual lynx of both genders. The connectivity 

analysis reveals that many of the habitat patches lie sufficiently close together, or are 

separated only by benign land-uses and weak linear barriers, that an interconnected meta-

population could exist. Many of the costs for paths between habitat patches lie well 

within the range of costs recorded for migrating lynx in Switzerland, suggesting that it is 

feasible that reintroduced lynx in Scotland could travel across the landscape to find new 

territory and/or individuals with which to reproduce.  

 

4.4.3 Potential lynx habitat in the Highlands 
 
The distribution of patches, and the corridors between them, suggest that two main 

populations of lynx could exist in Scotland. The largest of these would occupy much of 

the Highlands, including coastal areas of the western Highlands, as well as some well-

wooded areas in the northern parts of the Central Lowlands. There are approximately 

15,000 km2 of well-connected habitat available for lynx in this population.  

 

Two very large patches of potential lynx habitat exist in the Highlands. One possible 

connection between them was routed a relatively short distance across Loch Etive over 

the Connel bridge, a converted steel railway bridge which supports only a single track 

road controlled by traffic lights, and a narrow footpath. It is unclear if a lynx would 

undertake such a daunting crossing on a bridge, which offers such little cover. However, 

a Eurasian lynx was observed crossing a river on a 2 m wide, metal bridge, which linked 

areas of good habitat within its home range in Norway (K. Schmidt, pers. comm.). Large 

cats are thought to be motivated to make crossings by sensing attractive habitat visually 

(Gloyne & Clevenger, 2001; U. Breitenmoser pers. comm.). Provided a dispersing lynx 

could see worthwhile opportunities on the other side of the loch (and there is sufficient 

elevation and forest cover not far from the bridge on both sides of the loch), then it may 
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attempt a nocturnal crossing when there is no traffic. Nevertheless, a longer alternative, 

routed mainly through woodland, was derived for the Central Highlands, and it is likely 

that lynx could move between these two patches with few problems.  

 

Within the network of habitat patches in the Highlands, several connections accumulated 

low path costs due to short distances between habitat patches, suggesting that lynx would 

have no problem moving between them. Other connections were identified across longer 

distances but the path costs were still relatively low. This was the case especially in 

upland areas, where paths could be easily routed through low cost land-uses, even in 

relatively treeless areas. The low cost associated with heather moorland, the absence of 

high cost barriers such as major roads and large rivers, as well as the typically low levels 

of human disturbance in such areas, mean that lynx may well find it easy to move 

between L1 and the patches located on the west coast.  

 

However, the patches in the far north of Scotland (M7, S2, S4, S6), which amount to 

approximately 360 km2, currently may be too isolated to be part of this population. The 

connection between M7 and M13 accumulates a high cost of 1364, despite being routed 

predominantly through heath and woodland, mainly because of its considerable length. It 

does not seem likely that lynx would make the crossing between these two patches. 

However, scenario D, where woodland patches over 400 ha received a 600 m buffer, 

allowed the formation of a small habitat patch of 46 km2 located approximately midway 

between M7 and M13. It is possible then, that continued reafforestation in that area could 

result in the creation of a habitat patch which acts as a “stepping stone”, and which would 

increase connectivity between the group of habitat patches in the far north of Scotland 

(M7, S2, S4, and S6) with the large amount of habitat centered around L1.  

 

Given that reafforestation continues in Scotland, with around 10,000 ha of new woodland 

created each year (Forestry Commission, 2002a), it is quite feasible for connectivity to 

improve in relatively treeless environments in the future, even within quite short time 

periods. Indeed, entire new habitat patches can be created. The planting of new native 

woodlands totalling over 2,700 ha in the area around Gairloch, in north-west Scotland, in 
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the year following the formulation of the NIWT dataset in March 2002, has created a 

habitat patch of 82.3 km2, which is large enough to sustain a male and female lynx. But 

as these woodlands were not included in the datasets used, this patch has not been 

considered in the analysis.  

 

4.4.4 Potential lynx habitat in the Southern Uplands 
 
A second potential population could be supported south of the Central Belt, including the 

Southern Uplands, patches in Ayrshire (M9, M19, S5) and the Pentland Hills (M6). In 

addition, this population could include neighbouring Kielder Forest in England. The total 

amount of habitat available to this population would be approximately 6,140 km2, with 

the Scottish share of this amounting to around 5,330 km2.  

 

Concerns have been raised about the long-term genetic viability of an isolated lynx 

population in the Jura Mountains (Breitenmoser-Würsten & Obexer-Ruff, 2003), which 

at 7,200 km2 (von Arx et al., 2004), represents a larger area of habitat than the Southern 

Uplands. It is hoped, that corridors from the Jura to other neighbouring populations will 

allow genetic exchange, which will safeguard the population’s viability (Zimmermann & 

Breitenmoser, in press). Likewise, in Scotland, it is important for the long-term viability 

of reintroduced lynx populations that they are not isolated from one another. Such 

isolation, resulting from the fragmentation of historical lynx habitat in Scotland created 

by widespread deforestation, is likely to have been a key agent in the species’ original 

extinction from the Scottish environment.  

 

4.4.5 Connectivity of potential Highland and Southern Uplands populations 
 
The Central Belt area of Scotland is crucial for allowing movement of individuals 

between potential lynx populations occupying habitat networks in the Highlands and in 

the Southern Uplands. There is a considerable distance separating patches M17 and M6, 

the least costly path through the Central Belt for a dispersing lynx. With increased 

afforestation targeted at this area of central Scotland, particularly on old industrial sites, it 

is possible to reduce cost values of routes through this landscape. Indeed, one of the aims 
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of the Central Scotland Forest Trust is to double the area of woodland in this part of the 

Central Lowlands over the period 1988 to 2015 (CSFT, 2003). However, much of the 

cost path was routed through woodland already, and it is clear that, in addition to 

distance, linear barriers, rather than unsuitable land-use, were the chief reason for the 

high cost. The cost path was unavoidably routed across a motorway and dual 

carriageway, and in doing so, accumulated a score of an extra 200 points. Had there been 

no account required of these roads the cost for this route would have been considerably 

reduced, and more comparable to successful dispersal across the Swiss landscape.  

 

Roads can disrupt the flow of animals across a landscape, and thus hinder recolonisation 

by being a psychological barrier, as well as a significant source of mortality (Forman & 

Alexander, 1998; Clevenger, Chruszcz & Gunson, 2001). Large carnivores, in particular, 

are vulnerable to road effects as a result of their large home ranges, high mobility, and 

very often small population sizes (Maehr, Land & Roelke, 1991; Ferreras et al., 1992; 

Schmidt-Posthaus et al., 2002; Cain et al., 2003; Kaczensky et al., 2003). Of 72 dead 

Eurasian lynx found in Switzerland from 1987-99, 15 (21%) had been killed by vehicular 

collision, representing the leading cause of recorded mortality within the reintroduced 

populations there (Schmidt-Posthaus et al., 2002). Vehicular collision has also been 

shown to be a leading cause of mortality for Iberian lynx, Florida panthers Puma 

concolor coryi and brown bears (Maehr et al., 1991; Ferreras et al., 1992; Kaczensky et 

al., 2003). 

 

In the developed world, there has been growing awareness of the negative impact that 

transport routes can have on wildlife, and an increasing desire to tackle it (Little et al., 

2002). Several European countries, such as France, Switzerland, the Netherlands, 

Germany, Austria and Croatia, have implemented large-scale, structural mitigation 

measures to combat the negative effects of roads on wildlife (Forman & Alexander, 1998; 

Huber, 2002; Woess, 2003). It has been argued that if they are well designed, wildlife 

corridors can be both cost-effective and a valuable conservation tool, (Noss, 1987; Beier 

& Noss, 1998). For example, a 100 m wide green bridge with natural vegetation, which 

was constructed over a new highway in an important wildlife area in Croatia, was found 
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to be serving its purpose effectively by considerably diminishing the barrier effect of the 

highway for wildlife (Huber, 2002). The bridge was used over 6,000 times in a year by 

large mammal species, especially wild ungulates, but also large carnivores, as there were 

around 500 recorded brown bear crossings in a year (Huber, 2002).  

 

Elsewhere, wildlife underpasses have been constructed to increase the permeability of 

major roads to wildlife. In order to combat high road mortality inflicted on Florida 

panthers, 24 wildlife underpasses complete with 3 m high, roadside fencing were 

installed along a 64 km stretch of highway in Florida (Foster & Humphrey, 1995). The 

underpasses were being utilised by a wide range of species, including panthers and 

bobcats, which were using the underpasses repeatedly, often several times during one 

night. (Foster & Humphrey, 1995). The study concluded that the new underpasses were 

reversing habitat fragmentation and reducing mortality for Florida panthers, as well as 

other species. Pumas Puma concolor, in Banff National Park, Canada, were shown to 

prefer using wildlife underpasses to the more costly wildlife overpasses (Gloyne & 

Clevenger, 2001). In southern Texas, bobcats were found to use underpasses, as well as 

both modified and unmodified culverts, especially those with vegetation near the 

entrance, to cross a motorway (Cain et al., 2003).  

 

Evidence from Spain suggests that wildlife will use crossing structures over roads and 

railways which were not designed specifically with wildlife in mind (Rodriguez, Crema 

& Delibes, 1996; Mata et al., 2003). A range of culverts, underpasses and overpasses are 

used by wildlife to traverse busy transport routes, especially if fencing along the edge of 

the transport route funnels wildlife into structures that experience little human 

disturbance. The addition of natural vegetation has been found to increase the 

attractiveness of the crossing for wildlife. Wildcats, genets Genetta genetta, foxes, and 

Iberian lynx were all found to have used such structures to cross a fenced, high-speed 

railway line in southern Spain (Rodriguez et al., 1996).  

 

Mata et al., (2003) monitored the utilisation of a range of potential structures by wildlife 

on a section of motorway in north-west Spain. They recommended adapting the 
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functional crossing structures of motorways for wildlife, as not only were they shown to 

be used by many species, such as wolf, fox, badger, stoat Mustela erminea, and weasel 

Mustela nivalis, but it is less financially costly than constructing a series of wildlife-

specific crossings.  

 

There are two cost paths identified in this study which are essential for the connectivity 

of lynx habitat patches at the national scale, and which accumulated high path costs due 

mainly to the barrier effects of main roads. The M8 motorway and A80 dual carriageway 

lie across the cost path between patches M6 and M17, while the M74 motorway lies 

across the path between patches M6 and M19. However, the enhancement of the wildlife 

permeability of the roads in question, learning from the experiences reported from areas 

elsewhere in Europe and North America, could considerably reduce the effects of habitat 

fragmentation and incidences of road deaths. The installation of wildlife-proof fencing, as 

well as increasing the attractiveness of existing crossing structures such as culverts, and 

underpasses and overpasses experiencing low levels of human disturbance, such as those 

designed mainly for use by farm vehicles and pedestrians, could substantially augment 

the wildlife permeability of key transport routes. Measures such as these could promote 

the movement of reintroduced lynx between large areas of potential habitat in the 

Highlands and the Southern Uplands. Such measures are also likely to be beneficial for 

the recolonisation of Scotland by other species that have suffered range contraction due 

to human activities, such as wildcats, polecats, and pine martens. However, no 

assessment of the number of such crossing structures has been undertaken and thus their 

potential significance is not known. Small-scale crossing structures such as those 

described, are not generally represented within the spatial data used in the analysis. 

 

While it is possible that a few individual lynx could cross the Central Belt using the 

corridors identified by the analysis presented, it is unlikely that sufficient numbers would 

successfully complete this route to allow full-scale colonisation of suitable habitat in the 

Southern Uplands from the Highlands. It is possible that, by mitigating the barrier and 

sink effects of busy roads in Central Scotland, colonisation of new areas may be 

facilitated. However, if a reintroduced population successfully takes root and expands 
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considerably in areas such as the Highlands, after a while, it may be desirable to 

translocate a few individuals to the Southern Uplands in order to initiate the development 

of a new population.  

 

Such a translocation recently took place in Switzerland, where some lynx from the 

reintroduced Alpine and Jura populations were released in north-east Switzerland in order 

to facilitate the spread of lynx across a wider area of the Alpine Arc (Ryser et al., 2003). 

Under such a scenario in Scotland, the subsequent migration of individuals between a 

Highland lynx population and a Southern Uplands population, across the developed 

landscapes of the Central Belt, could be essential for the genetic health of both 

populations.  

 

In Switzerland, it has been shown that a strong genetic drift, loss of alleles and a 

reduction in heterozygosity has occurred amongst lynx since they were reintroduced from 

the Slovakian Carpathians in the early 1970s (Breitenmoser-Würsten & Obexer-Ruff, 

2003). Such strong genetic drift has led to a significant genetic difference between the 

Alpine and Jura lynx populations, which are separated by the Swiss plains, an intensely 

developed area of high human population density and dense transport infrastructure 

which is thought to prevent the movement of individuals between the two populations. If 

habitats on both sides of the Central Belt are occupied by lynx, the likelihood that 

individuals will disperse along corridors, and thus facilitate genetic exchange, should 

increase.  

 

4.4.6. Summary 
 
Over 20,000 km2 of potential lynx habitat exists in Scotland. This habitat occurs in two 

main networks of interconnected patches, one centred on the Highlands (c. 15,000 km2) 

and one in the Southern Uplands (c. 5000 km2). A further 800 km2 of potential habitat, 

contiguous with identified habitat in the Southern Uplands network, lies across the border 

in England. In order to establish how many lynx this suitable habitat could support, the 

next chapter will examine the availability of prey for lynx.  
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CHAPTER 5  

 
 
 
 
 

HOW MANY LYNX COULD  

SCOTLAND’S DEER POPULATIONS SUPPORT? 



 

102  

5.1 Introduction 
 
5.1.1 The relationship between carnivore density and the abundance of food resources 

 

The availability of prey has been identified as a key determinant of carnivore density 

(Breitenmoser & Haller, 1993; Karanth & Nichols, 1998; Fuller & Sievert, 2001; 

Carbone & Gittleman, 2002; Karanth et al., 2004). Prey abundance can influence 

carnivore density by impacting on carnivore reproductive success, neonatal survival, 

adult mortality, and behaviour (Fuller & Sievert, 2001).  

 

It has been known, ever since the returns from the fur trapping industry were first 

analysed, that some populations of carnivores respond cyclically to variations in prey 

populations, either in the same year, or in subsequent years (Elton & Nicholson, 1942). 

This is particularly pronounced in the case of the relationship between the Canada lynx 

and the snowshoe hare Lepus americanus, where it was noted that lynx abundance 

closely follows that of hares through the peaks and troughs of an 11-year cycle (Elton & 

Nicholson, 1942). While this serves as an extreme example, a relationship between prey 

and predator abundance has been demonstrated for a wide range of carnivores. Karanth et 

al. (2004) found a strong relationship between the density of ungulate prey species and 

the density of tigers Panthera tigris in India. The abundance of deer was identified as a 

key factor determining puma home range size, and thus density, in the United States 

(Grigione et al., 2002). The density of wolves in North America was found to be strongly 

related to moose Alces alces density (Messier, 1994), while the abundance of Arctic 

foxes Alopex lagopus on Svalbard was found to increase in response to increased food 

availability (Fuglei, Oritsland & Prestrud, 2003). Kruuk (1995) noted that otter density in 

Scotland correlated with fish density, while home range size and density of badgers in 

Poland was influenced by the density of earthworms, their favoured prey (Kowalczyk et 

al., 2003). Furthermore, it was suggested that the abundance of food resources was the 

key determinant in badger social group size (Kowalczyk et al., 2003). The abundance of 

pine martens in Poland was found to track that of their rodent prey with a one-year time 

lag (Zalewski, Jedrzejewski & Jedrzejewska, 1995). Seasonal variation in densities of 
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both lions and spotted hyenas Crocuta crocuta in Kenya and Namibia respectively, 

reflected the episodic abundance of migratory ungulate prey (Ogutu & Dublin, 2002; 

Trinkel et al., 2004). 

In some instances, the abundance of predators can be determined by factors other than 

prey availability, such as competition with, and predation by, other carnivores, disease 

and human pressures. Mills & Gorman (1997) found that densities of African wild dogs 

Lycaon pictus in South Africa were at their lowest in areas where their prey was most 

abundant, because such areas support high densities of lions, which are a major cause of 

wild dog mortality. Serious and rapid declines of several carnivore species, such as 

African wild dog, Ethiopian wolf Canis simensis, African lion, and common seal Phoca 

vitulina, have been brought about by disease (Heide-Jørgenson & Härkönen, 1992; 

Alexander & Appel, 1994; Sillero-Zubiri, King & Macdonald, 1996; Roelke-Parker et al., 

1996). Human impacts, usually associated with habitat destruction, persecution and over-

hunting have been brought to bear on many predator populations throughout the world. 

This has resulted in total extinction for some species, such as the thylacine Thylacinus 

cynocephalus and Falkland Islands wolf Dusicyon australis (Paddle, 2000; Macdonald & 

Geffen, 2001), and historical extirpation over large areas for several other large carnivore 

species (e.g. Elgmork, 1994; Nowell & Jackson, 1996; Woodroffe, Ginsberg & 

Macdonald, 1997; Breitenmoser, 1998). Where predator populations still exist, human-

induced mortality may maintain them at densities lower than those that could be 

supported by prey availability (Jedrzejewska et al., 1996; Sidorovich, Tikhomirova & 

Jedrzejewska, 2003). 

 

Despite these additional influences, prey availability remains a major factor in the 

determination of abundance and density for many predator species, and this relationship 

can allow potential predator population size to be predicted from an assessment of 

available prey resources (Fuller & Sievert, 2001). Using prey availability, Carbone & 

Gittleman (2002) developed a model to test variation in population density within and 

between a wide range of 25 species from the order Carnivora. They found that on 

average, 10,000 kg 100 km-2 of prey would support around 90 kg 100 km-2 of carnivore. 

Karanth et al. (2004) used prey abundance to predict tiger densities in India. They 
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decided to examine this using the abundance of ungulates per km2, rather than ungulate 

biomass, because of the high variation in both body mass between ungulate prey species, 

and the proportion of the kill consumed. By conducting transect samples for ungulate 

prey at 11 sites, and by photo-trapping tigers at the same locations, it was concluded that 

the model’s ability to predict tiger densities was good, and that the study supported the 

hypothesis that prey density was a key determinant of large felid abundance (Karanth et 

al., 2004). Prey biomass was used in order to predict cheetah Acinonyx jubatus densities 

in East African national parks (Gros, Kelly & Caro, 1996). The derived densities were 

found to be similar to those estimated from baseline demographic data from behavioural 

ecological studies (Gros et al., 1996). Prey density has also been used to predict the 

potential for areas of the United States to support recolonising or reintroduced wolf 

populations (Mladenoff & Sickley, 1998; Carroll et al., 2001; Paquet et al., 2001). When 

assessing the potential for the North-eastern United States to support a restored wolf 

population, Mladenoff & Sickley (1998) examined the densities of white-tailed deer and 

moose in order to estimate potential wolf numbers. Carroll et al. (2001) estimated 

potential size of a restored wolf population in California and Oregon using the density of 

ungulate prey in suitable habitats. Paquet et al. (2001), in their assessment of the 

feasibility of wolf reintroduction in Adirondack Park, New York, predicted the number of 

wolves that suitable habitat could support based on the densities of white-tailed deer and 

Canadian beavers Castor canadensis. 

 

There is, however, a range of biological and methodological factors that can confound the 

accurate prediction of predator densities based on the measurement of prey availability. 

For example, it is important that the appropriate size and/or age class of potential prey is 

considered when assessing potential prey biomass (Fuller & Sievert, 2001). There may 

also be considerable time lags in the relationship between predator and prey populations, 

as witnessed by the 3-5 year lag of the wolf population behind the moose population of 

Isle Royale (Peterson & Page, 1988). Furthermore, some predators may be able to switch 

to alternative prey if their principal prey becomes less abundant, without experiencing a 

significant decline in numbers (Ben-David, Flynn & Schell, 1997). From a 

methodological point of view, inaccuracies may arise in the data collection stage. 
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Predators are often elusive and often occur at low densities, thus making accurate 

assessment of abundance and density, difficult (Fuller & Sievert, 2001). Although usually 

easier to census, estimates of prey availability may be poor for the same reasons. In cases 

where density data is compared between studies, discrepancies may arise from 

methodological differences in data collection and interpretation (Fuller & Sievert, 2001). 

Smallwood & Schonewald (1998) caution that studies which set out to estimate 

mammalian carnivore densities, often extrapolate predator densities calculated from 

small, well-studied areas over much larger areas, and thus give no consideration to spatial 

variation in density. 

 

5.1.2 Factors influencing lynx densities in Europe 

 
Eurasian lynx densities are thought to be shaped by prey densities (von Arx et al., 2004). 

Evidence from the Swiss Alps has shown that as the density of prey increased in the 

1990s, the Eurasian lynx population responded numerically and also increased in density 

(Breitenmoser & Haller, 1993; Breitenmoser-Würsten et al., 2001; see section 7.4 for 

further detail). In south-eastern Norway, there was found to be a significant decrease in 

lynx home range size, and thus increased lynx density, with increasing roe deer density 

(Herfindal et al., 2005). Furthermore, environmental productivity, measured by the 

amount of radiation available for photosynthesis that is absorbed across an area, and 

assumed by Herfindal et al. (2005) to be directly related to prey density, was seen as a 

significant determinant of lynx home range size across 10 areas in Europe. Lynx can, 

however, subsist on alternative prey when ungulates are very scarce or absent. Pulliainen 

et al. (1995) found that the bulk of lynx diet in eastern Finland where deer were absent, 

consisted of mountain hares. However, these lynx were in poorer physical condition than 

lynx in SW Finland that fed on white-tailed deer, as well as hares (Pulliainen et al., 

1995). More frequent observations of lynx in family groups suggest that the lynx 

population feeding on deer experience greater reproductive success, although there is as 

yet no data to confirm this (I. Kojola, pers. comm.). 
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Lynx populations across Europe, however, are also subject to a range of human factors 

that may influence lynx density. Hunting of lynx is permitted in Norway, Sweden, 

Estonia, Latvia, Romania, and Slovenia (von Arx et al., 2004), while poaching of lynx 

occurs in several countries such as Albania; Austria, Croatia, Czech Republic, Poland, 

Serbia & Montenegro, Switzerland and Ukraine (Jedrzejewski et al., 1996; Schmidt-

Posthaus et al., 2002; Bashta et al., 2004; Bego & Zoto, 2004; Bufka & Cerveny, 2004; 

Huber, Kusak & Gomercic, 2004; Laass et al., 2004; Okarma & Olszanska, 2004; 

Paunovic & Milenkovic, 2004). Lynx populations in Switzerland, the French Jura and 

Sweden also experience considerable road mortality (Schmidt-Posthaus et al., 2002; 

Vandel et al., 2004; Liberg & Andrén, 2004). In an effort to expand the Alpine lynx 

population, several lynx from the NW Swiss Alps and Jura areas have been translocated 

to unoccupied areas of NE Switzerland in recent years (Ryser et al., 2003). By reducing 

lynx densities, this programme also aimed to appease hunters and sheep farmers in the 

NW Alps and Jura, who perceived lynx densities there to be too high (Ryser et al, 2003).  

 

This chapter aims to answer the question, ‘How many lynx could Scotland’s deer 

populations support?’. The analysis is restricted to just deer and does not include other 

potential wild prey, because wild ungulates, such as deer, contribute the overwhelming 

majority of prey biomass consumed by lynx in environments where the two co-exist. 

Firstly, I will determine if a relationship exists between lynx and prey densities in various 

parts of Europe. Secondly, if such a relationship can be identified, then it might be 

possible to estimate the density of lynx that could be supported in Scotland, by using 

density data for available prey in Scotland. Thirdly, lynx densities estimated from such an 

examination, can be applied to the amount of available lynx habitat identified in the 

previous chapter, so that an estimate can then be made of the number of lynx that could 

be supported in Scotland. This will allow a more accurate and representative estimate 

than by directly applying lynx densities from other parts of Europe, which may 

experience quite different ungulate communities and densities from those encountered in 

Scotland. But first, the suitability of the ungulate communities in Scotland to act as 

potential lynx prey will be briefly reviewed. 

 



 

107  

5.1.3 Deer in Scotland 
 
As outlined in section 3.3, deer are both widespread and abundant in Scotland. The 

distributions of the four species encountered in Scotland show that there is no area of the 

Scottish mainland which does not support a wild ungulate community (Fig. 3.2). Most of 

the habitat patches identified in Chapter 4 support at least two species of wild ungulate. 

Roe deer are particularly widespread in Scotland and would probably be the main 

ungulate prey for the lynx in much of Scotland, as they are throughout much of the range 

of the Eurasian lynx (Jedrzejewski et al., 1993). Roe largely occur in wooded 

environments, although smaller numbers can be found in open habitats (Staines & 

Ratcliffe, 1991), and due to their widespread distribution in Scotland, are likely to be 

encountered in all habitat patches identified in Chapter 4. In Scotland, the use by roe of 

agricultural land, although common, is dependent on the location of small woods, with 

deer usually limited to land close to the woodland edge, while fields separated from 

woodland by other fields are used much less (Azarae, 1990; Calder, 1994). Roe deer in 

Scotland have also been known to inhabit sheltered areas of treeless moorland. Cumming 

(1966) found roe feeding in the shelter provided by small steep-sided valleys in moorland 

in the north-east of Scotland, up to 2km from the nearest woodland, while Staines & 

Ratcliffe (1991) observed roe on moorland at an altitude of 760m. 

 

In areas where roe are less common, however, very often sika and red deer are numerous. 

There is evidence to suggest that roe deer in Scotland suffer from interspecific 

competition with red and sika deer (Chadwick et al., 1996; Latham et al., 1996). Deer 

densities from 20 Scottish forests where red and roe deer co-existed were analysed by 

Latham et al. (1996). In forests where red deer density exceeded 5 km-2, mean roe density 

was 4.6 km-2, whereas in forests were red deer existed at densities ≤1.0 km-2, mean roe 

density was 15.8 km-2. In an area of the Scottish Highlands with a high density sika 

population, densities of roe deer were considerably less than expected for the particular 

forest growth stage (Chadwick et al., 1996). Evidence from the former Soviet Union 

suggests that sika densities of 2 km-2 slow the growth of roe deer populations, and at 3 

km-2, practically halt it, while still higher densities of sika cause a pronounced decline in 
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roe numbers (Danilkin, 1996). It is possible then, that in areas where roe deer are scarce 

in Scotland, lynx would encounter higher densities of red and sika deer. 

 

There is much evidence, particularly from central and eastern Europe, that red deer are 

regularly hunted by lynx (Okarma, 1984; Gossow & Honsig-Erlenburg, 1986; Filinov, 

1989, cited in Jedrzejewski et al. 1993; Jedrzejewski et al., 1993; Benda, 1996; Červeny 

& Bufka, 1996; Hell & Slamečka, 1996; Okarma et al., 1997; Čop, unpublished report). 

Long-term studies have examined lynx predation on deer in Białowieża Forest in Poland 

(Jedrzejewski et al., 1993; Okarma et al., 1997). Red deer formed 22% of individual prey 

animals determined from the examination of 172 lynx prey remains, while roe deer 

formed 62% (Okarma et al., 1997). This study suggested that lynx were not selective in 

terms of sex or age when hunting roe deer but were highly selective when hunting red 

deer, killing predominantly calves and no stags, especially in autumn and winter (Table 

5.1). It was also shown that adult male lynx, being larger, killed more red deer than 

females. Lynx harvested 6-13% of the spring/summer population of red deer in 

Białowieża, equating to a reduction in density of red deer by 0.42-0.7 km-2. Jedrzejewski 

et al. (1993) found that 61% of ungulate prey in the pristine core of Białowieża Forest 

was red deer, reflecting the increased abundance of red deer in this area. Red and roe 

were equally positively selected in the pristine forest according to their abundance, 

although once again lynx selected red deer calves and completely avoided stags.  

 

Roe deer Red deer  
Composition of 
population (%) 

Composition of 
lynx diet (%) 

Composition of 
population (%) 

Composition of 
lynx diet (%) 

Adult males 25 23 27 0 
Adult females 46 41 46 39 
Juveniles 29 36 27 61 

 
Table 5.1 Percentages of age/sex classes of roe and red deer killed by lynx in 
Białowieża Primeval Forest, Poland during 1987/88-1996, compared to their mean 
percentages in the living populations in March. From Okarma et al. (1997). 
 

All 11 red deer recorded as lynx prey in a study in the Polish Carpathians were found to 

have been calves killed in February and March, most of which were in exceptionally poor 

condition (Okarma, 1984). Red deer, were the most common prey animal for lynx in the 
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Flattnitz-Felfernig Range in Austria (Gossow & Honsig-Erlenburg, 1986). There, red 

deer occupied the less dense forest at higher elevations as a result of supplementary 

feeding by humans, where lynx tended to roam. Most of the red deer taken were calves 

and hinds in poor condition. In a study of lynx diet in several Russian reserves, red deer 

comprised 68% of ungulates taken in Bashkir, 16% in the Caucasus, and 15% in the 

Altay mountains (Filinov, 1989, cited in Jedrzejewski et al. 1993). All three areas have 

low populations of roe deer, which formed less than 5% of the ungulate community. 

Weights of forest red deer in Scotland are significantly greater for all age classes than 

those of Scottish hill red deer (Staines, Langbein & Burkitt, in process of publication), 

which are considered to be amongst the smallest red deer in the world (BASC, 1994). 

Nevertheless, Scottish forest red deer are still markedly smaller than those found in 

Polish forests (Table 5.2).  

 

Age (years)  
Country & Habitat 

 
Area 

 
Gender/
Status Calf 1 2 3 4-8 8+ 

 

Isle of 
Scarba 

Stag 
Yeld 
Milk 

33 
31 
- 

48 
44 
- 

59 
58 
- 

67 
67 
65 

89 
74 
72 

101 
73 
70 

 
Glenfeshie 

Stag 
Yeld 
Milk 

39 
36 
- 

52 
55 
- 

68 
71 
- 

90 
77 
73 

114 
82 
78 

114 
80 
75 

 

 
 

Scotland: 
 Open country 

 
Glen Dye 

Stag 
Yeld 
Milk 

49 
46 
- 

70 
68 
- 

90 
76 
88 

97 
80 
85 

112 
83 
90 

136 
97 
93 

 
Galloway 

Stag 
Yeld 
Milk 

57 
- 
- 

95 
92 
- 

101 
94 

108 

105 
83 
98 

141 
102 
120 

152 
106 
133 

 
Cowal 

Stag 
Yeld 
Milk 

55 
57 
- 

75 
77 
93 

99 
83 
92 

112 
80 
98 

127 
85 

102 

145 
- 

102 

 
 

 
Scotland:  

Conifer plantation 

 
Strathyre 

Stag 
Yeld 
Milk 

51 
36 
- 

63 
64 
- 

- 
76 
92 

81 
65 
80 

122 
77 
95 

- 
- 
- 

 

Poland:  
Managed forest 

Josefow 
Pszczyna 
Smolniki 

 
Stag 
Hind 

 
64 
62 

 
126* 

79 

 
82 
97 

 
136 
104 

 
194 
123 

 
198 
124 

Table 5.2. Mean live weights (kg) of red deer stags and hinds from selected areas of 
Scotland and from Poland.  For Scottish hinds, milk – mature female with calf; yeld – 
without calf. * This figure was calculated from only 1 individual. Scottish data from 
Staines et al. (in process of publication). Polish data from Dzieciolowski (1970). 
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The sika deer has been introduced to several parts of Europe, but instances of predation 

by lynx are not recorded, mainly because lynx and sika do not occur in the same areas of 

Europe (Mitchell-Jones et al., 1999). However, the sika deer does fall prey to the 

Eurasian lynx within its natural range of Manchuria, Korea and the extreme south-eastern 

corner of Siberia (Feldhamer, 1980; Heptner & Sludskii, 1992). Furthermore, predation 

on sika by lynx has been reported from two areas of European Russia where sika have 

been introduced (Filinov, 1989). In a Mordovian reserve where roe deer were absent, and 

where elk Alces alces were the most predominant ungulate, sika were the only ungulate 

known to have been killed by lynx. In an Il’men reserve where 90% of the ungulate 

community was composed of roe deer, 4% of 221 wild ungulates killed by lynx were sika 

deer.  

 

Wild fallow deer are frequently taken by lynx in Slovenia and Croatia (Čop, unpublished 

report), while a small number of farmed fallow deer have been killed by lynx in the Swiss 

Alps (Angst, 2001). With an estimated population of around 8000, fallow deer are the 

least numerous of the four deer species in Scotland (DCS, 2000). There are, however, 

localised concentrations in forest areas in several parts of Scotland (Fig. 3.2). Live 

weights for fallow in Perthshire average around 35kg for females and fawns combined, 

while bucks weigh up to 48kg (A. MacGugan, DCS, pers. comm.), bringing them well 

within the size range of hunting lynx.  

 

Scottish red deer living in forests, although much larger than the principal lynx prey 

species, the roe deer, are substantially smaller than red deer from Poland where calves 

and hinds regularly fall prey to lynx. It is likely that in Scotland, as in eastern Europe, 

lynx would largely ignore red deer stags in favour of the smaller calves and hinds. Sika 

deer, as with fallow deer, are a great deal lighter than red deer, and in Scotland, where 

sika weights are low compared to those from other parts of Britain (Putman, 2000), even 

a sika stag can weigh less than a red deer calf (Table 5.3). All genders and life stages of 

sika and fallow deer would fall within the capabilities of a hunting lynx. 
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Live weight (kg)  
Species 

 
Location Young Adult 

Female 
Adult 
Male 

 
Source 

Roe S & E England - 22.3 23.9 Staines & Ratcliffe (1991) 
Sika Great Glen - 30.3 43.2 Ratcliffe (1991) 

Red Cowal Male 55 
Female 57 

Yeld 85 
Milk 102 127 Staines et al. (in process of 

publication) 
 
Table 5.3 Comparison of mean live weights for three deer species in Britain 
 

 

5.2 Method and Materials 

 
5.2.1 Introduction 

 

A prey analysis for lynx was conducted, based firstly on ungulate abundance, and 

secondly on ungulate biomass. Lynx and ungulate density data were available from the 

literature from four areas of Europe: Central Norway, the Swiss Jura, the Swiss Alps and 

Białowieża Forest, Poland (Table 5.4).  

 

5.2.2 Lynx and ungulate densities 

 

Where possible, the lynx and ungulate data used had been gathered during the same 

period of time for each of the four areas. The lynx density figure used for this analysis 

from the Swiss Jura is a winter density calculated by radio-telemetry during 1988-1991 

(Breitenmoser et al., 1993). The Swiss Alpine lynx figure was derived from radio-

telemetry during 1983-85 (Haller & Breitenmoser, 1986). The lynx data from Central 

Norway were calculated by snow-tracking along transects during 1991-1996 (Knutsen & 

Kjørstad, 1996), while the lynx density used from Białowieża Forest was a mean figure 

from 4 winters derived from radio-telemetry during the period 1991-1996. All figures 

represent density of independent lynx, and therefore do not include dependent kittens. 

The Swiss Alpine lynx density figure was given in the literature as a figure for adult lynx 

density only (Haller & Breitenmoser, 1986). To include independent subadults, this 
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figure was augmented by 40%, based on the proportion of subadults in a well-studied 

Swiss Alpine lynx population (Breitenmoser-Würsten et al., 2001). 

 

The ungulate density in the Swiss Jura is a mean spring density estimated over 5 years by 

dung count analysis (Jobin, Molinari & Breitenmoser, 2000). The Alpine densities are 

derived from 1984 estimates from Swiss federal and cantonal sources (Breitenmoser & 

Haller, 1987). Densities for roe deer from Central Norway were estimated at between 

0.06km-2 and 0.20km-2 from hunting bags in the winter of 1995/96 (Sunde et al., 2000), 

but the upper margin was used here as roe deer numbers are often underestimated due to 

the species’ elusiveness as shown by Andersen (1953). Semi-domesticated reindeer and 

sheep densities were taken from husbandry statistics (Sunde et al., 2000a). Roe and red 

deer densities from Białowieża Forest were estimated from drive censuses conducted 

during January-March 1991 (Jedrzejewski et al., 1993).  

 

Deer density data for Scotland was drawn from estimates derived at 54 monitoring units 

within Forestry Commission-owned sites across Scotland. Dung counts were conducted 

by Strathcaulaidh Ltd during the winters and springs of 2001-2004 and provided density 

estimates of roe, red, sika and fallow deer. 12 of the monitoring units were located in 

habitat patches identified in Chapter 4 as being in the Southern Uplands network. The 

remaining 42 units were located in the Highlands network of habitat patches. The mean 

value of ungulate density for both the Southern Uplands and Highlands was calculated 

and used to predict the potential lynx densities for the two areas. 

 

Despite not being a wild ungulate, the free-ranging, forest-grazed sheep of Central 

Norway were included. There, all lynx, especially males, are thought to feed on sheep, 

since they are widespread and relatively numerous in lynx habitat (Odden et al., 2002). 

However, sheep are grazed in forest only for 3 and a half months during the summer and 

are only vulnerable to predation by lynx during this time. To reflect this seasonal 

availability, a sheep density figure for central Norway was adopted which equated to 30% 

of the reported density of 2.5 km-2 (Sunde et al., 2000).  
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The density represented by any gender or age class of ungulate thought to be unsuitable 

lynx prey, was removed from the ungulate communities. Lynx hunt both genders and all 

life stages of roe deer, chamois, reindeer and sheep, whereas they avoid red deer stags 

(Jedrzejewski et al., 1993). The contributions of red deer stags to the red deer populations 

of Białowieża, the Scottish Highlands and the Southern Uplands, were therefore not 

included in the total ungulate densities for these areas in the present analysis. Stags were 

estimated to form 27% of red deer living in Białowieża Forest (Jedrzejewski et al., 1993) 

and 28% in Scotland (Fergusson, 2002).   

 

5.2.3 Converting ungulate density to biomass 

 
Ungulate densities were also converted into biomass km-2 in order to standardise ungulate 

communities composed of different species. For each species, representative weights 

were estimated from average weights for both genders as well as juveniles in a pre-

breeding population, so that total biomass of the ungulate community could be calculated. 

In Scotland, the weights of roe deer are known to vary between different parts of the 

country according to the productivity of the environment (I. Fergusson, pers. comm.). 

However, for this study a figure of 20kg was used, based on average adult weights of 

22.3kg for does and 23.9kg for bucks (Staines & Ratcliffe, 1991). For semi-domesticated 

reindeer, 65kg was used, based on a herd composition of 11% male, 65% female and 

24% calves (Pedersen et al., 1999), with an average, adult female weight of 66.5kg in 

winter in Central Norway (Nybakk et al., 2002). The average weight of chamois varies 

between the Swiss Jura and Swiss Alps with those in the Jura being slightly heavier (A. 

Jobin-Molinari pers. comm.). Therefore, 30kg was used for the Jura and 27kg for the 

Alps. As before, the share of the ungulate community represented by red deer stags was 

not considered in the analysis. Polish red deer are heavier than Scottish forest red deer, 

and based on weights given by Staines et al. (in process of publication) and 

Dzieciolowski (1970), 90kg was considered representative of Polish hinds and calves, 

while 80kg was more descriptive of Scottish hinds and calves living in forests. The 

representative weight for sheep in central Norway is 43kg, and was based on typical ewe 

weights for the Spaelsheep and Dala breeds of 65kg and 90kg respectively (Hansen et al., 
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2001), and with lamb weights in mid-summer typically around 25kg (G. Steinheim, pers. 

comm.). The proportion of sheep grazed in the forest was assumed to be similar to that in 

northern Norway, where 63% of grazed sheep were lambs (Warren, Mysterud & 

Lynnebakken, 2001). The representative weights used for sika and fallow deer were 35kg 

and 40kg respectively, based on Scottish animals (Ratcliffe, 1991; A. MacGugan, pers. 

comm.). Figures for ungulate biomass per unit area in the four European areas and the 

two Scottish areas are shown in Table 5.4. 

 

 
Source area 

 

 
Ungulates km-2 

Ungulates  
km-2 

Ungulate
biomass  
(kg km-2) 

Lynx 
100km-2 

Central Norway 0.2 roe; 1.6 reindeer; 0.8 sheepa 2.6 142 0.3 f 
Swiss Jura 7.2 roe; 1.6 chamoisb 8.8 192 1.0 g 
Swiss Alps 7.7 roe; 5.0 chamoisc 12.7 289 1.7 h 

Białowieża, Poland 4.7 roe; 4.7 red deerd 9.4 517 2.9 i 
Scottish Highlands 7.4 roe; 3.1 red deer; 1.6 sika, 0.1 fallowe 12.2 453 - 
Scottish S. Uplands 5.5 roe; 0.9 red deer; 0.1 fallow e 6.5 183 - 
 
Table 5.4. Ungulate density, ungulate biomass and lynx densities from selected areas 
in Europe. a. Sunde et al. (2000a) b. Jobin (1998, cited in Jobin et al., 2000) c. Breitenmoser & 
Haller (1987) d. Jedrzejewski et al. (1993) e. D. Campbell, Strathcaulaidh Ltd, (pers. comm.) f. 
Knutsen & Kjørstad (1996) g. Breitenmoser et al. (1993) h. Haller & Breitenmoser (1986) i. 
Okarma et al. (1997). 
 

 

5.3 Results  
 

The relationship between ungulate density and lynx density, and ungulate biomass and 

lynx density across the four areas is shown in Fig. 5.1 and 5.2 respectively. There was not 

a significant linear relationship between lynx density and ungulate density (F = 1.41, n = 

4, p = 0.357) (Fig. 5.1). There was, however, a strong relationship between lynx density 

and log transformed ungulate biomass, which, despite the small sample size, was highly 

significant (ANOVA: F = 852.12, n = 4, p = 0.001) (Fig. 5.2).  
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Fig. 5.1 The relationship between lynx density and wild ungulate density for four 
areas in Europe. [R2 (adj.) = 0.121, p = 0.357]. 
 
 
 
 
 

 
 
 
Fig. 5.2. The relationship between lynx density and log ungulate biomass for four 
areas in Europe. The relationship is described by the equation lynx = 4.58(log10 
ungulate biomass) – 9.53. R2 (adj.) = 0.996. 
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Fig. 5.3. The relationship between lynx density and the density of wild ungulate 
biomass for four areas in Europe (marked in blue). This is used to predict lynx 
densities for two Scottish areas (marked in red). The relationship is described by the 
equation lynx = 4.58(Log10 ungulate biomass) – 9.53. R2 (adj.) = 0.996. Error bars 
represent 95% confidence limits. 
 
 

The equation that describes this relationship [y = 4.58Log10(x) – 9.53, where x is ungulate 

biomass in kg km-2, and y the supported lynx density in numbers of lynx 100 km-2], can 

be used to predict the density of lynx that could potentially be supported by ungulate 

biomass in Scotland (Fig. 5.3). As shown in Table 5.4, the average ungulate biomass in 

the Highlands is 453 kg km-2. This predicts a density of 2.63 lynx 100 km-2 (95% 

confidence limit: 0.34). The average biomass in the Southern Uplands is 183 kg km-2, and 

this predicts a lynx density of 0.83 100 km-2 (95% confidence limit: 0.31). When applied 

to the habitat patches identified in the Highlands and Southern Uplands in Chapter 4, 

these estimated densities suggest a potential total population of 394 ± 51 lynx for the 

Highlands, and 51 ± 19 for the Southern Uplands and Kielder Forest, giving a total 

potential lynx population for northern Britain of 445 ± 70 lynx (Table 5.5).  
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 Lynx density 
(100km-2) 

Area of  
habitat (km2) 

Number of 
lynx 

Highlands  2.63 14,994.4 394 
Southern Uplands  0.83 6,144.4 51 
Total - 21,138.8 445 

 
Table 5.5. Number of lynx that could be supported in Highlands and Southern 
Uplands based on habitat availability and prey biomass. The area figure for the 
Southern Uplands includes adjacent habitat in England.  
 

 

5.4 Discussion  
 

There are limitations to the approach taken by the present analysis to estimate the lynx 

densities that could be supported in Scotland. One such limitation is the reliance on 

density data for both lynx and ungulates, which are themselves, estimates. Density data 

which are derived from sophisticated methods such as radiotelemetry and camera 

trapping, are regarded as being more accurate and less likely to overestimate animals 

(von Arx et al., 2004). With the exception of the data from Central Norway, which were 

estimated from snow-tracking along transects, lynx density data for the present analysis 

were estimated from radio-telemetry, and should therefore give a reasonably accurate 

picture of lynx density. The ungulate data, however, were compiled using a variety of 

methods such as drive census, dung counting, husbandry statistics and extrapolation from 

hunting statistics, and there is therefore potential for inaccuracy and disparity between 

methods. Nevertheless, despite the variety of methods employed, it was felt that the 

ungulate densities employed by the present analysis, did broadly reflect the abundance of 

ungulates within the areas examined, and thus were appropriate for use in an indicative 

analysis at the national level.  

 

The Scottish lynx densities estimated by the analysis do not represent the biological 

carrying capacity for lynx in Scotland, because all four of the lynx populations used to 
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examine the relationship between ungulates and lynx are exposed to human processes 

which may affect lynx density. The Norwegian lynx population experiences legal quota 

hunting, while the protected lynx population of Białowieża Forest suffers considerable 

levels of poaching. The two Swiss populations, occurring as they do in the most densely 

populated landscapes under consideration, experience poaching, as well as frequent road 

traffic collisions, which can be a significant source of subadult mortality. Compared to a 

range of other carnivore species, the Eurasian lynx was found to be quite rare relative to 

the estimated prey biomass availability, and human processes such as poaching were 

suggested as possible reasons for this (Carbone & Gittleman, 2002). Given that the 

potential habitat patches identified for lynx in the previous chapter lie in human-modified 

landscapes, it is likely that a lynx population in Scotland would also be exposed to human 

processes, which could potentially reduce lynx density below that of the biological 

carrying capacity. Whether these potential human impacts would be greater or lesser than 

those felt by lynx populations elsewhere, is unknown. 

 

In reality, the true lynx densities that could be supported in Scotland may be higher or 

lower than the figures suggested by the analysis, either because of statistical or 

environmental reasons. The Scottish deer density data came from 54 Forestry 

Commission woodlands, and were chosen because they came from a large dataset 

covering all areas of Scotland, and were compiled with a standardised methodology. 

However, because deer populations are carefully managed in Forestry Commission 

woodlands to protect the timber resource within them, it is likely that many of these 

woodlands support lower deer densities than other, privately-owned forests. Average deer 

densities in both the Southern Uplands and Highlands may therefore be higher than the 

averages used in the analysis, resulting in an underestimation of the number of lynx that 

could be supported in the two areas. Moreover, it is possible, that by concentrating on the 

relationship between lynx and ungulates, and by not considering other plentiful potential 

prey, the lynx densities estimated for Scotland could be further underestimated.  

 

In addition to ungulates, mountain hares Lepus timidus and brown hares Lepus europaeus 

frequently contribute to lynx diet in Europe (Birkeland & Myrberget, 1980; Breitenmoser 
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& Haller, 1993; Jedrzejewski et al., 1993; Pulliainen et al., 1995; Okarma et al., 1997; 

Sunde and Kvam, 1997; Weber & Weissbrodt, 1999; Jobin et al., 2000; Sunde et al., 

2000a). Both of these species are present in Scotland, with the brown hare occupying 

lowland agricultural areas, and the mountain hare occurring in upland environments, 

including upland forests in winter. Densities of mountain hare are high in Scotland, 

particularly in the eastern Highlands, where 300 hares km⎯² have been recorded (Hewson, 

1991).  

 

Rabbits Oryctolagus cuniculus are not recorded as Eurasian lynx prey in Europe, 

probably because rabbits do not occur, or are uncommon, in regions inhabited by 

Eurasian lynx (Mitchell-Jones et al., 1999). In France, for example, rabbits are less 

abundant and more dispersed in mountain areas such as the Jura, Alps and Vosges, due 

mainly to thin soils, a predominance of woodland, and harsh winters (Rogers et al., 

1994). Rabbits in the British Isles, however, can be found in almost all habitats up to the 

altitudinal treeline, including woodland edge and woodland rides (Cowan, 1991). Rabbits 

are widespread in Scotland, with higher densities in eastern areas witnessed by a much 

greater significance of rabbit to the diets of both wildcats and foxes, than in western areas 

(Corbett, 1979; Kolb & Hewson, 1979). The pre-breeding rabbit population of Scotland 

has been estimated at around 9,500,000 (Harris et al., 1995). With an average individual 

mass of 1.5kg, the Scottish rabbit population represents a biomass equivalent to over 

700,000 roe deer. In Białowieża Forest, Poland, brown hares were regarded as being of 

probably crucial importance for subadult lynx surviving their first year of independence 

(Okarma et al., 1997). It may be that lagomorphs in Scotland, which are much more 

abundant than in parts of Europe inhabited by lynx, could be an important and abundant 

food source, particularly for subadult lynx, with knock-on effects on lynx density. But as 

rabbits are not recorded as lynx prey in Europe, it is impossible to predict what impact 

they would have on the densities of reintroduced lynx in Scotland. 
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5.5 Conclusion 
 

It is clear that lynx prey species are abundant and widespread in Scotland, and that all 

habitat patches identified in Chapter 4 support potential prey in sufficient quantities to 

support a lynx population. Despite a small sample size of four areas for which both lynx 

and ungulate density data could be found, the analysis identifies a significant relationship 

between available ungulate biomass and lynx density in human-modified, European 

landscapes. Furthermore, the availability of prey in Scotland suggests that a substantial 

population of lynx could be supported. The estimates of lynx carrying capacity for the 

Highlands and Southern Uplands of approximately 400 and 50 respectively, are likely to 

be quite conservative, as prey may be more abundant than the biomass figures used in 

this study suggest. Only 3 of the 9 lynx populations in Europe are currently larger than a 

potential Scottish lynx population of over 400 individuals (von Arx et al., 2004).  

 

The next chapter will consider how many lynx would be required in a founder 

population, and if a Scottish lynx population of approximately 450 animals would be 

viable in the long-term. 
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CHAPTER 6 

 

 

 

 

POPULATION VIABILITY ANALYSIS: HOW 

MANY LYNX ARE ENOUGH? 
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6.1 Introduction 
 

6.1.1 Intrinsic and extrinsic threats to population viability 

 

The aim of any species reintroduction programme is to successfully establish a 

population in the wild that will expand, both in numbers, and in geographical extent. The 

release population is therefore likely to be small relative to the established population that 

results from the release. However, small populations, such as a release population, are 

inherently more vulnerable to a range of stochastic factors, than are larger populations. 

These can interact with one another to cause an “extinction vortex”, that is to say 

fluctuations in the population that could result in the extinction of the species (Gilpin & 

Soulé, 1986). Shaffer (1987) recognised three kinds of stochastic variation that can 

contribute to population loss and thus extinction: demographic, environmental and 

genetic.  

 

Demographic stochasticity reflects randomness in birth and mortality rates. When a 

population is particularly small, the fate of each individual can be crucial to the survival 

of that population. For example, if all the young born in a year were to be male, then this 

may have grave consequences for future breeding success. It is thought that demographic 

stochasticity is only a critical threat to populations numbering 30-50 individuals or less 

(Caughley, 1994). Clearly, demographic stochasticity will be a major problem only in the 

early years of a reintroduction. 

 

A more significant, extrinsic threat to small populations is environmental stochasticity 

(Ballou, 1995a). Populations susceptible to environmental stochasticity are at a greater 

risk of extinction as they fluctuate in size more than do less susceptible populations. 

Changes in weather and biotic factors such as fluctuations in the availability of food, can 

give rise to variation in population growth rates. Catastrophes cause environmental 

variation on a large scale and can expose populations, large and small, to a greater level 

of risk. Disease epidemics and natural events such as flooding, fire and hurricane, as well 
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as large-scale, human-induced change such as deforestation are rare, but are capable of 

decimating a population (Young, 1994; Funk et al., 2001).  

 

Genetic stochasticity refers to changes in the genetic composition of a population. Genes 

which are passed on to offspring are a random sample of the genes of the parents. But in 

small populations, each random sample of genes only represents a fraction of the genes of 

the parental generation, so that some genetic variation present in the breeding population 

may not get passed on to the offspring. As a result, some of the genetic variation is lost to 

the population. The smaller the population, the faster the loss of variation. Populations 

founded by only a small number of individuals, can experience a great deal of inbreeding 

and can lose a considerable amount of genetic diversity. The presence of genetic diversity 

has been shown to be important for maintaining the fitness of a population (Ballou, 

1992). Individuals with more heterozygous loci tend to be fitter than individuals with less 

genetic variation (Krebs, 2001), so that individuals with lower levels of genetic variation 

often have higher mortality rates and lower reproductive rates than individuals with more 

diversity. In the long term, a reduction in genetic diversity also diminishes a population’s 

ability to adapt to changes in the environment (Allendorf, 1986). 

 

6.1.2 Founder population size and composition 

 

As detailed in Section 1.3, several attempts have been made over the years to reintroduce 

Eurasian lynx to areas of Europe where they have been extirpated. A variety of methods 

and differing founder population sizes have been used and the outcomes have been mixed 

(Table 6.1). By examining these reintroductions, it may be possible to identify factors 

common to the founder populations of successful reintroductions. 
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Location Country Years Numbers  Origin Outcome 
Rominter Heide Russia 1941 5 (2/2/?) mix failure 
Bavarian Forest Germany 1970-75 5-7 mix failure 
Jura Mountains Switzerland 1971-80 10 (5/5) wild success 
Alps Switzerland 1971-82 14-18 (8/6/4) wild success 
Gran Paradiso  Italy 1975 2 (2/0) wild failure 
Kocevje Slovenia 1973 6 (3/3) wild success 
Alps Austria 1977-79 9 (6/3) wild failure 
Black Forest Germany Early 1980s unknown unknown uncertain 
Sumava Czech Rep. 1982-89 18 (11/7) wild success 
Vosges Mountains France 1983-92 21 (12/9) mix uncertain 
Jorat, Plateau Switzerland 1989 3 unknown uncertain 
Abruzzo Italy unknown unknown unknown failure 
Kampinoski  Poland 1993-2000 31 (14/17) captive uncertain 
Harz Mountains Germany 2000- 20 (9/11) to date captive ongoing 
N.E. Alps Switzerland 2001- 9 (4/5) to date wild ongoing 

 
Table 6.1. Summary of lynx reintroductions in Europe. Figures in brackets under 
‘Numbers’ column relate to numbers of males, females and juveniles respectively. From 
Cerveny & Bufka (1996); Vandel (1996); Böer et al. (2000); Breitenmoser et al. (2001); 
Ryser et al. (2003); O. Anders (pers. comm.) 
 
 
Precise information on numbers and sources of animals used in founder populations is 

hard to come by, as very often, releases were illegal and carried out clandestinely. It is 

possible that in many places such as Switzerland, Italy and Austria more lynx were 

released than are documented. As can be seen in Table 6.1, the outcomes of the more 

recent reintroductions are as yet uncertain. Two of these more recent reintroductions, in 

the Kampinoski National Park and the Harz Mountains, have used captive animals and 

have released relatively large numbers of animals compared to other projects. Of the 

earlier projects with a discernible outcome, the schemes in the Rominter Heide and in the 

Bavarian Forest used small numbers (5 to 7) of mixed wild and captive-raised animals, 

and both failed. When using captive-raised individuals, there are behavioural concerns, 

such as the ability to successfully hunt and rear young, as well as unnatural interactions 

with humans, which could impact on the release population’s ability to survive and 

multiply in the wild. Of the four successes, all schemes used only wild caught animals. 

The numbers of wild lynx released for the successful schemes varied from 6 in Kocevje, 

to 18 in Sumava. Of the four, so-far-successful, reintroductions, two used an equal sex 

ratio and two used more males than females. Two other projects that used wild animals, 

those in Gran Paradiso and the Austrian Alps, failed. The Gran Paradiso project failed 



 

125  

because only two males were released, as females earmarked for the project were 

ultimately sent to a scheme elsewhere in Europe. The Austrian project failed despite 

releasing 9 wild lynx with more males than females, possibly because there were too 

many males compared to females (6 males to 3 females). It has been argued that the 

released lynx population dispersed too far and too quickly partially due to increased 

territorial aggressiveness in the males, brought about by the imbalanced sex ratio 

(Gossow & Honsig-Erlenburg, 1986). It appears that in order to have a greater chance of 

success, a lynx reintroduction scheme should use at least 6 wild-caught lynx, with a 

roughly equal sex ratio. 

 

Of the four successful reintroductions, all, except the Slovenian project, used more than 

one release. The Swiss Jura reintroduction is thought to have taken place using three 

different release locations over a 9-year period, while in the Swiss Alps, at least 5 

locations were used over a period of 11 years (Breitenmoser & Breitenmoser-Würsten, 

1990). In Sumava, 8 releases took place in 7 locations in 6 different years in the period of 

1982-1989 (Červeny & Bufka, 1996). However, all 6 lynx in the Slovenian reintroduction 

were released on the same day in the same location (Čop & Frkovic, 1998). 

 

Although it can be concluded, by examining successful lynx reintroductions, that the 

founder population should be wild caught, there is considerable variation in the other 

factors pertinent to a lynx reintroduction, such as number of animals used, the sex ratio, 

and how many releases should be used. Breitenmoser et al. (2001) considered that the 

Swiss reintroductions in particular, despite their apparent success, were actually very 

poorly carried out. Much of the activities of these reintroductions were poorly 

documented or in the case of unofficial releases, not documented at all. They contended 

that the Swiss reintroductions were poorly co-ordinated, with too few animals being used 

and should not have used different release sites or indeed had two separate 

reintroductions happening concurrently. Given the rather haphazard nature of many of the 

previous lynx reintroductions, and that success or failure seems to have depended to a 

large extent on chance, a more analytical method is required to satisfactorily determine 

the ideal founder population size and structure for a Scottish lynx reintroduction project. 
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The use of Population Viability Analysis computer packages will be reviewed after a 

discussion on Minimum Viable Population size.  

 

6.1.3 Minimum viable population size 

 

The determination of a minimum viable population (MVP) size for a species, is the 

identification for an area of a size above which the population is likely to be safe from an 

extinction vortex (Shaffer, 1987; cited in Ballou, 1995a). The calculation of a MVP size 

is a function of the stochastic threats facing the population, as well as the acceptable level 

and timescale of an extinction risk (Ballou, 1995). Berger (1990) found that bighorn 

sheep populations of less than 50 individuals became extinct in less than 50 years, while 

populations of over 100 sheep still existed after 70 years. Schaffer (1978) concluded that 

at least 30-70 grizzly bears Ursus arctos horribilis were needed to ensure at least 95% 

certainty of survival over 100 years, but this calculation did not include genetic 

stochasticity or catastrophic events. Populations of wolves have been regarded as viable 

if they occurred in areas larger than 25,906 km2 and at a density of more than 1 wolf 129 

km-2, giving a MVP of 201 (USFWS, 1992; cited in Paquet et al., 2001). Seal et al. 

(1994; cited in Tilson et al., 2001) conclude that 250 Sumatran tigers Panthera tigris 

sumatrae are required for a MVP if extinction is to be avoided over a 100-year timescale. 

Estimates for MVP, however, tend to be considerably higher when inbreeding is 

incorporated into the model, or when the timescale is increased. It was estimated that 

4062 individuals would be necessary for a population of jaguar-sized cats to have a 95% 

chance of avoiding extinction over 500 years (O’Regan, Turner & Wilkinson, 2002). 

Over 1000 years, however, the same population size would have only a 69% chance of 

avoiding extinction. Modelling the viability of populations of the Atlantic Forest spiny rat 

Trinomys eliasi with no inbreeding, estimated that a MVP of 200 was required to have a 

90% chance of avoiding extinction over 100 years (Brito & Figueiredo, 2003). But when 

inbreeding was considered, a population of 2000 was required for both population 

survival and maintenance of more than 90% heterozygosity (Brito & Figueiredo, 2003). 

Wilson (2004) calculated MVPs for wolf, brown bear and Eurasian lynx and included 

inbreeding depression by using the mammalian median figure for the number of lethal 
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equivalents per diploid genome, as offered by the VORTEX software. He determined that 

around 200 to 250 individuals were required in order to have a 95% probability of 

surviving 100 years. Nilsson (2003) found that a population of 400 Scandinavian wolves 

was sufficient to drive extinction risk below a 5% threshold in the last 100 years of a 

1000-year simulation. However, when the sensitivity to inbreeding was increased by 

raising the number of lethal equivalents from 3 to 6.1, the number of wolves required was 

3000. Lande (1995) asserted that to maintain adaptive potential and long-term population 

viability, an effective population size of 5000 is required. Reed et al. (2003) estimated 

MVPs for 102 vertebrate species and incorporated demographic and environmental 

stochasticity, catastrophes and inbreeding depression. They concluded that in order to 

have a 99% probability of persistence for 40 generations, a population would require, on 

average, 7316 adults. Furthermore, they argued that there was little variation between 

taxa and trophic level in the MVP figures for the 102 species considered, and that for 

long term viability, enough habitat for 7000 adult vertebrates must be conserved. Such 

large figures for MVP drew criticism, however. Pacheco (2004) pointed out the 

difficulties of conserving the potentially huge areas of habitat required for such a MVP 

size for large carnivore populations. Furthermore he used the example of the Bali tiger 

Panthera tigris balica as a population which survived for far longer than 40 generations 

on a relatively small island where the population size could never have been greater than 

667 adults. Reed et al (2004) responded by highlighting the possibility that tigers 

periodically swimming the 3 km from the neighbouring Javan population, could have 

genetically rescued the Bali tiger population. Furthermore, they pointed out that their 

model calculated an average MVP of around 7000 using a 99% probability of persistence, 

but when a 50% probability was used, the MVP was only 550 adults.  

 

6.1.4 Population Viability Analysis 

 

Population Viability Analysis (PVA) has been developed in recent years to assess the 

probability of a population persisting over a chosen period of time. PVA is a systematic 

evaluation of the factors that place populations at risk of extinction. In practice, computer 

models are used to identify the factors that are important for the survival of the 
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population, as well as to simulate the likely fate of the population. PVAs take into 

consideration randomness in natural populations and provide a range of predictions and 

so are stochastic models of population growth. PVA can therefore be used to determine 

an ideal founder population size that ensures the best chances of success for a 

reintroduction over a set timescale. 

 

PVA has been used for several species in recent years to determine the likelihood of 

extinction for various population sizes and for determining minimum viable population 

size. Examples include the Eurasian beaver (Nolet & Baveco, 1996); Eurasian lynx (de 

Jong et al., 1997); Ethiopian wolf (Mace & Sillero-Zubiri, 1997); European otter (van 

Ewijk et al., 1997); capercaillie (Marshall & Edwards-Jones, 1998); Iberian lynx 

(Ferreras et al., 2001); New Zealand robin Petroica australis (Armstrong & Ewen, 2002); 

Sonoran pronghorn antelope Antilocapra americana sonoriensis (Hosack et al., 2002); 

brown bear (Chapron et al., 2003); Atlantic Forest spiny rat (Brito & Figueiredo, 2003); 

wolf (Nilsson, 2003); and both tigers and leopards Panthera pardus (Wilkinson & 

O’Regan, 2003).  

 

However, the reliability of PVA has recently been called into question (Beissinger & 

Westphal, 1998; Coulson et al., 2001; Ellner et al., 2002). Beissinger & Westphal (1998) 

urged that PVA should be used cautiously, as often the quality of demographic data used 

is poor. They suggested that only simple models should be used initially and that the 

predictions of PVA should cover only short time periods. Coulson et al. (2001) doubted 

that PVA can be used to accurately predict the future status of wild populations, citing 

fears over the reliability of inputted demographic data, as well as the difficulty in 

estimating the probability of catastrophes. They do suggest, however, that PVAs could be 

useful for comparing the consequences of different conservation strategies. Similarly, 

Ellner et al. (2002) contended that risk estimates for longer time periods are increasingly 

imprecise, but also that confidence limits are necessary for extinction-rate estimates. 

Reed et al. (2002) regarded PVA as a powerful tool for comparing alternative research 

plans but raise concerns about data quality and assert that results should be presented 

with an assessment of confidence. They also suggest that PVA is not used to determine a 



 

129  

minimum viable population (MVP), concluding that the best use of PVA may be for 

comparing the relative effects of potential management actions on population growth and 

survival rather than for determining a specific probability of extinction. However, Morris 

et al. (2002) disagreed on this final point, by contending that by yielding an estimate of 

the probability of extinction by a specified future time, PVA can indicate how urgently 

recovery efforts need to be initiated in specific populations. They added that PVA can 

identify life stages or demographic processes for targeting by management. Brook et al. 

(2000a) concluded that PVA is a valid and reliable tool for categorising and managing 

populations under threat. They retrospectively examined 21 long-term ecological studies 

in order to test the predictive accuracy of PVA. Their results showed that the risk of 

population decline closely matched observed outcomes, and that population size 

projections did not differ significantly from reality. In addition, the predictions of five 

different PVA software packages used were closely matched. Brook et al. (2002) felt that 

PVA is a useful tool in applications to single species and even when data are uncertain, 

and thus when results are less reliable, it is still possible to draw conclusions e.g. whether 

the risk of extinction is high or not. They asserted that the critiques of PVA don’t suggest 

an alternative to it, and the alternatives that do exist, such as reserve-selection algorithms, 

rule-based and score-based methods, do not perform as well as PVA and are not open to 

the same level of scrutiny.  

 

6.1.5 Aims 

 

The aims of this chapter are: 

 

i) to determine the number and ages of lynx required in a founder (release) 

population, to give an acceptable chance of avoiding extinction within the first 10 

years after release. 

 

ii) to determine the minimum viable population size of lynx required to give a good 

chance of avoiding extinction within 100 years of attaining carrying capacity.  
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6.2 Materials and methods 
 

6.2.1 Modelling software 

 

There are several PVA software packages available, but for the purposes of this analysis, 

RAMAS/age (Ferson & Akçakaya, 1991) was used. The RAMAS family of packages 

(e.g. RAMAS/age, RAMAS/metapop, RAMAS/stage and RAMAS/GIS) have been used 

to model a range of species including the brook trout Salvelinus fontinalis (Power & 

Power, 1995); red-cockaded woodpecker Picoides borealis (Maguire et al., 1995); 

grizzly bear (Mills et al., 1996); the Lord Howe Island woodhen Tricholimnas sylvestris 

(Brook et al., 1997); whooping crane Grus americana (Brook et al., 1999); a rare prairie 

plant Lomatium bradshawii (Kaye et al., 2001); bog fritillary butterfly Proclossiana 

eunomia (Schtickzelle & Baguette, 2004); sharp-tailed grouse Tympanuchus phasianellus 

(Akçakaya et al., 2004); and Dolichopoda cave crickets Rhaphidophoridae (Bernardini & 

Russo, 2004). 

  
More specifically, RAMAS/age, one of the most commonly used of these packages 

(Brook et al., 1999), has already been used to model the number of wild boar required for 

a founder population for a reintroduction to Scotland (Leaper et al., 1999). RAMAS/age 

uses a modified Leslie matrix approach where time proceeds in fixed unit steps of the 

same duration as age classes (Ferson & Akçakaya, 1991). Modelling with RAMAS/age 

allows the choice of incorporating not only age structure, but also density dependence, 

demographic stochasticity, and environmental stochasticity. It simulates demographic and 

environmental stochasticity using means and variances of observed life history 

parameters such as survival and fecundity. By simulating population trajectories over a 

chosen length of time for a chosen number of replications, the model can estimate how 

many individuals there will be in the population or in any age class in the future, and can 

calculate the risk that the population will surpass or fall below a chosen threshold. 

 

Using RAMAS/age, the aim was to identify the number of lynx necessary for a founder 

population in order to ensure the best chances of establishment and survival of a released 
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population under an acceptable level of risk over a chosen time period. However, in order 

for RAMAS/age to be used meaningfully, it is necessary to input good quality life history 

data for the species concerned.  

 
6.2.2 Life history data 

 

The reliability of the output of a PVA is to a very large extent governed by the quality of 

the life history data employed, and life history data for Eurasian lynx were obtained from 

the scientific literature (Table 6.2). According to Ferson & Akçakaya (1991), 

RAMAS/age can be used to model both genders of a population or just females. However 

Brook et al. (2000b) found from comparing five PVA packages that matrix-based 

packages such as RAMAS/age consistently underestimated the risk of extinction when 

both genders were modelled. They recommend that only the limiting sex should be 

modelled in matrix-based packages. For this reason, the sex ratio for this PVA was set to 

include just females, and only life history data for females was used in the analysis. 

Consequently, all published real values for fecundity were halved when included in 

RAMAS/age to represent only female young (assuming an equal sex ratio). While wild 

female lynx of 17 years old have been reported (Kvam, 1990), this is regarded as 

exceptional and it is unclear if a female of this age would successfully rear kittens. For 

the purposes of this analysis, the maximum breeding age for females was set at 14 years 

(von Arx et al., 2004). Studies in Switzerland (Breitenmoser et al., 1993; Breitenmoser-

Würsten et al., 2001) and in Białowieża Forest (Jedrzejewski et al., 1996) have used 

summer kitten observations as a guide to lynx fecundity. The drawback with this method 

is that kittens are kept in a den for the early part of their lives making it difficult to locate 

or count them. In addition some kittens may have already died by the time the 

observation was made. The largest sample size (n = 22) available, came from the Swiss 

Alps (Breitenmoser-Würsten et al., 2001). Kvam (1990) reported that 8 legally hunted 

pregnant female lynx were carrying on average 2.5 embryos. The number of embryos, 

however, may overestimate fecundity, as not all embryos might survive to birth. Due to 

the larger sample size, it was felt that the Swiss Alpine figure was a more reliable 

indication of fecundity, despite the drawbacks of the kitten observation method. 
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Parameter Value n Location Source 
Age females first 
breed (years) 2 - Europe Von Arx et al. (2004) 

Max. age (years) 14 - Europe Von Arx et al. (2004) 
Sex ratio at birth 1:1 46 Europe Breitenmoser-Würsten et al. (2001) 

Fecundity (CV) 2.1 (0.41) 
2.5 (0.21) 

22 
8 

Swiss Alps 
Norway 

Breitenmoser-Würsten et al. (2001) 
Kvam (1990) 

Annual survival  
of females  
aged 0-1 (CV) 

0.455 (1.06) 
0.525 (1.06) 
0.832 (0.50) 

0.477 

27 
19 
12 
- 

Sarek, Sweden 
Bergslagen, Sweden 
Hedmark, Norway 

Norway 

Andrén et al. (2002) 
Andrén et al. (2002) 
Andrén et al. (2002) 
Kvam (1990) 

Annual survival  
of females  
aged 1-2 (CV) 
 

0.833 (0.58) 
0.833 (0.44) 
0.600 (1.18) 

0.737  

13 
7 

11 
- 

Sarek, Sweden 
Bergslagen, Sweden 
Hedmark, Norway 

Norway 

Andrén et al. (2002) 
Andrén et al. (2002) 
Andrén et al. (2002) 
Kvam (1990) 

Annual survival  
of females  
aged 2+ (CV) 

0.923 (0.18) 
0.857 (0.30) 
0.832 (0.37) 

0.711 

17 
9 

13 
- 

Sarek, Sweden 
Bergslagen, Sweden 
Hedmark, Norway 

Norway 

Andrén et al. (2002) 
Andrén et al. (2002) 
Andrén et al. (2002) 
Kvam (1990) 

 
Table 6.2. Lynx life history data used in the founder population analysis. No sample 
sizes were available for the first age of breeding and the maximum age. Kvam’s (1990) 
data came from a sample of 343 hunted female lynx, but the numbers in each age class 
were not given, and a coefficient of variation (CV) was incalculable. See below for 
explanation of CV. 
 
 

The large number of hunted lynx in Norway allowed Kvam (1990) to construct a detailed 

life history table. By determining from tooth cementum the age of 343 female lynx shot 

from 1960-1990, he was able to assign a survival rate to each year of an age-structured 

population. The mean value for adult annual survival was 71.1%. Andrén et al. (2002) 

reported survival data for lynx from 3 areas of Scandinavia. They calculated survival 

rates from radio-tracking 57 female lynx in Sarek, northern Sweden, for 766 ‘radio-

months’, 35 in Bergslagen, south-central Sweden, for 337 ‘radio-months’, and 36 from 

Hedmark, south-eastern Norway, for 508 ‘radio-months’. A survival rate was presented 

for each of three age classes in the three areas: 0-1 year olds; 1-2 year olds; and >2 year 

olds (Table 6.2). Andrén et al. (2002) contended that extensive radio-telemetry studies 

provide a more reliable indication of survival rates than life-table analyses. 

 

In order to simulate environmental stochasticity, coefficients of variation (CV) are 

required. Coefficients of variation for a set of data can be calculated by dividing the 
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standard deviation by the mean. To incorporate environmental stochasticity in 

RAMAS/age, CVs are required for fecundity, adult survival and zero age class survival. 

CVs for the survival data from the three Scandinavian areas reported by Andrén et al. 

(2002) were calculated from the standard error given for each age class. A CV for 

fecundity of 0.20 was calculated from the 8 hunted females reported by Kvam (1990). 

Figures for the CV were not available for the zero age class and adult survival from 

Kvam (1990) due to the way these data had been compiled, so CV figures were 

calculated from other studies on adult and zero age class survival. A figure for the CV for 

zero-age class survival of 0.566 was derived from a study carried out by Breitenmoser et 

al. (1993) on fourteen lynx kittens in the Swiss Jura, while a CV of 0.202 for adult 

survival was calculated from data on 12 radio-tracked lynx in Białowieża Forest, Poland 

(Jedrzejewski et al., 1996).  

 

6.2.3 Modelling strategy 

 

6.2.3.1 Identifying founder population size 

The likelihood of extinction occurring within the first 10 years after release was explored 

for a range of founder population sizes. In order to identify a strategy that would 

maximise population persistence over the first 10 years with the lowest number of 

released lynx, 12 scenarios were defined which differed from one another in the values 

for fecundity and survival used, the level of environmental stochasticity incorporated, or 

the ages of lynx in the founder population (Table 6.3). Each scenario was modelled with 

a range of founder population sizes, starting with one female, then modelling two, then 

three etc. until a founder population size was reached which achieved at least 95% 

probability of persistence. The populations were not modeled with density dependence as 

it is very unlikely that a newly released founder population would reach carrying capacity 

within 10 years of release, but were modelled with both demographic and environmental 

stochasticity. The population was considered to be extinct if it fell to less than 1 female, 

as no further reproduction within the population would be possible. An extinction risk of 

≤5% was considered acceptable. For each release population size, 2500 simulations were 

run and the mean value of extinction risk used (Fig. 6.1).  
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Fig. 6.1. An example screenshot from RAMAS/age showing trajectories from 20 
replications. For the purposes of the present analysis, mean trajectories from 2500 
replications were used to describe the probability of survival for a range of founder 
population sizes.  
 
 

For the purposes of the model, only 1 to 3 year old lynx were included. In scenarios 

where the age of lynx was spread from 1 to 3 year olds, the lynx were evenly distributed 

in these age classes. Where this was not possible, then the emphasis was placed firstly on 

the 2-year olds, then the 1-year olds. For example, when modelling for 7 females, the 

simulation was run with two 1-year olds, three 2-year olds, and two 3-year olds. For 8 

females, the simulation was run with three 1-year olds, three 2-year olds, and two 3-year 

olds, and so on. 

 



 

  

 Scenario 
Parameter 1 2 3 4 5 6 7 8 9 10 11 12 

 
Age of females (years) 

 

 
1-3 

 
1-3 

 
1-3 

 
1-3 

 
1-3 

 
1-3 

 
1 

 
3 

 
1-3 

 
1-3 

 
1-3 

 
3 

 
Juvenile [0-1 yrs] 

survival (CV) 
 

 
0.455 
(1.06) 

 
0.525 
(1.06) 

 
0.832 
(0.5) 

 
0.477 
(1.06) 

 
0.477 
(1.06) 

 
0.477 
(1.06) 

 
0.525 
(1.06) 

 
0.525 
(1.06) 

 
0.525 
(1.06) 

 
0.525 
(1.06) 

 
0.455 
(1.06) 

 
0.455 
(1.06) 

 
Subadult [1-2 yrs] 

survival 
 

 
0.833 

 
0.833 

 
0.600 

 
0.737 

 
0.737 

 
0.737 

 
0.833 

 
0.833 

 
0.833 

 
0.833 

 
0.833 

 
0.833 

 
Adult [>2 yrs] 
Survival (CV) 

 

 
0.923 
(0.18) 

 
0.857 
(0.30) 

 
0.832 
(0.37) 

 
0.711 
(0.18) 

 
0.711 
(0.18) 

 
0.711 
(0.18) 

 
0.857 
(0.30) 

 
0.857 
(0.30) 

 
0.857 
(0.18) 

 
0.923 
(0.30) 

 
0.923 
(0.18) 

 
0.923 
(0.18) 

 
Adult [>2 yrs] 

Fecundity (CV) 
 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.25 

(0.21) 

 
1.25 

(0.41) 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.05 

(0.41) 

 
1.25 

(0.21) 

 
1.25 

(0.21) 

 
 Table 6.3. Parameters of Scenarios 1 to 12.  
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6.2.3.2 The effects of survival rates of different life stages of lynx 

The effects of varying juvenile (0-1 years old), subadult (1-2 years old) and adult (>2 

years old) survival on the persistence of a founder population were also examined. 

This would allow an identification to be made of which life stage’s survival rate had 

the greatest bearing on the persistence potential of a founder population, and could 

thus guide the implementation of population management measures to minimise the 

risk of extinction for a newly-released lynx population. For this exercise, three 

scenarios were created (A to C). In each, simulations were run with a matrix of annual 

juvenile survival rates ranging from 0.4 to 0.85 and annual adult survival rate from 

0.6 to 0.95. The scenarios differed from one another in the annual subadult survival 

rate employed, with Scenario A employing low subadult survival of 0.37, Scenario B 

employing medium subadult survival of 0.6, while Scenario C, incorporated high 

subadult survival of 0.83. In each scenario, the value for fecundity was kept constant 

at 1.05, while environmental stochasticity was also kept constant with CVs of 0.41, 

1.06 and 0.30 employed for fecundity, juvenile survival and adult survival 

respectively. In each scenario, the founder population consisted of 12 females, aged 1 

to 3 years old. 

 

6.2.3.3 Minimum Viable Population size 

In order to determine what the smallest size a population can be in order to have a 

strong chance of persisting in the longer term, a range of population sizes at carrying 

capacity was modelled over a 100-year time period.  The population sizes ranged 

from 25 to 300 females, in incremental steps of 25, in order to represent carrying 

capacities supported by different habitat patch sizes. In reality, assuming an equal sex 

ratio, these represent wild lynx populations ranging in size from 50 to 600. As before, 

extinction was defined as a population with <1 female, and the acceptable risk of 

extinction occurring was 5%. Each population size was modelled with 500 iterations. 

Density dependence was included to keep the population at carrying capacity using 

the logistic function: 
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where Z represents recruits to the population, E represents individuals before they 

enter the zeroth age class, r relates to the proportion of potential offspring that enter 

the population at low population densities, and K is the equilibrium number of 

offspring entering the first age class. In reality, because no data on density 

dependence were available, values of r and K were arbitrarily selected so that 

population growth would reach an asymptote at carrying capacity (Table 6.4). 

 

Three scenarios (Pessimistic, Intermediate and Optimistic), which were defined by 

low, intermediate and high survival rates for juveniles, subadults, and adults, were 

used for each of the asymptotic population sizes (Table 6.4).  

  

Parameter Pessimistic Intermediate Optimistic 
Juvenile survival  40 60 85 
Subadult survival 37 60 83 
Adult survival  65 80 95 
Fecundity  1.05 1.05 1.05 
CV of fecundity 0.41 0.41 0.41 
CV of juvenile survival 1.06 1.06 1.06 
CV of adult survival 0.30 0.30 0.30 
r 4.5 0.68 0.1 
Range of K values 19 - 224 11.75 - 141.5 2.4 - 29.4 

 
Table 6.4. Parameters of the pessimistic, intermediate and optimistic scenarios 
used to determine the probability of persistence for a range of population sizes 
for 100 years. 
 
 
6.3 Results 
 

6.3.1 Identifying founder population size  

 

The results of Scenarios 1 to 12 are given in Table 6.5 and plotted in Fig. 6.2 to 6.6. 

The survival rate data and associated coefficients of variation of Sarek, Bergslagen 

and Hedmark were modelled as Scenarios 1, 2 and 3 respectively. Each of these 

simulations was conducted with a figure of female fecundity of 1.05 derived from the 

Swiss Alps. The results showed a large difference in the number of 1-3 year old 

female lynx required for a release population, with only 6 required based on Sarek 

survival data, 13 for Bergslagen and 16 for Hedmark (Fig. 6.2).  
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Scenario 
Number of females needed 

for ≥90% probability of 
persistence over 10 years 

Number of females needed 
for ≥95% probability of 
persistence over 10 years 

1 5 6 
2 9 13 
3 11 16 
4 12 16 
5 10 13 
6 11 14 
7 11 18 
8 8 12 
9 6 7 
10 7 10 
11 5 6 
12 4 5 

 
Table 6.5. Number of female lynx required in a founder population for a 
high probability of persistence over 10 years for Scenarios 1 to 12. 

 

Kvam’s (1990) survival data from across Norway was modelled with Swiss fecundity 

and associated CV for scenario 4, Norwegian fecundity and associated CV for 

Scenario 5, and Norwegian fecundity and lower environmental stochasticity 

represented by Swiss fecundity CV for Scenario 6 (Fig. 6.3). The higher Norwegian 

fecundity and its lower associated CV in Scenario 5 meant that fewer lynx (13 

females) were needed than in Scenario 4 (16 females). The result of Scenario 6, which 

saw 14 females required, was considerably lower than the outcome of Scenario 4, 

suggesting that the higher fecundity value was more influential on the number of 

females than the higher CV value.  

 

The effect of the age composition of the founder population was explored in 

Scenarios 7 and 8 (Fig. 6.4). Here the Bergslagen survival data and Swiss fecundity 

data were modelled firstly with just 1-year olds (Scenario 7) and just 3-year olds 

(Scenario 8). Twelve 3-year old lynx would be required, compared to 18 one-year old 

lynx.  
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Fig 6.2. The relationship between the number of female lynx in a founder 
population and the probability of population persistence 10 years after release 
in Scenarios 1, 2 and 3. 

Fig 6.3. The relationship between the number of female lynx in a founder 
population and the probability of population persistence 10 years after release 
in Scenarios 4, 5 and 6. 
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Fig 6.4. The relationship between the number of female lynx in a founder 
population and the probability of population persistence 10 years after release 
in Scenarios 2, 7 and 8. 

Fig 6.5. The relationship between the number of female lynx in a founder 
population and the probability of population persistence 10 years after release 
in Scenarios 2, 9 and 10. 
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The effect of adult survival and environmental stochasticity in adult survival were 

explored in Scenarios 9 and 10 (Fig. 6.5). The Bergslagen survival data and Swiss 

fecundity was modelled in Scenario 9 with Sarek’s low CV for adult survival. In 

Scenario 10, Sarek’s high adult survival was modelled but with Bergslagen’s higher 

adult survival CV. The inclusion of low environmental stochasticity in adult survival 

saw the Bergslagen simulation fall from 13 required females (Scenario 2) to just 7 

females, while the reduction in the number of required females caused by just higher 

adult survival was less pronounced at 10 females.  

 

The high survival rates and low adult survival CV of Sarek were combined with 

higher Norwegian fecundity and lower associated CV in Scenario 11 to give a figure 

of 6 females, a result no different from that of Scenario 1, where lower fecundity was 

modelled (Fig. 6.6). The lowest number of required females of any of the scenarios 

was for Scenario 12, where high survival, high fecundity and just 3-year olds were 

modelled. For this simulation, only 5 females were required to ensure at least a 95% 

certainty of avoiding extinction in the first 10 years. 

 

Fig 6.6. The relationship between the number of female lynx in a founder 
population and the probability of population persistence 10 years after release 
in Scenarios 1, 11 and 12.  
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6.3.2 The effects of survival rates of different life stages of lynx 

 

The results of varying adult, subadult and juvenile survival rates on the probability of 

persistence are listed in Tables 6.6 to 6.8. These results are shown in Fig. 6.7 as a 3D 

surface (mapping programme Surfer®, Golden Software, 1999). This summarises the 

interaction of juvenile, subadult, and adult survival on the probability of population 

persistence for a founder population of 12 females. Under Scenario A, where subadult 

survival was low, none of the combinations of juvenile and adult survival were 

sufficient to give a 95% probability of persistence over 10 years. Under Scenario B, 

with an annual survival rate of 0.6, only the two highest values of annual adult 

survival produced persistence probabilities of at least 95%. However, with 0.95 adult 

survival, 95% probability of persistence could be achieved with quite low values for 

juvenile survival. Under Scenario C, the inclusion of high values of subadult survival 

meant that 95% probability could be achieved with adult survival values of at least 

0.8, and in some cases with an annual juvenile survival rate as low as 0.4. 

 

 
Annual adult survival rate Annual 

juvenile 
survival rate 0.6 0.65 0.7 0.75 0.8 0.85 0.9 0.95 

0.40 23.9 32.8 47.7 58.0 69.5 77.5 83.6 88.8 
0.45 26.7 38.1 51.7 61.0 71.6 79.1 87.7 90.0 
0.50 32.0 42.5 53.7 63.1 74.7 81.1 86.6 88.5 
0.55 34.3 41.3 56.2 63.6 74.5 81.8 85.4 90.2 
0.60 34.6 47.2 58.7 66.0 77.9 83.7 88.5 91.8 
0.65 40.9 50.1 61.9 71.9 78.5 85.1 88.3 91.7 
0.70 39.7 50.9 63.4 71.6 76.6 84.1 90.3 92.0 
0.75 42.1 54.9 64.5 71.6 80.5 86.0 89.4 91.8 
0.80 43.5 54.1 64.4 74.6 84.2 86.6 89.2 91.7 
0.85 46.3 57.9 64.0 73.3 80.6 85.7 91.5 93.3 

 
Table 6.6. Percentage probability of population persistence for a founder 
population of 12 females under Scenario A, where an annual subadult survival 
rate of 0.37 was used. 
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Annual adult survival rate Annual 
juvenile 

survival rate 0.6 0.65 0.7 0.75 0.8 0.85 0.9 0.95 
0.40 47.7 55.6 69.4 76.6 82.4 88.5 92.1 94.3 
0.45 48.9 61.3 69.9 77.6 83.5 88.8 91.2 94.9 
0.50 55.6 66.1 74.1 81.3 86.3 90.0 93.1 95.4 
0.55 56.7 69.7 76.9 83.3 88.5 90.8 93.8 94.7 
0.60 59.7 69.0 79.5 85.2 88.5 90.8 93.3 95.2 
0.65 63.4 70.8 79.3 86.8 88.7 92.8 94.3 95.8 
0.70 67.6 73.5 81.1 85.5 91.6 93.1 94.5 97.0 
0.75 66.3 76.2 81.7 85.4 93.2 94.1 95.2 96.7 
0.80 67.1 77.0 83.2 87.7 92.3 92.5 95.6 97.6 
0.85 68.5 75.2 80.5 86.7 91.4 93.8 96.0 94.7 

 
Table 6.7. Percentage probability of population persistence for a founder 
population of 12 females under Scenario B, where an annual subadult survival 
rate of 0.60 was used. Cells containing values of ≥ 95% are shaded grey.  
 
 
 
 
 

Annual adult survival rate Annual 
juvenile 

survival rate 0.6 0.65 0.7 0.75 0.8 0.85 0.9 0.95 
0.40 64.8 70.7 79.7 85.9 89.0 93.3 94.0 96.7 
0.45 68.5 73.4 80.1 86.7 90.1 92.9 95.5 97.0 
0.50 69.3 79.8 84.0 89.4 90.1 92.9 95.5 97.0 
0.55 75.4 78.6 85.9 88.9 93.2 94.5 96.8 96.3 
0.60 76.1 80.7 88.5 90.9 93.3 94.6 96.6 97.6 
0.65 77.4 85.7 88.3 92.8 94.6 95.5 96.8 97.0 
0.70 75.1 85.2 88.4 92.2 94.1 95.8 97.5 98.4 
0.75 78.9 84.6 90.7 92.2 93.1 96.9 97.5 97.6 
0.80 78.8 97.3 90.5 92.3 95.2 96.6 97.0 97.6 
0.85 82.7 86.7 91.2 93.8 94.8 96.7 97.7 97.9 

 
Table 6.8. Percentage probability of population persistence for a founder 
population of 12 females under Scenario C, where an annual subadult survival 
rate of 0.83 was used. Cells containing values of ≥ 95% are shaded grey.  
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Fig. 6.7. The effects of juvenile, subadult and adult survival on the persistence of a
founder population after 10 years. In each case the release population consists of 12 
females. Scenarios A, B and C are modelled with low (0.37), medium (0.60) and high
(0.83) annual subadult survival, respectively.
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6.3.3. Minimum Viable Population size 

 

Differences existed in the minimum viable population size required to give a high 

probability of persistence over a 100-year period according to annual survival rates 

(Table 6.9 and Fig. 6.8). Under the Pessimistic Scenario, which incorporated low 

survival rates, a population of 400 adult and subadult lynx (assuming an equal sex 

ratio) would be required to have a 95% probability of persistence over 100 years. For 

the Intermediate Scenario, 200 lynx would be sufficient, while a population 

experiencing the survival rates of the Optimistic Scenario would require 100 adult and 

subadult lynx in order to have a 95% probability of persisting for 100 years. With a 

90% probability, however, the required population sizes for the Pessimistic, 

Intermediate and Optimistic Scenarios would 200, 100 and 100, respectively. This 

demonstrates that smaller patches of habitat would be capable of supporting a viable 

lynx population, only if survival rates were high. 

 

 

 

Population 
size 

Pessimistic Intermediate Optimistic 

50 35.6 66.0 84.4 
100 76.8 90.4 95.8 
150 85.8 93.0 97.4 
200 90.8 96.6 97.4 
250 90.8 97.0 98.2 
300 93.4 96.8 98.6 
350 92.0 97.0 98.2 
400 96.0 98.2 99.0 
450 93.4 97.6 99.0 
500 95.0 96.8 98.4 
550 97.0 96.6 97.2 
600 96.0 98.4 99.0 

 
Table 6.9. Probability of persistence over a 100-year period for a range of 
population sizes assuming an initial settlement at carrying capacity.  
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Fig. 6.8. Probability of persistence over a 100-year period for a range of 
population sizes assuming that the population has reached carrying capacity. 
 
 

6.4 Discussion 
 

6.4.1 Summary 

 

The number of female lynx required in a founder population to give at least a 95% 

probability of persistence in the first 10 years after a release, varied from 5 to 18, 

according to realistic life history parameters employed. In the RAMAS/age 

simulations, only females were modelled, but an equal sex ratio was assumed. The 

results suggest that a founder population of between 10 and 36 lynx would be 

required.  With a hypothetical release of 12 females (thus 24 lynx), the highest 

probability of population persistence over 10 years comes in scenarios where adult 

and subadult survival rates are high. Over a 100-year period, and when density 

dependence is included, a population at carrying capacity would need to have 

approximately 400 individuals at low rates of survival, 200 individuals at intermediate 

rates, and 100 individuals with high survival rates, in order to be viable.  
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6.4.2 Life history parameters 

 

It is clear that life history parameters can have a big impact on the risk of extinction 

and thus the probability of population persistence. The results of the analysis to 

determine the size and composition of a founder population (Fig. 6.2 to 6.6) show the 

importance of survival rates in the determination of the size of a founder population. 

Despite Scenarios 1 to 3 being modelled on data from lynx populations which all 

came from Scandinavia, pronounced disparities existed in survival rates and their 

CVs, which resulted in founder populations varying in size from 6 to 16 females. 

Assuming an equal sex ratio, this would require founder populations to consist of 

between 12 and 32 lynx. By comparison, increasing the value of fecundity within 

realistic bounds seemed to make little difference to the number of females required in 

a founder population. The analysis examining the effects of the interaction of varying 

survival rates for different life stages of lynx (Fig. 6.7), showed that even when 

juvenile survival was low, a strong probability of population persistence could be 

expected, as long as subadult and adult survival rates were high. 

 

6.4.3 Age classes 

 

Scenarios 2, 7 and 8 showed that using just 3-year old (adult) lynx in the founder 

population, as opposed to a mixture of 1 to 3-year olds, decreased the number of 

females required (Table 6.3; Fig. 6.3). Furthermore, if only 1-year old (subadult) lynx 

are used, then considerably more females are required. 

 

Very few data are available on the ages of lynx used for reintroductions and the 

resultant effects on project success. Ruth et al. (1998) translocated 14 pumas from 

south central New Mexico to the north-western part of the state. Ages of animals used 

were estimated from morphological and dental characteristics. They found that pumas 

over the age of 8 years showed a high and immediate risk of death after translocation. 

Both pumas in this age group died within 3 months of release. Eight adult pumas aged 

from 2.3 to 8 years tended to move farthest from the release site travelling a mean 

distance of 248 km, usually in the direction of their original home ranges. However 

four pumas aged from 12 to 27 months exhibited limited post-release movement, 
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travelling a mean distance of 40 km from the release site. They quickly established 

home ranges or use areas near the release sites. 50% of the youngest age class 

survived for the duration of the study while only 25% survived from the middle age 

class. It was concluded therefore that translocation was most effective for pumas aged 

12 to 27 months. Chronic stress in older animals with home ranges may have been a 

factor in the high mortality and low breeding success (Miller et al, 1999). Young 

subadult pumas, however, are of dispersal age and so may be predisposed to accepting 

unfamiliar situations and areas.  

 

A similar pattern of behaviour was observed from three Eurasian lynx (an adult male, 

an adult female and a subadult female) translocated in 2003 from the Jura Mountains 

of western Switzerland to the Alps of north-east Switzerland (Ryser et al., 2003). 

Both adult animals soon left the area after release and headed in westerly directions, 

presumably exhibiting homing behaviour towards the Jura Mountains. On his 

westerly trek, the male lynx crossed into Germany, returned to Switzerland, and then 

spent several months within the city of Zürich. The adult female did establish a home 

range, but it was much further west than those of lynx reintroduced during previous 

releases in the years beforehand. Both of these adults are considered to be isolated 

from one another and from the remainder of the reintroduced lynx population in 

north-east Switzerland (Ryser et al., 2003). By contrast, the subadult female quickly 

settled down and established a home range within the area inhabited by the previously 

reintroduced lynx.  

 

However, one drawback with using subadult animals is that they are not usually 

sexually mature and so will not reproduce immediately. Furthermore, subadult males 

may not be interested enough in females to form home ranges in their vicinity, and 

may thus disperse too far. In addition, subadults are often inexperienced hunters. 

Bailey (1993) found that the average annual mortality of subadult leopards in Kruger 

National Park in South Africa was nearly twice that of adults, and suggested that this 

was probably related to poorer hunting success. It is important for the success of a 

reintroduced lynx population that the released individuals are able to feed themselves. 

It takes time and practice to develop the skills necessary to kill large ungulate prey. 

However this is unlikely to be a significant limiting factor in Scotland, as large 

carnivores currently do not exist there and so deer will not exhibit strong anti-
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predatory behaviour (U. Breitenmoser, pers. comm.). Even subadult lynx should find 

catching naїve ungulate prey relatively easy.  

 

There are also practical considerations to take account of when selecting ages of lynx 

for a release population. Lynx are shy, solitary, low-density carnivores inhabiting 

forested environments. Opportunities to catch lynx may be limited and it may not be 

immediately obvious how old a lynx is when captured. There may have to be an 

element of “taking what you can get”. RAMAS simulations predicted that using only 

adult lynx would necessitate the fewest individuals in the founder population (Table 

6.3 and 6.5). However, in reality, a donor population consisting of both subadults and 

young adults is more likely, as well as being more suitable, offering the potential for 

immediate reproduction, as well as ensuring that mortality rates caused by stress and 

homing behaviour are less problematic.  

 

6.4.4 Catastrophes 

 

RAMAS/age does not allow for the incorporation of catastrophes, which are, in 

essence, a severe form of environmental stochasticity, and so the present study did not 

include the potential impact that catastrophes could have on a reintroduced lynx 

population. Catastrophic die off in vertebrates has been advanced as a major threat to 

population viability and it has been suggested that PVAs that do not model 

catastrophes, are overly optimistic (Young, 1994). Catastrophes such as habitat 

destruction, fire, floods, severe drought, disease epidemics etc. can impact severely on 

reproduction or survival. Young (1994) listed 96 incidences of natural die off in large 

mammals, varying in severity from 27% to 100% reduction in population size 

between two or more population surveys. Of the 96 die-offs, 18 related to carnivores, 

all of which suffered from either outbreaks of disease or starvation. However, 11 of 

these cases are social marine species such as sea otters Enhydra lutris or pinnipeds, 

and the remaining 7 cases involved social terrestrial species such as coyote, wild dog, 

African lion, and white-nosed coati Nasua narica. Social carnivores are inherently 

more at risk from disease epidemics, as a result of the increased contact between 

individuals. No species of solitary, terrestrial carnivore was listed by Young (1994) as 

having experienced a catastrophic die-off. Reed et al. (2003a) made reference to 6 

catastrophes (defined as a ≥50% decrease in population size within one year) having 
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affected Eurasian lynx populations, and calculated that the species runs an 18% risk of 

severe die-off per generation. However, the population datasets on which these 

calculations were based came largely from the mid-20th century Soviet Union. All six 

“catastrophes” were population crashes brought about either by unsustainable hunting 

by humans, or by crashes in cyclical mountain hare populations. In 21st century 

Scotland, a reintroduced lynx population is very unlikely to experience hunting of an 

intensity that could bring about a population crash of 50% in a year. Furthermore, in 

Scotland, unlike many parts of Russia, wild ungulates are numerous, while mountain 

hares do not experience large fluctuations in numbers. It is very unlikely that lynx in 

Scotland would experience a catastrophic die-off as a result of prey scarcity, 

particularly as several species are available, and prey populations are stable. 

Furthermore, lynx are not particularly sensitive in their habitat requirements and roam 

very large home ranges, so that populations of lynx cover very extensive areas. The 

species, therefore, runs a very low risk from natural catastrophes such as fire or 

flooding. 

 

6.4.5 Genetic considerations 

 

There has been much work done examining the effects of inbreeding and lack of 

genetic variation in carnivores. However, there has been some debate about the 

significance of genetic diversity to the survival of populations of large carnivores.  

 

Shoemaker (1982) found significant inbreeding depression with respect to juvenile, 

and in particular, perinatal mortality in 4 subspecies of captive leopards. Laikre 

(1999) summarised the results of studies documenting inbreeding in populations of 

brown bear, wolf and lynx held in Nordic zoos. These studies (Laikre & Ryman, 

1991; Laikre et al., 1993; Laikre et al., 1996) argued that inbreeding negatively 

affected female reproduction of all three species, litter size in bear and wolf, longevity 

in lynx and wolf, and weight in wolf. Laikre (1999) contended that deleterious alleles 

in the homozygous state, which were considered to have led to albinism and blindness 

in captive bear and wolf populations respectively, are probably fairly common in wild 

Scandinavian populations. Inbreeding depression was therefore concluded to be a 

potential threat to wild populations of large carnivores in Sweden (Laikre, 1999). 

 



 

151  

Compared to other mammals, carnivores tend to exhibit less severe inbreeding 

depression (Ballou, 1995a). It has been suggested by some that carnivores have 

smaller effective population sizes than other mammals and as such suffer no or minor 

deleterious effects of inbreeding (Wathen et al., 1985; Chepko-Sade et al., 1987). The 

cheetah Acinonyx jubatus is renowned for having low levels of genetic variability, and 

Merola (1994) contended that cheetah populations have survived at relatively low 

levels of genetic variation for thousands of years. Lehman et al. (1991) found that 

there was very little mitochondrial DNA differentiation amongst widely separated 

populations of coyotes Canis latrans, while Schwartz et al. (2002) found no evidence 

for decreased gene flow with increasing geographical distance, despite sampling wild 

Canada lynx populations more than 3100 km apart. Furthermore, Merola (1994) states 

that many of the negative effects attributed to inbreeding depression like infertility, 

reduced litter sizes and increased susceptibility to disease, are limited to zoo animals 

and that these effects may instead be caused by life in a captive environment. 

Certainly much of the work carried out on the influence of inbreeding on wild species 

has been conducted on captive animals, as it is more difficult to obtain the necessary 

information from wild populations (Ballou, 1995a).  

 

Ralls et al. (1988) analysed the captive breeding records of 40 mammal populations 

and found that for 36 of these, inbred young had higher mortality rates than non-

inbred young. However, this study looked at only three species of carnivore: the 

maned wolf Chrysocyon brachyurus; the bush dog Speothos venaticus; and the 

Sumatran tiger, and none of them showed significant inbreeding depression. In fact, 

the maned wolf was one of only four species in the study, which actually showed 

higher survival among inbred specimens. Ballou (1995b, cited in Ballou, 1995a) 

expanded this work by adding pedigrees for several more species. This included two 

carnivores: the Asiatic lion Panthera leo persica and the red panda Ailurus fulgens. 

Neither species, however, showed statistically significant higher mortality among 

inbred young.  

 

Nevertheless, studies on wild populations of large carnivores have shown that 

inbreeding depression could be problematic. Wildt et al. (1987) compared genetic 

diversity and sperm characteristics in three wild populations of lion and concluded 

that inbreeding brought about by small population size could seriously reduce 
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reproductive potential. The Florida panther population has been small and 

geographically isolated in southern Florida for several decades and as such is highly 

inbred. Male Florida panthers experience high levels of testicular and sperm 

abnormalities (Barone et al., 1994). Furthermore, Roelke et al. (1993) found that, due 

to the panther’s lack of genetic diversity, there was a lowering of disease resistance 

and that feline panleukopenia virus and other diseases could contribute to the 

extinction of the Florida panther.  

 

However, inbreeding depression is only likely to be a problem when a population 

remains small for a sustained period of time (Ballou, 1995a). Rapid population growth 

of a reintroduced population after establishment is unlikely to result in high levels of 

inbreeding (Ballou, 1995a). In order to minimise the risk of founder effects and 

inbreeding depression in a release population for a lynx reintroduction, it is desirable 

that genetic diversity among release animals is maximised (Miller et al., 1999).  

 

Although PVA software packages are available which allow the modelling of genetic 

stochasticity, the present study does not incorporate it. Data relating to the number of 

lethal equivalents for lynx populations are not available, and in their absence, any 

simulation could lead to significant error being introduced to the model. Certainly, 

Beissinger and Westphal (1998) suggested that PVA should avoid mixing “genetic 

and demographic currencies” as much as possible.  

 

6.4.6 Management implications 

 

It is difficult to know which survival rates a reintroduced Scottish lynx population is 

likely to experience. Therefore it is not possible to state with certainty the exact size a 

founder population of lynx should be. If it is accepted that founder populations 

consisting only of subadults (Scenario 7) or only of adults (Scenarios 8 and 12) are 

impractical and undesirable, then in order to have a 95% probability of persisting for 

the first 10 years after release, at least between 6 and 16 females should be released. 

When males are considered, a founder population of between 12 and 32 lynx is 

required. Fecundity rates are hard to control by wildlife managers, but greater 

influence can be brought to bear on survival rates. If survival rates of a founder 

population can be maximised by reducing potentially significant causes of mortality, 
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then a founder population size at the lower end of the spectrum may be sufficient to 

offer a strong likelihood of population persistence through the early years of a 

reintroduction programme. Wild caught lynx used for a reintroduction in the UK are 

likely to undergo an extensive quarantine process and close veterinary supervision. 

This will allow the animals to be treated against certain diseases and parasites, and 

will ensure that only healthy animals will make up the founder population. A leading 

cause of mortality among lynx is collision with road traffic (Schmidt-Posthaus et al., 

2002). The release site should contain as few major roads as possible in order to 

minimise the scope for this kind of mortality. Hunting and poaching are also leading 

causes of mortality (von Arx et al., 2004), and as well as ensuring that the lynx 

receive strict legal protection, the choice of release site should also consider the 

potential for conflict with humans. For example, a wooded landscape supporting low 

densities of free-ranging sheep would considerably reduce the likelihood of 

depredation of livestock, and thus lower the risk that lynx would be poached or need 

to be legally controlled. Furthermore, a release during the breeding season (February 

to March) will ensure males stay in the vicinity of females, and could result in 

immediate reproduction. However, given the uncertainty surrounding potential lynx 

mortalilty rates in the Scottish environment, the most sensible course of action would 

be to release 32 lynx of an equal sex ratio. This would maximise the probability of 

success, and even under quite high levels of mortality, the population is unlikely to 

become extinct.  

 

The MVP for a Eurasian lynx population varies from 100 to 400 adults and subadults, 

depending on the survival rates of the population. The analyses of habitat and prey in 

Chapters 4 and 5 determined that the Highland network of patches could support 

approximately 400 lynx, while the Southern Uplands network could support 

approximately 50 lynx. Even with pessimistic survival rates, the Highlands network 

of habitat patches is extensive enough, and carries sufficient prey, to support a MVP 

of approximately 400 lynx. With intermediate rates of survival, therefore, the 

Highlands could comfortably accommodate a viable lynx population. The southern 

Uplands habitat patch network, however, could not, by itself, sustain a MVP, even 

with optimistic survival rates. Once an isolated Southern Uplands lynx population has 

reached its carrying capacity of 50 lynx, it would run a risk of between 15.6% and 

64.4% of going extinct within 100 years. The results of the PVA, therefore, stress the 
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need for a flow of individuals along landscape corridors between lynx populations in 

the Southern Uplands and in the Highlands, in order that the Southern Uplands 

population is not isolated. 
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CHAPTER 7 
 
 
 
 
 
 
 

A PERSPECTIVE ON RESULTS  

AND FUTURE DIRECTIONS 
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7.1 Introduction 
 
That lynx existed during the Holocene in Britain, including Scotland, is beyond doubt. 

The available evidence strongly suggests that human processes led to their extinction 

within Britain, and so ethically at least, the lynx qualifies as a candidate for 

reintroduction. The declines in forest cover and wild ungulates, which are likely to 

have led to the demise of the lynx in Britain, have, to a great extent, been reversed. 

The reinstatement of forest cover and the recovery of deer populations mean that 

Scotland now has the potential to support a viable population of over 400 lynx. 

 

7.2 MVP and carrying capacity 

 
The MVP estimates for Scotland established in Chapter 6 of between 100 and 400 

lynx are considerably lower than the figure determined by Reed et al. (2003b). Using 

the VORTEX PVA software, they predicted for a 99% probability of persistence over 

40 generations (150-200 years), that more than 6500 Eurasian lynx are required. Their 

model, however, included both catastrophe and inbreeding depression, which this 

study does not. However this does not necessarily mean that a population size of 400 

lynx is doomed to extinction beyond the 100-year timescale covered by the model in 

Chapter 6. The frequency and intensity of catastrophes is likely to have been 

significantly overestimated for Eurasian lynx by Reed et al. (2003b). As Reed et al. 

(2004) recognised, the MVP required for a 50% probability of persistence is 

approximately an order of magnitude smaller, and examples do exist of small 

populations of carnivores living in isolation for many centuries without having gone 

extinct through stochastic processes, including catastrophe and inbreeding depression. 

While it is possible that the Bali tiger may have been genetically rescued by 

conspecifics swimming from nearby islands, this is very unlikely to have occurred in 

the case of the Iriomote cat Prionailurus bengalensis iriomotensis. This subspecies 

(considered by many to be a distinct species) occurs only on the 293 km2 island of 

Iriomote in the Ryuku chain, 200 km east of Taiwan, and is 20 km from the 

neighbouring island of Ishigaki. It appears that the population has lived in isolation 

for several thousand years and is currently thought to number less than 100 

individuals (Nowell & Jackson, 1996). 
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Extrapolating current trends in reafforestation would suggest that the carrying 

capacity for lynx in Britain is likely to increase in the future. The areas of potential 

habitat in Scotland identified in Chapter 4 were based on woodland data from 2002, 

and further afforestation has continued since then. It is likely that afforestation will 

continue into the future, with a greater emphasis on strategic afforestation, where the 

connectivity of woodland is maximised through the creation of stepping stone 

woodlands as part of Forest Habitat Networks. It is likely, therefore, that the amount 

of suitable habitat for lynx will continue to increase in the decades to come, not just in 

Scotland, but also in other parts of Britain.  

 

Potential prey for lynx certainly exists outside Scotland, with roe deer, fallow deer, 

muntjac Muntiacus reevesi, red deer, sika deer, and Chinese water deer Hydropotes 

inermis, occurring in many parts of England and Wales, and in several cases growing 

in number and expanding their range (Ward, 2005). This expansion in numbers is 

currently having deleterious ecological and economic effects, which are likely to 

intensify as populations grow (Putman & Moore, 1998; Fuller & Gill, 2001).  

 

As wildlife under- and over-passes continue to be implemented successfully on the 

transport network of continental Europe, it is feasible that such measures will be 

adopted strategically on major transport routes in Britain in the decades to come, thus 

permitting the existence of a much wider British lynx population. Given that lynx 

exist in European landscapes of high human population density, such as the Swiss 

Jura Mountains and the Harz Mountains of Germany, the high human population 

densities of other parts of Britain need not necessarily be a barrier to lynx. As more of 

the British countryside becomes suitable habitat for lynx, then the carrying capacity 

for the species is likely to increase. 

 

7.3 Potential donor populations 
 
7.3.1 IUCN Guidelines 

 

Where should lynx for a reintroduction to Scotland come from? Experience from 

previous reintroductions of lynx suggests that wild lynx, rather than captive-raised 
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animals, are more likely to lead to a successful reintroduction. Indeed, the IUCN 

Guidelines for Re-introductions (1998) urge the use of wild caught animals, in 

preference to those raised in captivity. The guidelines further state that: 

 

“…the source population should ideally be closely related genetically to the original 
native stock and show similar ecological characteristics…to the original sub-
population.”  
 
(IUCN, 1998: p6). 
 

And:  
 
“They should preferably be of the same subspecies or race as those which were 
extirpated, unless adequate numbers are not available.” 
 
(IUCN, 1998: p4). 

 

One reason for the stipulation about genetic relatedness to the original native stock is 

to ensure that the reintroduced stock will survive and reproduce successfully once 

translocated into the new environment. For example, a reintroduction of ibex in 

Czechoslovakia used disparate forms from Austria Capra ibex and Egypt Capra ibex 

nubiana, as well as closely-related Turkish wild goat Capra hircus aegagrus. The 

resultant hybrids gave birth to kids 3 months earlier than the original native stock in 

the middle of winter, and as a result, no kids survived (Stanley Price, 1989; cited in 

Seddon & Soorae, 1999). However, such pronounced differences in reproductive 

biology or morphology are not known between Eurasian lynx populations in Europe. 

There is a great deal of variation in coat colour and pattern amongst Eurasian lynx but 

this can occur within a single population and is not necessarily indicative of an 

adaptation to local conditions (Thüler, 2002). 

 

An argument that donor animals should be as close as possible to the original 

genotype, may be anachronistic if the environment has changed dramatically since the 

period of extirpation. The landscape of modern Scotland is not a landscape that has 

existed before. Most of the forest is very different in terms of structure and species 

composition from the native forest that the original British lynx would have been 

familiar with. The wild ungulate community has also changed, with smaller red deer 

grazing the forests alongside introduced, exotic species, while non-native rabbits are 
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now numerous and widespread. Commendable efforts to restore and expand semi-

natural native woodland will not result in habitats extensive enough to sustain a viable 

lynx population by themselves. Consequently, lynx reintroduction in Scotland should 

not be viewed as a step to re-create a long-lost, pre-Neolithic landscape. It is more 

realistic to consider lynx reintroduction as a way to bring missing ecological 

processes to modern, multiple-use forests, while at the same time, both increasing 

biodiversity in Scotland, and contributing to the conservation of the reintroduced 

species by creating a new population. Under this scenario, perhaps concerns about the 

genetic similarity of the reintroduced stock to the extirpated lynx population are less 

relevant than considerations about the size, genetic variability and predatory 

behaviour of the potential founder population. 

 
 

7.3.2. Subspecies of Eurasian lynx 

 

Von Arx et al. (2004), having compiled and interpreted the available morphological, 

biogeographical and genetic evidence, tentatively identified 9 subspecies of Eurasian 

lynx, 6 of which occurred only in Asia (Table 6.1). The 3 subspecies which occur in 

Europe are classified as the Northern lynx L. l. lynx, including the Fennoscandic, 

Baltic and Russian populations; the Carpathian lynx, L. l. carpathicus of the 

Carpathian Mountains of Poland, Slovakia and Romania, which has been used for 

reintroductions in the Vosges, Jura, Alps, Bohemia and Slovenia; and the Balkan lynx 

L. l. martinoi, which occurs in the south western Balkans. 

 

Subspecies Distribution 
L. l. lynx Northern Europe and western Siberia 
L. l. carpathicus Carpathians 
L. l. martinoi Balkans 
L. l. dinniki Caucasus, Turkey 
L. l. isabellinus Central Asia 
L. l. wardi Altai (Kazakhstan/Mongolia/Siberia) 
L. l. kozlovi Sajan (Mongolia/Siberia) 
L. l. wrangeli Eastern Siberia 
L. l. stroganovi Russian Far East, NE China, N. Korea 

 
Table 7.1. Subspecies of Eurasian lynx according to von Arx et al. (2004) 
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Currently, it is not known to which of these subspecies, if any, the lynx of Britain 

belonged, since, to date, no genetic work has been carried out on the bones of lynx 

found at British sites. As discussed in Chapter 2, it is possible that the subspecies in 

Britain may have been L. l. spelaeus, which is now considered to be totally extinct 

(von Arx et al., 2004). In this case, an alternative subspecies would have to be 

considered. A precedent for subspecific substitution in reintroduction programmes 

does exist, with the North African subspecies of ostrich Struthio camelus camelus 

currently under consideration for a reintroduction in Saudi Arabia after the native 

form S. c. syriacus had become extinct (Seddon & Soorae, 1999). There are however, 

several factors that have to be borne in mind when considering potential donor 

populations or subspecies, such as the conservation status (size), levels of genetic 

variation, and some aspects of predatory behaviour. 

 

7.3.3. Conservation status of potential donor populations 

 

The IUCN guidelines (1998) state that the removal of individuals for reintroduction 

must not endanger the wild source population, and that stock for a reintroduction 

should be guaranteed available on a regular and predictable basis. Ideally then, the 

source population for a lynx reintroduction should be a large, stable population. In 

Europe, the three Eurasian lynx subspecies are recognised as 9 distinct populations 

(von Arx et al., 2004). However most of these are small populations of less than 200 

individuals, which have resulted from reintroductions themselves and are still 

developing (e.g. the Alps, Jura, Bavaria/Bohemia, and Dinaric), or are declining and 

threatened (e.g. the Balkan population). Only three populations are large enough to 

sustain the loss of the 12 to 32 lynx identified in Chapter 6 as being required for a 

founder population: the Nordic population of around 2800 lynx; the Carpathian 

population of around 2800 lynx; and the Baltic population of around 2000 lynx (von 

Arx et al., 2004). On the basis of genetic differences, Hellborg et al. (2002) 

recommended that the lynx population of Norway and Sweden should be managed 

separately from the Finnish and Baltic populations. Splitting the Nordic population as 

identified by von Arx et al. (2004), means that the Norwegian/Swedish population 

numbers around 1900 while the Finnish population numbers around 900 animals 

(from von Arx et al., 2004) with more in neighbouring Russian Karelia. So when 

considering possible donor populations based on population size, there are four 
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candidates: Scandinavian (Norway and Sweden); Finnish/Karelian; Baltic (Lithuania, 

Latvia, Estonia, NE Poland, Belarus, NW Russia and N. Ukraine); and Carpathian (E. 

Czech Republic, Slovakia, S. Poland, N. Hungary, SW Ukraine and Romania). 

 

7.3.4. Genetic variability 

 

When considering the complexion of a founder population, a prime objective is to 

maximise heterozygosity, so as to avoid inbreeding. Hellborg et al. (2002) found by 

studying microsatellites and analysing mitochondrial DNA, that lynxes in Scandinavia 

(Norway and Sweden) were fixed for a single mtDNA haplotype, while the same 

haplotype and three additional haplotypes were seen in lynx from Finland and the 

Baltic states of Estonia and Latvia. They also found fewer alleles and lower 

heterozygosity in Norway and Sweden, suggesting that the lynx population of Norway 

and Sweden had been geographically isolated and gone through a bottleneck. The 

Scandinavian lynx gave an average value for heterozygosity of 0.51 for all loci, 

compared to 0.62 for Finland and 0.60 for Estonia and Latvia (Hellborg et al., 2002). 

It is thought that overhunting had reduced the population on the Scandinavian 

Peninsula to as few as 30-100 individuals in the early part of the twentieth century. 

The Finnish and Baltic lynx populations, although similarly affected by overhunting, 

were replenished by the large, neighbouring population in Russia. The study by 

Hellborg et al. (2002) indicates that there are comparatively low levels of genetic 

variability in the Norwegian and Swedish lynx populations.  

 

Breitenmoser-Würsten & Obexer-Ruff (2003) examined genetic variability in lynx 

populations across Europe and confirmed the low levels of genetic variation amongst 

the lynx of the Scandinavian Peninsula. Of the 6 autochthonous sub-populations 

examined, the Swedish and Norwegian samples displayed the lowest and second 

lowest levels of heterozygosity respectively, as well as the lowest and second lowest 

mean number of alleles per locus respectively. The Latvian, Estonian and Finnish 

samples displayed both the highest levels of heterozygosity and greatest numbers of 

alleles per locus. The Carpathian Mountains sample showed slightly higher 

heterozygosity, and a slightly greater mean number of alleles per locus, than the 

Norwegian sample.  

 



 

162  

If one of the major aims of choosing a founder population is to maximise genetic 

variability, then a founder population composed entirely of Norwegian and Swedish 

lynx should be avoided. Perhaps taking individuals from all four of the large lynx 

populations in Europe could offer an opportunity to increase genetic diversity in a 

founder population. The lynx reintroductions in the Harz Mountains and Kampinoski 

National Park came in for some stiff criticism amongst the scientific community, for 

using zoo-born lynx of differing subspecies. In particular, there was anxiety that, 

should the Kampinoski population expand sufficiently in numbers and area over time, 

then pure, autochthonous populations in the Carpathians and north-east Poland would 

mix with lynx of unknown genetic background (Okarma, 1996). However, given the 

total absence of autochthonous lynx populations on the island of Britain, this 

particular concern is irrelevant when discussing a Scottish reintroduction.  

 

Nevertheless, there is a risk, that by taking lynx from widely disparate populations, 

reduced fitness, known as outbreeding depression, could occur. Marshall & Spalton 

(2000) found both inbreeding and outbreeding depression acting on juvenile survival 

in a reintroduced population of Arabian oryx Oryx leucoryx in Oman. This population 

stemmed from a small number of founders, which came from a number of wild and 

captive sources, representing a number of genetically distinct races from across a 

large area of the Middle East. In each geographical area of the oryx’s historical range, 

genes may have adapted to interact best with each other and the local environment. 

Marshall & Spalton (2000) concluded that outbreeding depression may be more 

widespread in vertebrates than previously thought and that the combined action of 

both inbreeding and outbreeding depression could be a serious barrier to successful 

reintroduction of a species, particularly one with low fecundity. 

 

The Scandinavian lynx population is geographically linked to the Finnish/Karelian 

population, which is in turn connected to the Baltic population, so that gene flow 

between these populations is possible. Although the Carpathian population has been 

used as donor stock for successful reintroductions in the Vosges, Switzerland, 

Slovenia and Bohemia, it is geographically isolated, and has been since the nineteenth 

century. Furthermore, this population is a different subspecies from the more northern 

populations (Table 7.1), consequently, there may be a greater risk of outbreeding 
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depression if individuals from the contiguous northern populations were to mix with 

Carpathian lynx.  

 

7.3.5 Behavioural considerations 

 
The ideal for a Scottish lynx reintroduction is to restore a top predator which would 

prey on the abundant populations of wild ungulates but which will also cause the 

minimum negative impact to the local human population. However, there may be 

aspects of the behaviour of lynx within genetically suitable populations, which may 

not be compatible with the aims of a reintroduction of lynx in Scotland.  

 

As discussed in Chapter 3, many lynx in Norway, especially males, kill sheep (Odden 

et al., 2002). Despite the fact that deer densities in Scotland are considerably higher 

than in Norway, and that most sheep in Scotland are not grazed in forest, it would be 

undesirable to have a founder population consisting of lynx that exhibited sheep-

killing behaviour. Such a move is likely to lead to conflict with humans at an early 

stage of the reintroduction, which could be disastrous for both the public 

acceptability, and success, of the programme. 

 

Pulliainen et al. (1995) showed that due to the absence or scarcity of roe deer in 

Finland, lynx in south-western Finland hunted introduced white-tailed deer. However, 

in areas of eastern Finland where the white-tailed deer did not occur, then lynx fed 

predominantly on hares. Those lynx that depended on hares, and which did not hunt 

deer, tended to be in a poorer nutritional condition than the lynx that fed on the white-

tailed deer. While the range of the white-tailed deer has remained the same since the 

1980s, in recent years the roe deer has continued to spread in Finland, supported by 

translocations, and its range is expected to cover southern and western Finland within 

the next 10 years (I. Kojola, pers. comm.). Lynx in eastern Finland, however, 

currently do not have access to deer, and this is unlikely to change in the short to 

medium term.  

 

When considering lynx for a Scottish reintroduction, it would be undesirable to use 

lynx from areas where no deer exist, such as eastern Finland. These lynx would not be 

experienced deer hunters and in any case would likely be in a poorer condition than 
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lynx elsewhere. It is imperative that a founder population is able to expand quickly 

both in numbers and geographically. Poorer body condition may result in reduced 

fecundity, while inexperienced lynx may need time to adapt to hunting deer in 

Scotland, thus compromising the population’s ability to expand quickly. While lynx 

from eastern Finland may adapt quickly to hunting deer, with consequent benefits for 

lynx body condition, this is not guaranteed, and should not, therefore, be relied upon 

when considering a potential founder population. 

 

Taking into consideration the size and genetic diversity of lynx populations across 

Europe, as well as aspects of lynx feeding ecology and the risk of outbreeding 

depression, it appears that the lynx of south-western Finland, Estonia and Latvia are 

the most suitable stock for a founder population for a reintroduction of lynx in 

Scotland.  

 

 

7.4 The ecological implications of lynx reintroduction  
 

Some studies have shown that predators can limit populations of herbivores which, in 

the absence of predators, would reach high densities limited by food abundance, 

suggesting the existence of top-down control of prey populations. In Białowieża 

Forest on the Polish/Belarussian border, it was found that numbers, and rates of 

population growth, of roe deer were significantly affected by predation by lynx more 

so than by intra- or interspecific competition for food (Jedrzejewska et al., 1997). 

During the twentieth century, the roe deer population of Białowieża Forest underwent 

two eruptions of numbers, and both episodes coincided with the extermination of lynx 

by humans (Jedrzejewska et al., 1997). Although no studies clearly show roe deer 

population declines caused by lynx predation, at low and medium roe densities, it is 

possible that predation by lynx could have a severe limiting effect. In a very low 

density roe population in SE Norway of 0.5 km-2, lynx were responsible for the 

mortality of more than 50% of radio-collared deer (Linnell et al., 1996.). In 

Białowieża Forest, Poland where roe occurred at low densities of around 5 km-2, lynx 

predation accounted for 37% of mortality, a level thought to have a potentially 

significant impact on population density and dynamics of roe deer (Jedrzejewski et 
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al., 1993). However, in human-modified environments, ungulates can reach such high 

densities that predators may be unable to limit them, as their own densities are limited 

by social mechanisms, such as exclusive territoriality (Flueck, 2000). Therefore, in 

Scotland, with its high ungulate densities, would reintroduced lynx be able to impact 

on ungulate populations sufficiently to bring about a possible reduction in browsing 

pressure? In the Swiss Jura, reintroduced lynx annually removed only 4% of a roe 

population which occurred at high densities of over 20 km-2 (Liberek, 1992, cited in 

Aanes et al., 1998). This apparently insignificant rate of predation, however, belies 

the potentially large impact that reintroduced lynx can have on prey behaviour, which 

could in turn have significant ecological (and economic) consequences. This is best 

illustrated by observations of the reintroduced Eurasian lynx population in the Swiss 

Alps as it expanded during the 1980s.  

 

Haller (1992) studied the lynx as they colonised a region in western Switzerland. 

When the lynx moved into a new area, their favoured prey was roe deer, which were 

very easy to kill due to their lack of anti-predatory behaviour and their concentrated 

distribution around winter feeding stations. High kill rates resulted in a significant 

local decrease in the roe population. The lynx then turned their attention to the larger 

chamois which occurred in very high densities within a hunting sanctuary. Two lynx, 

a female and a male, fed almost exclusively on chamois for several years in 

concentrated areas of 7 km2 and 15 km2 respectively, where together they killed 130-

140 chamois annually. Although half of the chamois kills of the male lynx were 

animals over 10 years old, almost half of the chamois killed by the female lynx were 

fawns, which resulted in a sharp drop in chamois recruitment. The local chamois 

population decreased from around 800 to 300-400 in the first six years of lynx 

presence. In response to reduced numbers and increased anti-predator behaviour 

among ungulates, lynx expanded their ranges and began targeting both roe and 

chamois. 75% of the kills made by the male and female lynx at the colonising front 

were within a 8.5km2 area while the same proportion of kills made by two lynx in the 

established centre of the population were scattered over a 142km2 area (Breitenmoser 

& Haller, 1993).  

 

By the early 1990s, the impact of lynx on roe deer and chamois populations in the 

centre of lynx range was thought to be minor, with ungulate populations remaining 
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stable. Lynx were thought to be taking 6-9% of the local roe population and 2-3% of 

the chamois population (Breitenmoser & Haller, 1987). However a series of mild 

winters in the Swiss Alps in the early 1990s saw significant increases in the numbers 

of roe deer. This drew a numeric response from the lynx, so that the lynx population 

in the north western Alps study area grew from 10-15 resident animals in the 1980s to 

46-47 animals in the period 1997-1999 (Breitenmoser-Würsten et al., 2001). It is now 

thought that in the long term, the lynx population in the north-western Swiss Alps is 

likely to regulate the roe deer population through numeric and functional responses, 

although there are as yet not enough data to describe the function completely (U. 

Breitenmoser, pers. comm.). 

 

It is not clear if a reintroduced lynx population in Scotland could bring about 

significant deer population decreases at the national level. But, as in Switzerland, lynx 

may focus their predation on those areas which support the highest concentrations of 

wild ungulates, and could bring about a substantial reduction in localised deer 

densities by changing deer behaviour. Young conifer plantations under 15 years old 

can attract high densities of roe deer and are vulnerable to costly browsing damage 

(Staines & Ratcliffe, 1991), while thicket stage plantations often harbour high 

densities of sika deer whose bole-scoring, bark-stripping and browsing can have dire 

economic consequences (Youngson, 1997; Putman, 2000). It is quite feasible that 

lynx could focus their feeding on areas as compact as a young conifer plantation. One 

female lynx with kittens in the Swiss Jura mountains, spent several months in one 

area of windfall woodland, killing roe deer after roe deer, while a male lynx spent 

almost a year in 4 km2 of woodland on the edge of the city of Zürich, where it killed 

40-50 roe deer (U. Breitenmoser, pers. comm.). 

 

Prey selection by reintroduced lynx in Scotland could also impact on the population 

biology of deer by selectively targeting juveniles or females. Lynx are very selective 

when hunting larger ungulate species such as red deer, selecting hinds and especially 

calves, while ignoring stags (Okarma et al., 1997). In Scotland, red deer stags are 

most sought after by human hunters as trophies, while considerable time and 

resources are currently expended on the culling of hinds in an attempt to control 

populations. Future work could ascertain if the selective predation of lynx could 
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impact on woodland populations of red deer, particularly where roe are less 

numerous, as is often the case in western areas of Scotland (Latham et al., 1996).  

 

As well as allowing the growth of populations of large herbivores, the removal of 

large carnivores can often result in “mesopredator release”, a phenomenon resulting in 

changes in population size and behaviour of small and medium-sized carnivores 

(Terborgh et al., 1999). An overabundance of mesocarnivores can have an effect on 

the ecosystem by increasing predation levels on populations of smaller vertebrates, 

such as ground-nesting birds (Terborgh et al., 1999). When a large predator is 

restored to an environment, mesopredator release can be reversed and more natural 

processes restored. When wolves were reintroduced to Yellowstone National Park, 

USA, they quickly caused a reduction in both local densities and pack size of the 

smaller coyote Canis latrans, largely by direct killing (Crabtree & Sheldon, 1999; 

cited in Smith, Peterson & Houston, 2003).  

 

Intra-guild predation on other carnivores is commonplace across the range of the 

Eurasian lynx. Foxes are the carnivores most frequently killed by lynx, and in the 

Swiss Jura Mountains, 6% of 617 prey specimens killed by lynx were foxes (Jobin et 

al. 2000). In central Norway, unlike other animals killed by lynx, 37% of fox 

carcasses were left completely uneaten, suggesting that lynx killed foxes not just for 

food, but often to eliminate a competitor (Sunde et al., 1999). Pine martens were 

regularly recorded as lynx prey (Jedrzejewski et al., 1993; Linnell et al., 1998; Jobin 

et al., 2000; Sunde et al., 2000a), while other carnivores such as racoon dog 

Nyctereutes procyonoides (Pulliainen et al., 1995; Okarma et al., 1997), badger Meles 

meles (Jobin et al., 2000) and wildcat Felis sylvestris (Jobin et al., 2000) have been 

recorded very occasionally as lynx prey in Europe. 

 

A reintroduced lynx population may force mesocarnivores in Scotland, such as foxes 

and pine martens, to undergo changes in population and behaviour. This may have 

further consequences within the ecosystem, as higher densities of smaller carnivores 

can significantly impact on other species, such as the rapidly declining capercaillie. 

Indeed it has been found that culling foxes contributes to capercaillie conservation 

(Baines, Moss & Dugan, 2004). The risk posed to capercaillie by direct lynx 

predation, is small. In the taiga zone where ungulate densities are often low, and 
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where tetraonid grouse densities are high, species such as hazel grouse Bonasa 

bonasia, capercaillie and black grouse Tetrao tetrix, along with mountain hares, offer 

lynx an alternative to ungulates (Birkeland & Myrberget, 1980; Heptner & Sludskii, 

1992; Jedrzejewski et al., 1993; Pulliainen et al., 1995; Sunde & Kvam, 1997). 

However, in western and central Europe, where ungulates are relatively abundant, 

woodland grouse are unimportant to lynx. In the Swiss Alps, no grouse were recorded 

in 88 lynx prey items analysed after two and a half years of radiotelemetry 

(Breitenmoser & Haller, 1987). After a five-year radio-telemetry project in the Swiss 

Alps following 14 lynx, Breitenmoser & Haller (1993) found 1 black grouse from 179 

individual kills made by lynx. The study of 617 kills made by 29 radio-tracked lynx in 

the Swiss Jura mountains, where capercaillie densities are comparable to those of the 

Scottish Highlands (G. Segelbacher, pers. comm.), found only one capercaillie of the 

woodland grouse species in the ten years of the study, compared to 37 foxes (Jobin et 

al., 2000). If these discoveries accurately reflect lynx diet composition, then the loss 

to lynx of one capercaillie in 10 years suggests not only that capercaillie are very 

insignificant to lynx, but also that predation by lynx is very unlikely to be significant 

for the capercaillie population of the Jura Mountains. 

 

The full significance to the ecosystem of the reintroduction of a large carnivore to 

Scotland is unclear, as a result of the only partially understood and complex nature of 

large carnivore-ungulate and large carnivore-small carnivore relationships. But the 

reintroduction of the lynx to a landscape currently devoid of large carnivores would 

certainly offer a rare opportunity in Europe to monitor the effects of a reintroduction 

on wild ungulate populations. 

 

7.5 Human dimensions 

 
It is clear that attitudes towards wildlife, and carnivores in particular, have changed 

momentously in the past few decades, not just in Scotland and the UK, but throughout 

much of the developed world. Whereas large carnivores were once seen as wholly 

incompatible with human society, their populations are now conserved and enhanced 

for ethical and spiritual reasons and also for the potential ecological and economic 

advantages they can bring. In Scotland, where growing deer populations exist at high 
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densities and inflict significant costs on rural industries such as forestry, it may 

become increasingly desirable to restore a large carnivore population, such as the 

Eurasian lynx, in order to supplement the deer control activities carried out by human 

hunters. And with such a heavy reliance on tourism for the health of the Scottish 

economy, it is likely that a reintroduced lynx population would act as a significant 

wildlife tourism icon, particularly within the UK market. 

 

The indications are, that in the years to come, considerably fewer sheep will be grazed 

in the uplands, and that significantly more of farmers’ incomes, particularly those in 

the uplands, will be generated by agri-environmental subsidies where farmers are 

rewarded, not for producing a commodity per se, but rather for protecting and 

enhancing wildlife and landscapes. Environmentally sensitive agriculture is highly 

valued by the public, and it is perhaps they, through a CAP payment system funded 

by their tax money, and through their consumer habits and desire for recreation in the 

countryside, who will more and more determine the direction of farming in Scotland. 

The steadily increasing emphasis on environmental considerations in agriculture with 

the accompanying financial incentives, could feasibly permit the absorption of the 

costs of any depredation and damage prevention measures incurred by a lynx 

reintroduction programme, and allow for its incorporation into the Scottish rural 

economy.  

 

Although the industry is evolving to meet the new standards of the current economic, 

social and environmental climate, sheep husbandry is still today an important 

contributor to the Scottish rural economy, especially in upland areas. However, 

conflicts can arise between economic interests and the predatory behaviour of large 

carnivores, and this can be especially true in instances where the human population 

has to re-adjust to co-exist with large carnivores which have been absent from the 

landscape for many years. Although the scale or economic significance of any lynx 

depredation on livestock in Scotland is likely to be small, the way that the 

depredation, and the reintroduction in general, is perceived by sheep farmers is likely 

to be more significant. The example of the lynx reintroductions to Switzerland 

illustrates some of the potential problems of large carnivore reintroduction in the past, 

especially when the rural population was excluded from the decision-making process.  
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The reintroduction of lynx to Switzerland began in the early 1970s and releases 

occurred in the absence of any guidelines, monitoring and public involvement 

(Breitenmoser et al., 2001). The lack of public information and consultation in the 

early stages of the reintroduction in Switzerland, a country with strong democratic 

traditions, led to discontent among hunters and livestock breeders, who felt that they 

were voiceless and that the reintroduction was inflicted on them by conservationists, 

and supported by an urban majority, none of whom understood their rural way of life 

(U. Breitenmoser pers. comm.) Small decreases in game populations and minor 

livestock losses have inspired poaching of the lynx population which continues today, 

so that illegal killing is probably the biggest mortality factor in the reintroduced lynx 

populations, with much of it unrecorded (Breitenmoser, Breitenmoser-Würsten & 

Capt, 1998; Breitenmoser & Breitenmoser-Würsten, 2004). The reintroduction itself 

has so far been relatively successful, but with little geographical expansion in recent 

years, the long-term viability is by no means assured, and illegal killing is a serious 

threat to the success of the programme.  

 

When considering the reintroduction of lynx to Scotland, it is essential that human 

dimension research is carried out which involves the rural population by consulting 

them from the earliest stages. It is also vital that the general public, in particular rural 

groups such as hunters, gamekeepers and livestock rearers, have access to good 

quality information about the species in question. The human dimensional aspect to 

species restoration has evolved a great deal since the early 1970s, and much progress 

has been made. Today in Scotland it is not acceptable to reintroduce a species without 

prior public consultation. For example, the proposal by Scottish Natural Heritage, the 

government’s advisory body on nature conservation, for a closely-monitored, trial 

reintroduction of Eurasian beavers into a naturally-contained site in Argyll, has been 

the subject of widespread public consultation. Furthermore, opposition to the project 

by a small number of individuals has resulted in requests for more information by 

Scottish Executive ministers.  

 

Although much-criticised for biological and technical aspects of the project (see 

Section 1.3.12), the lynx reintroduction in the Harz Mountains does illustrate how 

extensive human dimension work, in this case, prolonged discussions with hunting 

groups, can do much to reduce suspicion and promote better understanding of the 
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species. However, any lynx reintroduction project in Scotland should strive for high 

standards in biological, technical and human dimensional aspects, if it is to 

successfully restore the species and create a viable population, without alienating 

those who live in, and make a living from, rural areas. 

 

7.6 Implications of the research  

Apart from a small number of exceptions, such as the reintroductions of Eurasian 

beavers to Denmark, Spain and the Czech Republic (Halley & Rosell, 2003), the 

overwhelming majority of reintroduction programmes have involved a time lag 

between extirpation and reintroduction of less than 200 years (e.g. Mech, 1996; 

Breitenmoser, 1998; Baker et al., 2001; Larkin et al., 2001; O’Toole, Fielding & 

Haworth, 2002; Halley & Rosell, 2003). All of the reintroduced lynx populations in 

Europe, with the possible exception of that at Kampinoski in Poland, have been 

restored to landscapes that lost the species during the 19th or 20th centuries.  

 

In sharp contrast, the present study examined the feasibility of reintroducing the 

Eurasian lynx to a landscape from which it has been absent for several centuries. 

However, such a long time lag, and the consequent lack of data pertaining to the 

native population in the environment in question, need not be a barrier to considering 

the feasibility of a species’ reintroduction, especially in situations when the original 

extirpation processes are no longer operating, as is the case with Eurasian lynx in 

Scotland.   

 

The structure and scope of this thesis could be used as a blueprint for studies that seek 

to examine the feasibility of reintroducing species to environments after an ancient 

extirpation. The approach taken during the present study has been multi-disciplinary. 

An historical analysis, employing in this case palaeontology, etymology and 

linguistics, is essential for establishing the species’ former occurrence and the reasons 

for its local extinction. Modern geographical and biological techniques such as GIS 

and Population Viability Analysis can then be applied to determine if a modern 

environment could once more support a viable population by interpreting and 

applying data from other regions, in this case, available habitat, prey and population 

data gathered by experienced lynx biologists in other European countries.  
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Having investigated these aspects, the two main conclusions of this research are 

firstly that, considering the apparent availability of both its habitat and prey, the 

Eurasian lynx could be restored to Scotland. Secondly, having cast fresh light on the 

involvement of humans in the species’ extinction in Britain, it could be argued from 

an ethical standpoint that the Eurasian lynx should be restored to Scotland.  

 

However, despite the presence of suitable ecological conditions in modern Scotland, 

reintroduction of lynx will only succeed in the long-term if the human population is 

closely involved and is willing to co-exist with them.  
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Scenario C  Scenario D 

Connection Cost  Connection Cost 
L1-L2 808 L1-L2 (Br.) 197 
L1-L2 (Br.) 862 L1-L2  429 
L1-L4 364 L1-L4 357 
L1-M2 139 L1-M1 93 
L1-M3 9 L1-M8 120 
L1-M8 120 L1-M10 613 
L1-M11 613 L1-M13 133 
L1-M13 97 L1-M14 78 
L1-M14 169 L1-M18 5 
L1-M19 34 L1-S1 741 
L1-S1 24 L2-L4 379 
L1-S3 741 L2-M4 453 
L2-M3 644 L2-M9 2743 
L2-M10 2744 L2-M16 408 
L2-M16 487 L2-M17 95 
L2-M17 711 L3-L5 120 
L2-M18 671 L3-M5 64 
L2-M20 113 L3-M11 172 
L2-S4 10 L3-M15 120 
L3-L5 120 L4-M1 144 
L3-M5 171 L5-M3 20 
L3-M15 120 L5-M15 115 
L4-M2 156 M2-M12 22 
L4-S4 379 M2-M14 239 
L5-M4 20 M3-M6 1037 
L5-M15 129 M6-M9 1221 
M1-M12 22 M6-M11 826 
M1-M13 261 M6-M17 1027 
M6-M4 1053 M7-S2 95 
M6-M20 1027 M7-S3 646 
M6-S2 879 M7-S4 260 
M7-M17 14 M7-S5 614 
M9-M14 1402 M9-M11 101 
M9-S5 667 M10-S1 436 
M9-S6 294 M13-S5 585 
M10-S2 189  
M11-S3 436  
 

Appendix 1. Least cost path values for Scenarios C and D. Patch names are not 
comparable between the two scenarios, as a result of differences in habitat patch 
formation. Please refer to Figures 4.4 and 4.5 for guidance. 
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